University of Wollongong

Research Online
University of Wollongong Thesis Collection

University of Wollongong Thesis Collections

2014

Native community responses to alien grass
invasion: role of landscape and native plant
functional traits in mediating invader impacts
Ben William Gooden
University of Wollongong

Research Online is the open access institutional repository for the
University of Wollongong. For further information contact the UOW
Library: research-pubs@uow.edu.au

NATIVE COMMUNITY RESPONSES TO ALIEN GRASS
INVASION:
ROLE OF LANDSCAPE AND NATIVE PLANT FUNCTIONAL
TRAITS IN MEDIATING INVADER IMPACTS

A thesis submitted in fulfilment of the requirements for the award of the degree
DOCTOR OF PHILOSOPHY
From
UNIVERSITY OF WOLLONGONG
By
Ben William Gooden BScAdv (Hons)

SCHOOL OF BIOLOGICAL SCIENCES
July 2014

CERTIFICATION
I, Ben William Gooden, declare that this thesis, submitted in partial fulfilment of
the requirements for the award of Doctor of Philosophy, in the School of Biological
Sciences, University of Wollongong, is wholly my own work unless otherwise
referenced or acknowledged. The document has not been submitted for qualifications at
any other academic institution.

Ben William Gooden

28th July 2014

i

STATEMENT OF CANDIDATE CONTRIBUTION
The four data chapters (i.e. Chapters 2, 3, 4 & 5) presented in this thesis have been
prepared as manuscripts in collaboration with my supervisers Kristine French and
Sharon Robinson. These chapters have been written as the following journal articles:


Chapter 2 – Gooden, B. & French, K. (2014) Non-interactive effects of plant
invasion and landscape modification on native communities. Diversity and
Distributions, 9, 626-639.



Chapter 3 – Gooden, B. & French, K. (2014) Impacts of alien grass invasion in
coastal seed banks vary amongst native growth forms and dispersal strategies.
Biological Conservation, 171, 114–126.



Chapter 4 – Gooden, B., French, K. & Robinson, S. A. (2014) Alien grass
disrupts reproduction and post-settlement recruitment of co-occurring native
vegetation: a mechanism for diversity decline in invaded forest? Plant Ecology,
215, 567-580.



Chapter 5 – Gooden, B. & French, K. (in press) Impacts of alien plant invasion
on native plant communities are mediated by functional identity of resident
species, not resource availability. Oikos 10.1111/oik.01724

As the primary supervisor, I, Professor Kristine French, declare that the greater part
of the work in each article listed is attributed to the candidate, Ben William Gooden. In
each of the above manuscripts, Ben led conceptual development, study design and was
primarily responsible for data collection, data analysis and data interpretation. The first
draft of each manuscript was writtenby the candidate and Ben was then responsible for
responding to the editing suggestions of his co-authors. The co-authors, Professor Kris
French and Professor Sharon Robinson, were responsible for assisting with study
design, interpreting data and editing the manuscripts where necessary. Ben has been
solely responsible for submitting each manuscript for publication to the relevant
journals, and he has been in charge of responding to reviewers’ comments.

Ben William Gooden
PhD Candidate

Professor Kristine French
Principal Supervisor

28 July 2014

28 July 2014

ii

PUBLICATIONS & PRESENTATIONS
In addition to the published manuscripts listed above, during the course of my
PhD I have published one book chapter, two journal articles and presented data from
this thesis at national and international conferences. I also facilitated three workshops
and was invited to deliver a talk on invasive plant ecology and management at an
international meeting on bridging theory and practice in weed research. A summary of
this acitivity is provided below.
Publications
French, K., Gooden, B. & Mason, T. J. (2014) Invasion by woody shrubs and trees. In
Prins, H. and Gordon, I. (Eds) When Continents Collide: Biological
Invasions and Ecosystem Theory. Cambridge University Press, UK.
Gooden, B., French, K., Turner, P. & Downey, P. O. (2009) Impact threshold for an
alien plant invader, Lantana camara L., on native plant communities.
Biological Conservation 142, 2631–2641
Gooden, B., French, K., & Turner, P. 2009. Invasion and management of a woody plant,
Lantana camara L., alters vegetation diversity within wet sclerophyll forest
in southeastern Australia. Forest Ecology and Management 257, 960–967
Conference presentations
Gooden, B. & French, K. (2013) Does alien grass invasion affect recruitment dynamics
and reproduction of resident native plants? EcoTas13 – 5th joint conference
of the Ecological Society of Australia and the New Zealand Ecological
Society.
Gooden, B. & French, K. (2012) Alien turfgrass impacts on coastal seed banks:
implications for community resilience. Ecological Society of Australia
Conference, Melbourne.
Gooden, B. & French, K. (2011) Impacts of an exotic grass on native coastal plant
communities. Ecological Society of Australia Conference, Hobart.
Gooden, B. & French, K. (2011) Impacts of an alien grass on native coastal plant
communities. International Congress for Conservation Biology, Auckland.
Gooden, B. (2011) Impacts of an alien grass in an endangered coastal forest.
Postgraduate Student Conference, University of Wollongong.

iii

Gooden, B. & French, K. (2010) Classical Braun-Blanquet cover-abundance index:
assessing its utility in plant surveys. Ecological Society of Australia
Conference, Canberra.
Gooden, B., French, K., Turner, P. & Downey, P. O. (2010). Invader impact thresholds
on native plant communities. Ecological Society of Australia Conference,
Canberra.
Gooden, B. (2010) Impacts of alien grasses on native communities: a search for patterns
and mechanisms. Postgraduate Student Conference, University of
Wollongong.
Gooden, B., French, K., Turner, P. & Downey, P. O. (2007) Verifying native plant
species at risk from lantana. The 14th Biennial NSW Weeds Conference,
Wollongong.
Invited presentations
Gooden, B. & French, K. (2013) Invasion and management of weeds in Australia:
emergent ecological knowledge and future research needs. Living with,
living without weeds: bridging theory and practice, Australian Centre for
Cultural Environmental Research, Wollongong.
Facilitated workshops
Gruber, M. & Gooden, B. (2013) Invasive species in a changing world: are we asking
the right questions? EcoTas13 – 5th joint conference of the Ecological
Society of Australia and the New Zealand Ecological Society.
Gooden, B. & Cherry, H. (2012) Ecological Management of Invasive Species: Bridging
theory and practice. Ecological Society of Australia Conference, Melbourne.
Gooden, B. & Cherry, H. (2012) Ecology of Invasive Species Management – bridging
the gap between research and practice. 18th Australasian Weeds
Conference, Melbourne.

Herbarium collection
As part of my research, I also collected, identified, preserved and catalogued
over 600 plant specimens, which I am in the process of lodging as voucher specimens at
the Janet Cosh Herbarium, University of Wollongong.

iv

TABLE OF CONTENTS

CERTIFICATION ........................................................................................................... i
STATEMENT OF CANDIDATE CONTRIBUTION ................................................. ii
PUBLICATIONS & PRESENTATIONS ....................................................................iii
TABLE OF CONTENTS................................................................................................ v
LIST OF TABLES ......................................................................................................... ix
LIST OF FIGURES ..................................................................................................... xiv
LIST OF APPENDICES ............................................................................................. xix
ABSTRACT .................................................................................................................. xxi
ACKNOWLEDGEMENTS ........................................................................................ xxv
Chapter 1: GENERAL INTRODUCTION .................................................................. 1
1.1. Alien plant invaders as agents of global environmental change ........................................ 1
1.1.1. Mechanistic definitions of alien plant invasion .......................................................... 4
1.1.2. Drivers of alien plant invasion .................................................................................... 6
1.2. Impacts of alien plant invasion on native plant communities: patterns and mechanisms 14
1.2.1. Impacts on genetic diversity, populations and recruitment dynamics of native plants
............................................................................................................................................ 15
1.2.2. Impacts on community diversity, composition and ecosystem processes ................ 18
1.2.3. Mediators of invasive plant impacts on native communities .................................... 20
1.2.4. Global research limitations and future focus ............................................................ 22
1.3. Thesis outline ................................................................................................................... 23
1.3.1. Model species: Stenotaphrum secundatum (Walter) Kuntze .................................... 24
1.3.2. Model system: Swamp oak floodplain forest ............................................................ 27
1.3.3. Thesis structure ......................................................................................................... 30

Chapter 2: NON-INTERACTIVE EFFECTS OF PLANT INVASION AND
LANDSCAPE MODIFICATION ON NATIVE COMMUNITIES ......................... 33
2.1. Introduction ...................................................................................................................... 33
2.2. Methods............................................................................................................................ 36
2.2.1. Study area and habitat ............................................................................................... 36
2.2.2. Site selection ............................................................................................................. 37
2.2.3. Vegetation surveys .................................................................................................... 39
2.2.4. Community and landscape-scale sampling ............................................................... 41
2.2.5. Data analysis ............................................................................................................. 42
v

2.3. Results .............................................................................................................................. 44
2.3.1. General linear models ................................................................................................ 44
2.3.2. Models of community compositions ......................................................................... 51
2.4. Discussion......................................................................................................................... 55
2.4.1. Invasion and community change ............................................................................... 55
2.4.2. Litter: a mechanism by which invasion drives community change? ......................... 58
2.4.3. Non-interactive effects of invasion and anthropogenic landscape modification ....... 58
2.5. Acknowledgements .......................................................................................................... 60

Chapter 3: IMPACTS OF ALIEN GRASS INVASION IN COASTAL SEED
BANKS VARY AMONGST NATIVE GROWTH FORMS AND DISPERSAL
STRATEGIES ............................................................................................................... 61
3.1. Introduction ...................................................................................................................... 61
3.2. Methods ............................................................................................................................ 65
3.2.1. Study area and habitat................................................................................................ 65
3.2.2. Sampling and seedling emergence ............................................................................ 66
3.2.3. Functional groups ...................................................................................................... 68
3.2.4. Data analysis .............................................................................................................. 69
3.3. Results .............................................................................................................................. 72
3.3.1. Compositional similarities between native standing vegetation and seed bank ........ 72
3.3.2. Impacts of invasion on the native seed bank ............................................................. 74
3.3.3. Functional effects of S. secundatum invasion on the native seed bank ..................... 81
3.3.4. Alien species and potential for secondary invasion ................................................... 84
3.4. Discussion......................................................................................................................... 87
3.4.1. Impacts of invasion on the seed bank: is the community propagule or recruitment
limited? ................................................................................................................................ 87
3.4.2. No effect of alien litter on the seed bank ................................................................... 88
3.4.3. Do impacts on seed bank diversity vary across growth forms and dispersal
strategies? ............................................................................................................................ 89
3.4.4. What is the potential for unassisted community regeneration from the seed bank
following invader management? ......................................................................................... 91
3.5. Acknowledgements .......................................................................................................... 93

Chapter 4: ALIEN GRASS DISRUPTS REPRODUCTION AND POSTSETTLEMENT RECRUITMENT OF CO-OCCURRING NATIVE PLANTS: A
MECHANISM FOR DIVERSITY DECLINE IN INVADED FOREST? ............... 95
4.1. Introduction ...................................................................................................................... 95
4.2. Methods ............................................................................................................................ 98
4.2.1. Study area and habitat................................................................................................ 98
vi

4.2.2. Description of focal species ...................................................................................... 98
4.2.3. Assessment of species’ frequency of occurence and abundance in the standing
vegetation .......................................................................................................................... 103
4.2.4. Seed bank sampling ................................................................................................ 103
4.2.5. Measurement of species’ size and reproduction ..................................................... 105
4.2.6. Data analysis ........................................................................................................... 107
4.3. Results ............................................................................................................................ 108
4.3.1. Impacts on species’ representation in standing vegetation ..................................... 108
4.3.2. Impacts on species’ representation in seed bank..................................................... 109
4.3.3. Impacts on species’ biomass and reproduction ....................................................... 110
4.4. Discussion ...................................................................................................................... 112
4.4.1. Impacts on reproduction.......................................................................................... 116
4.4.2. Impacts on seed banks: are populations propagule or recruitment limited? ........... 118
4.4.3. Conclusions and research directions ....................................................................... 119
4.5. Acknowledgements ........................................................................................................ 120

Chapter 5: IMPACTS OF ALIEN PLANT INVASION ON NATIVE PLANT
COMMUNITIES ARE MEDIATED BY FUNCTIONAL IDENTITY OF
RESIDENT SPECIES, NOT RESOURCE AVAILABILITY ................................ 121
5.1. Introduction .................................................................................................................... 121
5.2. Methods.......................................................................................................................... 125
5.2.1. Mesocosm construction........................................................................................... 125
5.2.2. Assembly of mesocosm plant communities ............................................................ 126
5.2.3. Experimental design ................................................................................................ 127
5.2.4. Sampling of biotic variables ................................................................................... 129
5.2.5. Species reproduction and morphology .................................................................... 130
5.2.7. Data analysis ........................................................................................................... 131
5.3. Results ............................................................................................................................ 135
5.3.1. Community responses ............................................................................................. 135
5.3.2. Functional group responses ..................................................................................... 140
5.3.3. Individual species responses ................................................................................... 140
5.3.4. Abiotic responses .................................................................................................... 141
5.4. Discussion ...................................................................................................................... 143
5.4.1. No effects of invasion and nutrient enrichment on community composition and
diversity ............................................................................................................................ 143
5.4.2. Functional identity moderates impacts of invasion and nutrient enrichment on
community productivity .................................................................................................... 146
vii

5.4.3. Management implications........................................................................................ 148
5.5. Acknowledgements ........................................................................................................ 150

Chapter 6: GENERAL DISCUSSION ...................................................................... 151
6.1. Research framework ....................................................................................................... 151
6.2. Are invasive plant impacts mediated by landscape context and/or native plant functional
attribute? ................................................................................................................................ 152
6.3. Recruitment limitation as a mechanism of invader impacts ........................................... 155
6.4. Future research priorities ................................................................................................ 156
6.5. Conclusion ...................................................................................................................... 157

REFERENCES ............................................................................................................ 159
APPENDICES ............................................................................................................. 196

viii

LIST OF TABLES

Table 2.1. Description of disturbance, environmental and spatial predictor variables
used to construct general linear models of alien and native species richness and
cover abundance in coastal swamp forest invaded by the alien turf grass
Stenotaphrum secundatum……………………………………………...………..42
Table 2.2. Results of t-tests showing the variation in disturbance, environmental and
spatial variables between native (n = 31) and invaded (n = 32) swamp forest
sites………………………….................................................................................48
Table 2.3. Results of general linear models for native species richness (both full model
and with the outlier site ‘Corrimal invaded’ removed) and percentage vegetation
cover abundance, and alien species richness in coastal swamp forest invaded by
the alien turf grass S. secundatum. Values in bold indicate statistical significance.
Models presented provide the ‘best fit’ for each response variable based on the
backwards step-wise elimination procedure, where the elimination of predictors at
each step was verified using the Akaike Information Criterion
(AIC)…………………..........................................................................................49
Table 2.4. Results of Poisson regression for seedling density of native tree and shrub
species in coastal swamp forest invaded by the alien turf grass S. secundatum.
Values in bold indicate statistical significance. The model presented provides the
‘best fit’ for the response variable based on the backwards step-wise elimination
procedure, where the elimination of predictors at each step was verified using the
Akaike Information Criterion
(AIC)………………………………………………..............................................52

ix

Table 2.5. Results of one-way permutational multivariate analyses of variance
(PERMANOVA) testing the effects of S. secundatum invasion on the composition
of native and alien plant species assemblages in coastal swamp forest. Analyses
used cover abundance and presence/absence data for both native and alien
assemblages. Values in bold are statistically significant………………………...54
Table 2.6. Summary of similarity percentage analyses (SIMPER) showing cumulative
contributions (up to 90%) of different native species to compositional
dissimilarities between native and invaded swamp forest sites. Data are the
average percentage foliage cover and average number of sites occupied (i.e.
presence/absence) per species amongst replicate 4 m2 sites within each invasion
category. Summaries of Kruskal-Wallis tests are presented for those species
contributing ≥ 5% to compositional differences. Values in bold indicate statistical
significance for Kruskal-Wallis tests………………………….…………………55
Table 3.1. Results of two-way ANOVA for native species richness in response to S.
secundatum invasion (two treatment levels: invaded vs. non-invaded habitats) and
sample type (two treatment levels: standing vegetation vs. seed bank). Bold Pvalues denote significant effects…………………………………………………74
Table 3.2. Summary of SIMPER analysis, showing the cumulative contributions (up to
50%) of native species to the average dissimilarity between the standing
vegetation and seed bank assemblages…………………………………………78
Table 3.3. Results of general linear models of richness and density of native germinants
in the litter, soil and total (litter and soil combined) seed banks in coastal swamp
forest invaded by the alien turf grass S. secundatum. Values in bold indicate
significant effects………………………………………………………………80

x

Table 3.4. Summary of SIMPER analyses, showing the cumulative contributions (up to
50%) of native species within the seed bank to the average dissimilarity between
S. secundatum invaded and non-invaded sites, based on germinant densities and
species presence/absence………………………………………………………...81
Table 3.5. Results of general linear models for native germinant richness within herb,
woody and graminoid growth forms and seven dispersal strategies in seed banks
of coastal forest invaded by the alien turf grass S. secundatum. Note that results
for Poisson regressions are presented for richness of woody and exozoochorous
species. Values in bold indicate significant effects………………………………85
Table 3.6. Results of two-way ANOVA for alien species richness in response to S.
secundatum invasion (two treatment levels: invaded vs. non-invaded habitats) and
sample type (two treatment levels: standing vegetation vs. seed bank). Bold Pvalues denote significant effects…………………………………………………86
Table 3.7. Results of general linear models for richness and density of alien germinants
in the litter, soil and total (litter and soil combined) seed banks in coastal swamp
forest invaded by the alien turf grass S. secundatum. Values in bold indicate
significance effects…………...……...……...……………………………………88
Table 4.1. Morphological, taxonomic and reproductive characteristics of the study
species, including the number and location of sites from which samples were
gathered………...……………………………………………………………….102
Table 4.2. Summary of morphological and reproductive traits (response variables)
measured for each species…………………………………...………………….110

xi

Table 4.3. Summary of results for differences in species occurrence (binomial
generalised linear models) and abundance (Kruskal-Wallis tests) within the
standing vegetation and seed bank between S. secundatum-invaded and noninvaded habitats. Analyses on abundance in the standing vegetation (% foliage
cover) and seed bank (number of germinants per site) were done using data only
from sites where each species was present. Bold indicates statistical
significance………………………………………....……………………..……111
Table 4.4. Summary of general linear mixed models of effects of S. secundatum on
plant (Tetragonia tetragonioides, Baumea juncea and Juncus kraussii)
morphological and reproductive attributes. Bold denotes statistical
significance…………………………...…………...……………………………114
Table 5.1. Pool of native runner, tufted and woody plant species typical of coastal
vegetation used to construct mesocosm communities. Values are the percentage of
mesocosm plots within which each species was present and alive at the conclusion
of the experiment and the mean (± SE) species g biomass per plot at the
conclusion of the experiment………...…………………...……….………...….135
Table 5.2. Results of two-way PERMANOVAs for effects of Stenotaphrum invasion
and nutrient enrichment on community composition both before Stenotaphrum
was introduced to plots and at the conclusion of the experiment (n = 8)….…....137
Table 5.3. Results of two-way ANOVAs for effects of Stenotaphrum secundatum
invasion and nutrient addition on total shoot biomass, native shoot biomass and
growth form biomass (n = 8). Statistically significant (P < 0.05) values are in
bold…………...……...………...……...………………...………………………139

xii

Table 5.4. Results of two-way ANOVAs for effects of Stenotaphrum secundatum
invasion and nutrient addition on root biomass and root to shoot ratio (n = 6).
Statistically significant values are in bold….……….….…….....…….…….…..142
Table 5.5. Results of two-way ANOVAs for effects of Stenotaphrum secundatum
invasion and nutrient addition on above-ground biomass and reproductive output
and effort for six focal species…………...…....……………….………...……..144
Table 5.6. Results of two-way ANOVAs for effects of Stenotaphrum secundatum
invasion and nutrient enrichment on the specific leaf area (cm2. g dry leaf mass-1)
of Viola hederacea and Dichondra repens…………...…………...…...……….145
Table 5.7. Results of two-way repeated measures ANOVAs for effects of Stenotaphrum
invasion and soil temperature, light penetration to soil and bare ground cover.
Statistically significant values are in bold………………...………...…………..151

xiii

LIST OF FIGURES

Figure 1.1. Generalised schematic representation of the invasion pathway, depicting
barriers to progression between each key stage of proliferation……...…………..6
Figure 1.2. A generalised framework of drivers of alien plant invasion in the novel
range………………………………...………………………......….……………11
Figure 1.3. Conceptual framework for impacts of alien plant species on native plants at
four scales of biological diversity (boxes): genes, populations of species,
communities of plant species and ecosystems. Dot-points within boxes indicate
the mechanisms of change/impact for each level of diversity. The large circle
denotes the holistic nature of biodiversity within the context of landscape
attributes and site history. The main attributes of landscape context which
facilitate invasion and/or mediate the impacts of invaders on native species are
listed outside this circle…………….………………………………………...…..15
Figure 1.4. Causal loop diagram of feedback mechanisms driving alien plant invasion
and impacts on native plant communities. Impacts can be either direct (e.g.
competitive inhibition of native plant germination and establishment) or indirect
(e.g. modification of fire regimes or pollinator
services)…………………………………………………………………...……...18
Figure 1.5. Photographic examples of (a, b) inflorescence and infructescence of
Stenotaphrum secundatum; (c) lateral spread of adventitious stolons of
Stenotaphrum secundatum into non-invaded vegetation along the edge of an
established infestation; (d) forest understory dominated by the invasive turfforming grass Stenotaphrum secundatum………………………...……...………25
Figure 1.6. Distribution of Stenotaphrum secundatum in Australia……….…...….…..27
xiv

Figure 1.7. Photographic examples of (a) Swamp oak floodplain forest and (b) diverse
ground layer vegetation typical of Swamp oak floodplain forest (Kioloa, New
South Wales, 2011)……….………………………………...……………………29
Figure 2.1. Schematic diagram depicting the allocation of Stenotaphrum secundatuminvaded sites across a gradient of anthropogenic landscape modification (i.e.
urbanisation and agriculture). Percentages are the cover abundances of
anthropogenic land in a circular plot (500 m radius) surrounding each 20 × 20 m
invaded site. Geographic positions of sites are given as latitudes and longitudes
beside each plot.……………………………………………….…………...…….40
Figure 2.2. Average (± SE) (a) leaf litter volume (m3) and (b) total (native + S.
secundatum) litter biomass (kg.m-2) in native (n = 31) and invaded (n = 32)
coastal swamp forest patches. Note the differences in y-axis units between figure
plates…………………...………...…………...………………………………….47
Figure 2.3. Average (± SE) native (a) species richness and (b) vegetation cover in
native (n = 31) and invaded (n = 32) coastal swamp forest patches. Note the
differences in y-axis units between figure
plates……………………………………………………….………………….....51
Figure 2.4. Relationship between native species richness in coastal swamp forest
patches (number of species/4 m2) and anthropogenic land use cover (%) of the
surrounding landscape matrix across native (n = 31) and invaded (n = 32) sites.
Solid and dotted trend lines indicate relationships between native richness and
anthropogenic landscape modification with and without the outlier site ‘Corrimal
invaded’ (circled)………………………………...………………………...…….51
Figure 2.5. Average (± SE) density of native tree and shrub seedlings in native (n = 31)
and invaded (n = 32) coastal swamp forest patches…………...…………………53
xv

Figure 3.1. Non-metric multidimensional scaling (nMDS) ordination of native species
presence/absence within the standing vegetation (n = 46, coloured circles) and
seed bank (n = 52, clear circles). Points closer together in ordination space
indicate relatively more similar species assemblages based on Bray-Curtis indices
of dissimilarity (2D stress: 0.18)……..………...…………......….........………....75
Figure 3.2. Average (± SE) differences in germinant density and richness of native
species within litter, soil and total (litter and soil combined) seed banks between
S. secundatum invaded (n = 26) and non-invaded (n = 26) coastal swamp forest
habitats. Note the differences in y-axis units and ranges between figure plates.
Asterisks denote significantly different means based on GLMs….......……….....79
Figure 3.3. Differences in average (± SE) seed bank germinant richness between S.
secundatum invaded (n = 26) and non-invaded (n = 26) coastal swamp forest
habitats for species with (a) short and (b-g) long distance dispersal strategies and
(h-j) different growth forms. Asterisks denote significantly different means based
on GLMs…………………………………...…………………...……...…...……84
Figure 3.4. Average (± SE) differences in germinant density and richness of alien
species within litter, soil and total (litter and soil combined) seed banks between
S. secundatum invaded (n = 26) and non-invaded (n = 26) coastal swamp forest
habitats. Note the differences in y-axis units and ranges between figure plates.
Asterisks denote significantly different means based on GLMs…...…..............87

xvi

Figure 4.1. Photographic examples of arrangements of reproductive structures for (a-b)
Juncus kraussii, (c) Baumea juncea and (d-e) Tetragonia tetragonioides: (a)
section of a highly fecund J. kraussii infructescence with 7 clusters of fruiting
capsules, each bearing multiple seeds; (b) section of a J. kraussii infructescence
with 5 clusters of mainly unfertilised or aborted flowers; (c) B. juncea
infructescence bearing 5 unfertilised or aborted floral spikelets and 2 seeds; (d)
axial position of solitary fruit on T. tetragonioides stem and (e) transverse section
of T. tetragonioides fruit with 6 seeds……………………………………...…..104
Figure 4.2. Mean (± SE) (a) plant biomass, (b – d) reproduction and (e) specific leaf
area for Tetragonia tetragonioides in non-invaded and S. secundatum-invaded
plots (n = 15). Note differences in y-axis units between figure plates. Asterisks
denote significantly different means……………………………………...….....115
Figure 4.3. Mean (± SE) (a) plant biomass and (b – h) reproduction for B. juncea in
non-invaded and S. secundatum-invaded plots (n = 18). Note differences in y-axis
units between figure plates. Asterisks denote significantly different means.......116
Figure 4.4. Mean (± SE) (a) plant biomass (n = 27) and (b – f) reproduction (n = 25) for
Juncus kraussii in non-invaded and S. secundatum-invaded plots. Note differences
in y-axis units between figure plates. Asterisks denote significantly different
means……………………………………...……...……...……...………………117
Figure 5.1. Mean (± SE) above-ground biomass (g. plot-1) for (a) total (native +
Stenotaphrum), (b) native only and (c-e) different native plant growth forms
between nutrient-enriched and nutrient-control treatments (n = 16). Asterisks
denote significant difference between means…………………..........................140

xvii

Figure 5.2. Mean (± SE) above-ground biomass (g. plot-1) for (a) total (native +
Stenotaphrum), (b) native only and (c-e) different native plant growth forms
between Stenotaphrum-invaded and native mesocosm plots (n = 16). Asterisks
denote significant difference between means………..........................................141
Figure 5.3. Mean (± SE) monthly minimum and maximum soil temperatures over the
sampling period. Mean minimum temperatures are pooled across treatments (n =
32) and mean maximum temperatures are presented for nutrient-enriched and
nutrient-control separately (n = 16). N1 and N2 denote the timing of nutrient
enrichment pulses…………………..…………………………………………...146
Figure 5.4. Mean (± SE) percentage of light penetration to soil surface and bare ground
cover over the sampling period. Means are pooled across treatments (n = 32). N1
and N2 denote the timing of nutrient enrichment pulses………….………….....147

xviii

LIST OF APPENDICES

Appendix 1. Determining the contribution of Stenotaphrum secundatum to leaf litter
biomass in invaded swamp forest
Appendix 2. Details of data analysis (multicollinearity and construction of general
linear models).
Appendix 3. List of native and alien vascular plant species recorded from Stenotaphrum
secundatum-invaded and non-invaded 2 m × 2 m survey plots. Values are average
foliage cover abundance (%) and percentage of sites occupied.
Appendix 4. Native and alien plant species detected in surveys of Stenotaphrum
secundatum-invaded and non-invaded coastal swamp forest seed banks and
standing vegetation along the south coast of NSW, Australia.
Appendix 5. Effects of Stenotaphrum secundatum invasion on soil nutrient (nitrate,
ammonia and phosphorous) concentrations.
Appendix 6. Determination of nutrient enrichment concentrations within mesocosm
soil.
Appendix 7. Depth distribution of below-ground root biomass.
Appendix 8. Photographs depicting the reproductive structures of the six focal species
examined in the mesocosm experiment.
Appendix 9. Estimation of Dichondra repens shoot biomass from percentage foliage
cover.

xix

xx

ABSTRACT
It is well-known that alien plant invaders significantly threaten the diversity and
ecological function of native plant communities. Recent research has shown that
impacts of invasion are dependent upon invader attributes, yet it is poorly known
whether landscape context and functional attributes of resident native plants also
mediate invader impacts on the recipient community. I used the model system of
invasion by the alien, stoloniferous grass Stenotaphrum secundatum (Walter) Kuntze
into an endangered and highly-fragmented coastal swamp forest community along the
southern coastline of New South Wales, Australia, to determine whether impacts of
invasion are dependent upon extrinsic landscape processes, such as anthropogenic
habitat modification and nutrient enrichment, and/or functional attributes of the resident
native plants. Knowledge of this will improve our capacity to predict the types of
landscapes and community contexts most likely to be impacted by alien plant invasion.
I first used a spatially-extensive field survey of S. secundatum-invaded and noninvaded forest sites to examine native plant community response to invasion across a
gradient of anthropogenic landscape modification. I also extracted soil and used a
seedling emergence experiment to examine impacts of invasion on the seed bank
community. At each site I measured local disturbance and environmental attributes of
both the community (e.g. fire severity, litter abundance, canopy openness, vegetation
structure) and adjacent landscape matrix (e.g. cover of forest, urban and agricultural
land). I predicted that invasion and landscape modification would synergistically impact
the forest community and its seed bank, such that the rate of native plant species loss in
response to invasion would increase with the extent of urbanisation in the matrix.
Invasion by S. secundatum was associated with substantial reductions (~85%) in native
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species richness, density of recruits and altered community compositions within the
standing vegetation. Invasion caused only moderate reductions (~35%), however, in
seed bank species richness. Importantly, impacts of invasion on the seed bank were nonrandom and varied across functional groups. Native herb and graminoid species (which
share similar growth forms and root morphologies with S. secundatum) as well as short
distance and animal dispersed species had reduced species richness in invaded sites,
whilst the number of woody and wind and water dispersed species were unaffected by
invasion. Standing vegetation and seed bank species richness were unaffected by local
disturbances and landscape context. Furthermore, anthropogenic landscape modification
did not moderate the effects of invasion on the community, such that species losses in
response to invasion were high regardless of the condition of the adjacent matrix.
Invasion had no effect on soil nutrient concentrations but caused a two-fold increase in
litter biomass, which may be the driver of native plant recruitment limitation.
Next, in order to determine the likely mechanism by which S. secundatum
invasion limits native plant recruitment, I intensively sampled the (1) abundance and
frequency of occurrence, (2) reproductive effort (flowering) and output (fruit
production) and (3) seed bank densities for three focal native plants from the invaded
forest. Invasion reduced the biomass (but not likelihood of occurrence), flowering effort
and reproductive output (~75%) of each species. However, invasion had no effect on the
species’ seed bank densities, despite the substantial reduction in their reproductive
output. Coupled with results from the community-scale seed bank study, this indicates
that S. secundatum invasion disrupts native plant recruitment by limiting post-settlement
emergence of propagules from the seed bank rather than their supply and storage at
invaded sites.
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Finally, I contextualised these three correlative studies by performing a
community-scale, invader-addition experiment. I tested wether impacts of invasion are
dependent upon functional attributes of the resident native plants and/or
anthropogenically-driven nutrient enrichment of the coastal forest. Experimental plots
contained 18 species (drawn without replacement from a pool of 31 species) with either
runner, tufted or woody growth forms. Species growth (% cover), reproductive output,
soil temperature and light availability were monitored for two growing seasons in
response to S. secundatum invasion and nutrient enrichment. Species richness,
community composition, reproductive output, soil temperature and light penetration
were unaffected by invasion and nutrient enrichment. Invasion reduced community
productivity, but this effect was not moderated by nutrient availability. Furthermore, the
impact of invasion on community productivity was non-random and driven only by
reduced biomass of functionally-similar native runner species.
My research has shown that impacts of invasive plants on native communities
are non-random and strongly mediated by functional attributes of the resident native
plants, rather than either landscape context or local community disturbances. My results
support the hypothesis that native species functionally similar to invaders are more
likely to be displaced from invaded communities than functionally dissimilar ones. The
likely mechanism by which invasion disrupts native populations is post-settlement
recruitment limitation from the seed bank. Management of invaded communities must
consider differential impacts of invasion in the community and actively reintroduce
native species, such as those with short distance modes of dispersal, which may be able
to spontaneously regenerate following invader control.
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Chapter 1: GENERAL INTRODUCTION
1.1. Alien plant invaders as agents of global environmental change
Biological invasions represent a significant and well-documented threat to
indigenous communities, ecosystems and landscapes, and an important component of
global environmental change (Vitousek et al. 1996, Vitousek et al. 1997b, Mack et al.
2000, Theoharides and Dukes 2007). Indeed, it has been claimed that invasive species
pose the greatest threat to biodiversity after anthropogenic habitat modification and land
degradation (Box 1, Wilcove et al. 1998). In the vast majority of cases, however, the
consequences of invasion and the mechanisms by which they drive impacts on recipient
ecosystems are largely unknown (Strayer et al. 2006, Jeschke et al. 2014), hampering
management and conservation efforts.
Although species migration, biotic exchanges, novel species interactions and
fluctuations in biodiversity are natural processes (Vermeij 1991, Webb 1991), the
spread of humans across the globe, particularly during the past 500 years, has
accelerated the spread of alien biota (Elton 1958, Ricciardi 2007, Theoharides and
Dukes 2007, Wilson et al. 2009). Indeed, in his seminal work, Elton (1958) recognised
that “we are living in a period of the world’s history when the mingling of thousands of
kinds of organisms from different parts of the world is setting up terrific dislocations in
nature”. Such anthropogenically-driven “mingling” of species is widely considered to
drive losses of biodiversity and altered compositions of recipient communities (Vilà et
al. 2011, Pyšek et al. 2012), as well as the homogenisation of Earth’s biodiversity in a
process popularly described as a “few winners replacing many losers in the next mass
extinction” (McKinney and Lockwood 1999).
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Alien plants are considered to be a particularly important component of biotic
invasion due to their adverse environmental, economic and social impacts on human
enterprises, such as agriculture, silviculture and livestock grazing (Vilà et al. 2009b).
Indeed, it has been recently estimated that invasive plants cost the United States
economy approximately $35 billion per year through lost crop yields and contaminated
pasture (Pimentel et al. 2005). Alien plant invasion is also a widely-recognised threat to
native biodiversity and the structure and function of ecosystems (Elton 1958, Vitousek
et al. 1996, Vitousek et al. 1997b, Mack et al. 2000, Rejmánek 2000, Byers et al. 2002).
In recent decades, information on the type and extent of impacts of alien plants on
biodiversity and the mechanisms underlying such impacts has increased dramatically,
and there is now common consensus that plant invaders are key drivers of change in
resident communities rather than coincident symptoms of extrinsic environmental
processes such as anthropogenic disturbance of natural landscapes (for related
discussions, see Crooks 2002, Levine et al. 2003, Didham et al. 2005, MacDougall and
Turkington 2005).
This general introductory chapter consists of three sections. First, I provide a
mechanistic description of the invasion process at community, landscape and global
scales (section 1.1). Second, in order to contextualise the general aims of the thesis, I
explore the patterns of plant community change associated with alien plant invasion and
known mechanisms by which such impacts are driven (section 1.2). In this second
section I explicitly identify the knowledge gaps in our understanding of invasive plant
impacts to contextualise my thesis aims. Throughout this thesis I use Jeschke et al.’s
(2014) definition of ‘impact’ on biodiversity as any change in the composition, structure
and function of the recipient community and ecosystem in response to invasion. Such
change may be positive or negative. Third, I describe the research focus of each
2

subsequent chapter and provide a background to the model study system within which I
have worked: invasion of an endangered, fragmented coastal swamp forest community
of eastern Australia by a stoloniferous, C4 grass, Stenotaphrum secundatum (Walter)
Kuntze (section 1.3).

Box 1. Glossary of key terms
Allelopathy – mechanism of interference competition, where one plant releases chemicals into the soil to
disrupt the establishment and growth of neighbouring plants (Duke 2010).
Biodiversity – encompasses totality of biota across multiple scales, from genetic variation within and among
populations, number of populations, species and species assemblages (communities) to ecosystems and
biomes.
Biotic homogenisation – reduction in spatial and temporal variability in number and abundance of species.
Homogenised communities are often dominated by very few successful plants.
Community – assemblage of species of a particular guild (e.g. plants) and their populations inhabiting a
similar environment.
Complementarity – process of niche partitioning amongst co-resident species in an ecosystem, resulting in
low competition and more complete use of available resources.
Diversity-Invasibility Hypothesis – posits that likelihood of invasion decreases as the number of resident
native plant species and functional groups in a community increases.
Driver – a variable that is “causally linked” to a change in community biodiversity parameters and ecosystem
processes (Didham et al. 2007).
Ecosystem – interacting complement of organisms, their resources and physical habitat. The term ecosystem
encompasses cycling of nutrient and energy (Ehrenfeld 2010).
Enemy Release Hypothesis – explains increase in alien plant dominance upon introduction to a novel range
as a function of release from co-evolved enemies. Resources otherwise used for defense can be reallocated to
competition with co-occurring native plants.
Environmental weed – alien plants which establish and proliferate (i.e. invade) in natural landscapes to the
detriment of indigenous, resident native biodiversity.
Exploitative competition – shared resource use among species.
Functional diversity – variety of plants with different functional traits inhabiting a community.
Functional trait - a grouping of species that share similar intrinsic components, such as life history, growth
strategy and dispersal syndrome, which influence their function within the ecosystem.
Impact – in the context of this review, ‘impact’ is used broadly to describe the effects, both positive and
negative, of an alien plant species on some component of the native, recipient plant community within which
it has invaded (Jeschke et al. 2014).
Introgression – process whereby genes from one species enter gene pools of a closely related species through
crossing with fertile hybrids.
Invader impact mechanism – process by which an invasive species influences some component of the novel
of native community to the detriment of its residents.
Invasion pathway – series of sequential, dependent events which determine the invasion success of alien
species. These typically include overcoming geographic barriers to invader dispersal (usually humanmediated), environmental and biotic barriers of the novel habitat, establishment and reproduction,
proliferation and persistence (Richardson et al. 2000).
Invasive species – naturalised, alien plants that proliferate across a novel range, often to the detriment of the
resident biota (Richardson et al. 2000).
Propagule pressure – number and rate of propagules being supplied to a particular site.
Recipient community – the native community within which an alien species invades.
Recruitment –germination and establishment of seedlings into the standing vegetation.
Residence time – period of time an alien plant has been established within its introduced range.
Resident species – this is used interchangeably as a surrogate for ‘native’ species, and describes all the
species occurring within the recipient community at the time of invader introduction.
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1.1.1. Mechanistic definitions of alien plant invasion
Since the publication of Elton’s (1958) treatise on The Ecology of Invasions by
Animals and Plants, there has been a proliferation of terms within the field of invasion
ecology to describe the qualities and spread of alien biota across the globe (e.g.
Richardson et al. 2000, Colautti and MacIsaac 2004, Richardson and Pyšek 2008,
Valery et al. 2008). The vast majority of this dialogue has focussed on alien plant
invaders. Generally, biological invasion is defined as the anthropogenically-mediated
introduction, naturalisation and proliferation of alien species beyond their natural
geographic range. Richardson et al. (2000) systematically reviewed the concepts and
definitions used to frame the invasion process within the international ecological
literature, and concluded that it consists of multiple, non-independent, successive
‘stages’. The invasion pathway consists of spatial, environmental and reproductive
‘barriers’ that must be successively overcome in order for successful invasion to occur
(Fig. 1.1). Specifically, these include:
Stage 1 – Introduction of alien plant propagules beyond a species’ natural range,
usually through anthropogenic activities, such as agriculture, trade and
horticulture (Reichard and White 2001, Dehnen-Schmutz et al. 2007,
Dehnen‐Schmutz et al. 2007).
Stage 2 – Establishment of an alien species’ propagules upon arrival to its novel
range. Successful establishment involves overcoming both novel abiotic
(e.g. edaphic, climatological, chemical) and biotic (e.g. herbivores,
pathogens, resident plant competitors) barriers (Theoharides and Dukes
2007). At this early stage, many alien species may persist within their
novel range through repeated introductions only (termed ‘casual’ species)
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or by forming self-perpetuating populations (a process termed
‘naturalisation’).
Stage 3 – Naturalisation of an alien species’ population through overcoming
both abiotic and biotic barriers to reproduction, dispersal and recruitment.
Naturalised populations are usually large, self-sustaining and have a low
probability of becoming extinct within the species’ novel range due to
stochastic disturbances.
Stage 4 – Invasion of naturalised alien species through the expansion of
populations beyond the original point of introduction, establishment and
naturalisation. Invasion typically (but not always) involves the spread of
naturalised species into relatively non-disturbed, natural habitats or
ecosystems. This depends upon barriers to dispersal and resistance by
resident native plant competitors and ‘enemies’ being overcome outside
the initial point of introduction. It is important to note that in Richardson
et al.’s (2000) model, invasion refers explicitly to the spread of alien
species, not the colonisation or encroachment of indigenous species in
adjacent communities due to altered landscape, disturbance or
successional processes (e.g. Brown and Archer 1999, Costello et al.
2000). Furthermore, the process of ‘invasion’ explicitly describes the
proliferation of alien plants across their novel ranges and does not
necessarily imply that they impact upon the recipient native community
or ecosystem (Richardson et al. 2000, Ricciardi and Cohen 2007).
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Figure 1.1. Generalised schematic representation of the invasion pathway, depicting barriers to
progression between each key stage of proliferation (adapted from Richardson et al. 2000).

1.1.2. Drivers of alien plant invasion

Developing a universal framework to predict invasibility has dominated the
invasion ecology literature for several decades (Kolar and Lodge 2001). The likelihood
of a particular alien plant species becoming invasive upon introduction to a novel range
is determined by a complex suite of interacting factors (Fig. 1.2). These include mode
and historical context of introduction, dispersal pathway and rates of propagule supply
(termed 'propagule pressure', Lonsdale 1999), landscape modification and disturbance
processes, resource availability, biotic and abiotic attributes of the recipient community,
and intrinsic attributes of the invader itself (see comprehensive review by Theoharides
and Dukes 2007).

6

Historical context of invasion, human agency and landscape modification as drivers of
alien plant invasion
It is well-documented that the migration of humans across Earth has directly
facilitated transcontinental exchanges of plant species, particularly during the past 500
years (Lonsdale 1999, Mack et al. 2000, Mack and Lonsdale 2001, Ricciardi 2007,
Hulme 2009). Human-mediated introductions of alien plants have occurred both
accidentally and intentionally, largely as a result of agricultural, silvicultural and, more
recently, horticultural enterprises (Reichard and White 2001, Dehnen-Schmutz et al.
2007, Theoharides and Dukes 2007). In a classic example, much of the Earth’s
agricultural land is dominated by a very few grass species (family Poaceae) that were
domesticated by humans in Eurasia between 7,000 and 10,000 years ago (Russell 2001,
Sang 2009). Indeed, four alien grass genera – wheat (Triticum spp.), rice (Oryza spp.),
maize (Zea spp.) and barley (Hordeum spp.) – dominate human food crop production
globally (Sang 2009). It has been estimated that about 20% of the Earth’s land surface is
dominated by managed grasslands, most of which consist of alien grass species that are
either cultivated for human consumption or to support grazing livestock (McAlpine et
al. 2009).
Although biotic exchange is a natural process, and a dynamic component of
speciation (Darwin 1859, Vermeij 1991), the current rate of human-mediated exchange
is several orders of magnitude greater than the rate of species migration and extinction
on Earth through geological time (Ricciardi 2007). Ricciardi (2007) calculated that the
rate of mammal invasion of New Zealand, for example, over the past 1,000 years of
human settlement is more than 100,000 times greater than at any time in the past 1
million years. Over the past 200 years, the rate of alien plant introduction has also risen
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exponentially (see discussion by Caley et al. 2008). Consequently, alien plants now
comprise up to 20% of the resident flora at continental scales (Vitousek et al. 1997b),
and on islands, such as the British Isles, the proportion is as greater as 50% (Crawley et
al. 1996).
Recent models have shown that the likelihood of an introduced plant becoming
invasive is positively related to the length of time since its introduction (termed
minimum residence time), propagule pressure, biogeographical origin and socioeconomic factors. Specifically, it has been widely shown that the proportion of
introduced species becoming naturalised, and then invasive, increases with time since
introduction (Castro et al. 2005, Caley et al. 2008, Pyšek et al. 2009), with annual and
herbaceous perennial species typically naturalising and spreading faster on average than
woody perennials (Caley et al. 2008). Regardless of time since introduction, however,
most studies have shown that invasion is overwhelmingly limited by propagule
pressure. In horticultural markets, for example, invasion success for an alien plant is
related positively to the number of nurseries in which it is sold and negatively to the
average price of seeds, both proxies for propagule pressure (Dehnen-Schmutz et al.
2007, Dehnen‐Schmutz et al. 2007, Pyšek et al. 2009).
Propagule pressure and residence time also interact with biological attributes to
determine a species’ invasive potential. For example, probability of escape from
cultivation in continental Europe for species with high propagule pressures was found to
be lower for species from Asia and positively affected by seed weight and length of
flowering period (Pyšek et al. 2009). However, the suite of predictors of invasibility
varies regionally. In Canada, the probability of invasion was found to be dependent on
an alien plant species’ native range size alone (Goodwin et al. 1999), and in Chile,
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invasibility was associated solely with residence time and not the invader’s
biogeographical origin or mode of life history (Castro et al. 2005). Invasion is
undoubtedly a function of the unique cultural history of each locality, and a universal
set of historical and socio-economic predictors of invasion success are unlikely to exist.
Upon naturalisation, the invasibility of an alien plant is determined by the
configuration, environmental attributes and extent of disturbance of the recipient
landscape (Vilà and Pujadas 2001, Gassó et al. 2009, Vilà and Ibáñez 2011). In general,
the number and abundance of invasive plants is positively related to degree of native
habitat fragmentation (Alston and Richardson 2006, Vilà and Ibáñez 2011) and intensity
of anthropogenic land use, measured by human population density and extent of urban
and agricultural land covers (Gassó et al. 2009, Marini et al. 2009, Pyšek et al. 2010b,
González-Moreno et al. 2014). Indeed, at continental scales, Pyšek et al. (2010b) has
shown that national wealth and human population density are overwhelmingly stronger
predictors of alien plant species richness than biogeographical (e.g. latitude) or
climatological effects. Furthermore, natural, non-disturbed plant communities are more
likely to be invaded with increasing proximity to urban settlements and degree of
canopy openness (Alston and Richardson 2006, González-Moreno et al. 2013). These
apparent positive effects of landscape disturbance on invasion success may be a
function of ruderal alien plant traits (rapid growth and high fecundity) as well as a
reduction in the fitness and competitive performance of resident native plants under
disturbed conditions.
Intrinsic invader attributes
Invasion success is related to intrinsic life history and growth traits of the alien
plants. In a now classic, seminal example, Rejmánek and Richardson (1996) tested
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biological trait differences between alien invasive and introduced (but non-invasive)
pine species (genus Pinus). This genus was chosen because life history and
morphological traits, as well as historical context of introductions, are understood in
great detail, given their economic importance to the global silviculture industry.
Specifically, Rejmánek and Richardson (1996) compared differences in traits associated
with demography (e.g. plant size at adulthood and time until reproductive maturity is
reached), reproduction (e.g. seed size, viability, dispersal capability, and frequency of
production) and tolerance to disturbances, such as fire. The study found that invasive
and non-invasive alien pine species could be distinguished in all cases based on
reproductive and growth attributes. Specifically, invasive pines produced smaller
propagules but more frequently than non-invasive species. Invasive pine recruits also
reached sexual maturity at a significantly faster rate than non-invasive counterparts.
Rejmánek and Richardson (1996) hypothesised that the probability of an alien plant
becoming invasive is distributed across an r-K selection spectrum, with r strategists (i.e.
species with high reproductive output, low maternal investment in offspring, fast growth
and maturation rates) being more likely to invade novel ranges upon introduction than K
strategists.
This work by Rejmánek and Richardson (1996) has since been extended to
include trait comparisons between invasive and co-resident native plant competitors
(e.g. Daehler 2003, Leffler et al. 2014) as well as between invasive plants and those
present in the invader’s native range that have not become invasive elsewhere (Van
Kleunen et al. 2009). Generally, it has been found that invasive species are larger, more
fecund and allocated more carbon resources to above-ground shoot biomass than noninvasive counterparts (Van Kleunen et al. 2009). Invasive species are also more likely to
reproduce either vegetatively or have smaller propagules, with long-distance dispersal
10

capabilities, compared with non-invasive plants, including both naturalised alien
counterparts and native species from the invader’s original range (e.g. Goodwin et al.
1999, Kolar and Lodge 2001, Lloret et al. 2005, Pyšek et al. 2009). It has been shown,
however, that under benign environmental conditions, invasive and co-resident native
plants have similar growth rates and competitive abilities (Daehler 2003, Leffler et al.
2014), although in disturbed contexts or with the addition of resources to the system,
invasive species are frequently competitively superior to resident natives (Davis et al.
2000, Daehler 2003). Despite the search for such generalities, many recent studies have
shown that invasion history, such as pathway of introduction, residence time, landscape
context and propagule pressure, are often more important determinants of invasion
success than intrinsic biological traits alone (e.g. Castro et al. 2005, Dehnen-Schmutz et
al. 2007, Dehnen‐Schmutz et al. 2007, Pyšek et al. 2009). Thus, a search for simple
predictors is likely to be futile unless multiple interactive processes are considered when
evaluating invasion risk for any given species.

Introduction pathway
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Figure 1.2. A generalised framework of drivers of alien plant invasion in the novel range.
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Biotic feedbacks between invader and recipient communities
Upon introduction to a novel locality, the likelihood that an alien plant will
become invasive is largely dependent upon the ways in which it interacts with resident,
native biota and ecosystem networks (Theoharides and Dukes 2007). The most
important of these are considered to be (1) interactions with both resident ‘enemies’,
such as pathogens and herbivores (Keane and Crawley 2002) and mutualists, such as
pollinators and soil symbionts (Morales and Traveset 2009, Vilà et al. 2009a); (2)
intensity of competition with resident native plant species (Daehler 2003, Vilà and
Weiner 2004) and (3) availability of niche space and species ‘coexistence’ within the
recipient community (MacDougall et al. 2009).
It is widely considered that invasion success is dependent upon alien plants
‘escaping’ from their natural, coevolved ‘enemies’, such as pathogens, parasites and
herbivores, upon introduction to a novel range (termed the Enemy Release Hypothesis,
Keane and Crawley 2002). Indeed, it has been shown that the abundance, richness and
impacts of enemies is lower for invasive plant populations in their introduced than
native ranges (e.g. Wolfe 2002, Mitchell and Power 2003). It is hypothesised that
invasive plants are able to reallocate the resources typically used for enemy defence to
reproductive output and competition with native plants (Colautti et al. 2004), thus
facilitating coexistence within the novel community. However, a meta-analytical review
by Colautti et al. (2004) found that invasive plants do not, in fact, host fewer enemies or
are impacted less by enemies than co-occurring native plants. Invasion success,
therefore, is probably related to alien plants being both released from their co-evolved
enemies and more resilient to novel enemies compared with native plant competitors
throughout the introduced range. Differential effects of enemy attack between alien and
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native plants may in turn reduce the intensity of competition between them and enable
coexistence within the recipient ecosystem.
According to niche and species coexistence theory, invasion is unlikely to occur
if introduced plants possess life history or resource-use characteristics that are shared by
native plant competitors (Shea and Chesson 2002, MacDougall et al. 2009). Indeed,
numerous studies have shown that resident plants strongly inhibit the growth and thus
establishment of introduced species that share similar functional attributes (e.g. growth
form) and resource requirements (e.g. Fargione et al. 2003, Mack 2003b). This
hypothesis is fundamental to invasion ecology, being first posited by Darwin (1859) and
then explored in relation to niche theory by Elton (1958) and MacArthur and Levins
(1967). Similarly, the likelihood of invasion is thought to be negatively related to the
diversity of native communities (termed the Diversity-Invasibility Hypothesis, Elton
1958, Knops et al. 1999). This is because the availability of limiting resources, and thus
niche space, reduces with increasing community diversity as a function of high species
complementarity (Tilman 1997, Knops et al. 1999, Levine 2000, Kennedy et al. 2002).
Simply, the more species present in a community, the lower the likelihood of unused
resources being available to support the establishment of additional, introduced species.
However, several recent studies have shown that the negative diversityinvasibility relationship breaks down at spatial scales larger than the community
(Stohlgren et al. 1999, Stohlgren et al. 2003, Harrison et al. 2006, Stohlgren et al. 2008).
Indeed, at the landscape-scale, the number of alien and native plant species is often
positively related (Stohlgren et al. 2003), indicating that diverse ecosystems do not in
fact resist invasion as has been suggested by small-scale experiments. The possible
reason for this is that spatial heterogeneity in resource availability and disturbance
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processes at large spatial scales enables dynamic coexistence of multiple species,
including invaders and natives that share similar functional attributes (Stohlgren et al.
1999).
1.2. Impacts of alien plant invasion on native plant communities: patterns and
mechanisms
The aim of this section is to provide a generalised framework for understanding
the patters of native plant community responses to alien plant invasion (i.e. impact) and
the mechanisms by which such impacts are elicited (sections 1.1.1-2). I also explore the
role of landscape, community and intrinsic invader attributes in mediating the impacts
of invasion on recipient communities (section 1.2.3). Throughout this thesis I use
Jeschke et al.’s (2014) definition of ‘impact’ on biodiversity as any change in the
composition, structure and function of the recipient community and ecosystem in
response to an invader. Such change may be positive or negative. I summarise the main
gaps in our understanding of invasive plant impacts to inform the main questions
addressed by this thesis (section 1.2.4).
The impacts of alien plant invaders on native plant biodiversity span multiple,
nested ecological scales, from genes and populations of species, to plant communities,
ecosystems and landscapes (Fig. 1.3; Lockwood et al. 2007). Invasion has been widely
shown to disrupt native plant populations at each of these key ecological scales, with the
consequence generally being a reduction in the number of native species (i.e. richness)
and altered vegetation communities at invader-dominated sites (Vilà et al. 2011, Pyšek
et al. 2012).
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Figure 1.3. Conceptual framework for impacts of alien plant species on native plants at four scales of
biological diversity (boxes): genes, populations of species, communities of plant species and ecosystems.
Dot-points within boxes indicate the mechanisms of change/impact for each level of diversity. The large
circle denotes the holistic nature of biodiversity within the context of landscape attributes and site history.
The main attributes of landscape context which facilitate invasion and/or mediate the impacts of invaders
on native species are listed outside this circle (adapted from Lockwood et al. 2007)

1.2.1. Impacts on genetic diversity, populations and recruitment dynamics of native
plants
At small scales, invasive plants can directly inhibit the growth, vigour and
fecundity of co-resident native plants via competition for limited resources, such as
water, light, space and nutrients (e.g. Corbin and D'Antonio 2004, Humphrey and
Schupp 2004, Coleman and Levine 2007, Maron and Marler 2008) or by releasing
growth-inhibiting allelochemicals into the soil (e.g. Gentle and Duggin 1997, Levine et
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al. 2003, Ens et al. 2009). Indeed, a meta-analytical review by Vilà and Weiner (2004)
showed that invasive species are, in general, competitively superior to native plants.
This enhanced competitive ability is related to high invader growth rates and ability to
assimilate available nutrients into standing biomass and monopolise limited available
space more rapidly than native plant neighbours (D'Antonio et al. 1998, Davis and
Pelsor 2001, Daehler 2003, Corbin and D'Antonio 2010). At the community scale,
however, evidence for direct competitive displacement of resident vegetation by
invasive plants is limited (Green and Galatowitsch 2002b, Meffin et al. 2010, see
discussion below).
Over time, competitive dominance of invasive plants can reduce the size of
native plant populations and their genetic diversity and connectivity (e.g. Rhymer and
Simberloff 1996, Daehler and Strong 1997, Anttila et al. 1998, Daehler et al. 1999).
Direct genetic impacts include hybridisation between invasive and native plants
(Daehler and Strong 1997, Barbour et al. 2002, Potts et al. 2003) and the contamination
of native gene pools through introgression (Box 1, Rhymer and Simberloff 1996).
Invasive plants may also reduce the fitness of closely-related natives through the
contamination of stigmatic surfaces with alien pollen (Brown and Mitchell 2001,
Bjerknes et al. 2007, Matsumoto et al. 2010) or by disrupting the interactions between
native plants and their animal mutualists, such as pollinators and propagule dispersers
(Fig. 1.4, Gosper et al. 2006, Traveset and Richardson 2006, Morales and Traveset
2009). However, the extent to which such changes to mutualist networks drives genetic
differentiation amongst native plant populations and impoverished genetic diversity
remains unknown.
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Alien plant invaders can also limit the recruitment of native plants, resulting in
significantly lower densities of juvenile native plants (i.e. seedlings or germinants)
within invaded communities (Fig. 1.4, Eliason and Allen 1997, Yurkonis and Meiners
2004, Yurkonis et al. 2005, Ens and French 2008, Morales-Romero and Molina-Freaner
2008, Flory and Clay 2010b). Recruitment limitation can result from either a reduction
in native plant flowering effort and reproductive output (e.g. Gould and Gorchov 2000,
Miller and Gorchov 2004, Pyšek et al. 2012), dispersal and storage of propagules within
seed banks (e.g. Mason et al. 2007, French et al. 2011) or the subsequent emergence and
establishment of recruits within the standing vegetation (e.g. Eliason and Allen 1997,
Gorchov and Trisel 2003, Dulamsuren et al. 2008, Flory and Clay 2010b).
However, the relative importance of each of these life history stages to overall
recruitment limitation is unknown in the vast majority of cases, since none are
examined simultaneously. For instance, a meta-analysis by Morales and Traveset (2009)
showed that native plants are visited significantly less by pollinators and subsequently
produce fewer propagules when grown adjacent to invasive than native plant
neighbours, yet it is unknown whether this leads to fewer propagules being stored in the
seed bank. Indeed, for some native plants, especially those with long distance dispersal
capabilities, the supply of propagules from adjacent, non-invaded populations may be
sufficiently high to buffer against such reduced pollinator services at invaded sites
(Neilan et al. 2006, French et al. 2011). Likewise, in most cases it is unknown whether
reduced native seedling density is caused by lower rates of native propagule supply to
invaded sites or, rather, post-settlement germination (Eliason and Allen 1997, Lei et al.
2002, Lenz and Facelli 2005). Future studies should endeavour to simultaneously
examine changes to reproductive output, rates of propagule accumulation in seed banks
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and recruitment into the standing vegetation to elucidate the point at which invasion
disrupts native plant populations.
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Figure 1.4. Causal loop diagram of feedback mechanisms driving alien plant invasion and impacts on
native plant communities (adapted from Gaertner et al. 2014). Impacts can be either direct (e.g.
competitive inhibition of native plant germination and establishment) or indirect (e.g. modification of fire
regimes or pollinator services).

1.2.2. Impacts on community diversity, composition and ecosystem processes
Impacts of alien plant invasion on community-scale indices of biodiversity, such
as the richness, function and composition of resident native plant species, have been
examined extensively (see comprehensive, global meta-analytical reviews by Gaertner
et al. 2009, Mason et al. 2009, Vilà et al. 2011, Pyšek et al. 2012). Invasion is frequently
associated with reductions in native plant species richness, abundance and altered
community compositions. Indeed, impacts can be substantial, with up to 90 % of native
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species being lost from invaded sites in many cases (e.g. Gooden et al. 2009b, Hejda et
al. 2009). Invaded communities also tend to have lower functional species richness than
non-invaded vegetation; that is, fewer plant species with different functional traits, such
as growth form, mode of reproduction, life history and growth strategy (e.g. Hejda et al.
2009, Hejda and Bello 2013). This can lead to functionally deficient and homogeneous
communities, dominated by very few successful species. A reduction in the variety of
functional forms within the community can also disrupt key ecosystem processes, such
as productivity, nutrient cycling and plant-animal interactions (Dybzinski et al. 2008,
Fornara and Tilman 2009, Haddad et al. 2011).
Impacts of invasive plants on native communities may be driven by the
modification of key ecosystem processes and disturbance regimes that regulate
diversity, rather than as a result of direct competition between the invader and resident
native plants (Gaertner et al. 2014). Invasive plants can modify rates of nutrient cycling
and hydrological regimes (Wolkovich et al. , Evans et al. 2001, Mack et al. 2001),
disturbance regimes (D'Antonio and Vitousek 1992, Mack and D'Antonio 1998, Rahlao
et al. 2009), below-ground microbial networks that are fundamental to ecosystem health
(Holly et al. 2009, Rudgers and Orr 2009, Elgersma and Ehrenfeld 2011), and native
trophic networks (Gosper et al. 2006, Traveset and Richardson 2006), amongst a litany
of other impacts (see Ehrenfeld 2010 for a detailed review of ecosystem consequences
of biological invasions). Classic examples include dramatic increases in the frequency
and severity of wild fires in response to alien grass invasion (e.g. D'Antonio and
Vitousek 1992, Freifelder et al. 1998, Mack and D'Antonio 1998), changes in rates of
litter decomposition and nitrogen cycling by the alien nitrogen-fixing tree Myrica faya
in Hawai’i (Vitousek et al. 1987, Vitousek and Walker 1989) and modification of
pollinator assemblages and native plant-pollinator interactions in Europe by Lythrum
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salicaria, Impatiens glandulifera and Solidago species (Moroń et al. 2009, Vilà et al.
2009a, Bartomeus et al. 2010, Pyšek et al. 2010a).
1.2.3. Mediators of invasive plant impacts on native communities
Whilst effects of invasion on absolute species numbers are well documented
(e.g. Vilà et al. 2011, Pyšek et al. 2012), native plant functional responses to invasion
are poorly known. Although invasion can reduce the variety of functional traits
represented in a community (e.g. Hejda and Bello 2013), it remains unclear whether
certain native plant functional groups are more likely than others to suffer species
losses. A recent meta-analysis by Mason et al. (2009) revealed that whilst alien grass
invasion drives community-wide species losses for native graminoid, herb, vine, shrub
and tree species, functionally-similar graminoids were twice as likely to suffer species
losses as native woody plants. Given that plant growth form relates broadly to a species’
resource-use strategy (Casper and Jackson 1997, Westoby 1998, Grime 2001), Mason et
al.’s (2009) finding indicates that the likelihood of a native species being excluded from
invaded communities increases along an access of functional similarity with the invader
(Fargione et al. 2003). However, to the best of my knowledge, this hypothesis has not
been explicitly tested by any study in the context of alien plant invasion. In addition,
studies of native plant functional responses to invasion have largely focused on plant
growth form (e.g. Alvarez and Cushman 2002, Mason et al. 2007, Mason and French
2008, Gooden et al. 2009a, Gooden et al. 2009b) and not accounted for other important
functional attributes, such as life history strategy (e.g. longevity and mode of
reproduction; Morales and Traveset 2009) and mode of dispersal (French et al. 2011).
Native plant community responses to invasion are also dependent upon the
invader’s functional identity, landscape context and identity of the community itself
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(Mason and French 2008, Mason et al. 2009). For example, a meta-analysis of 287
studies, comprising 167 invasive plant species, by Pyšek et al. (2012) revealed that rates
of native plant species loss from invaded communities were greater for invasive annual
grasses and wind pollinated trees than other invader growth forms, such as herbs and
vines. Furthermore, invasive plant growth form was a stronger predictor of impact than
invasive plant seed size and morphology, taxonomic affiliation, dispersal syndrome and
biogeographical origin. Pyšek et al. (2012) also found that the rate of native plant
species decline in response to invasion was higher for communities on island than
mainland communities and across both mediterranean and tropical biomes than either
subtropical and temperate biomes.
Given that the likelihood of an alien plant becoming invasive is dependent upon
a complex suite of interacting biological, environmental and landscape attributes (see
section 1.1.2), it is expected that landscape context also mediates the impacts of
invasion on the recipient native community. However, with the exception of Pyšek et
al.’s (2012) comparison of impacts between islands and mainlands, I have found no
explicit test of such landscape effects. Indeed, in a review of global drivers of
biodiversity loss by Didham et al. (2007), only 1.2 % of studies investigated the
simultaneous effects of invasion and landscape modification on native communities,
and only 0.03 % sought to determine how the two processes interact to impact resident
communities. In many cases, alien plant invasion may, in fact, be the symptom or
‘passenger’ of broader landscape changes rather than the principal ‘driver’ of native
plant species losses (see detailed discussion in section 2.1 of this thesis; Didham et al.
2005). For example, Silliman and Bertness (2004) found that urban development along
the border of North American coastal marshes was associated with reduced soil
salinities, increased nitrogen availability and invasion of the marsh by the alien grass
21

Phragmites australis. Invasion by P. australis was in turn associated with substantial
local extinctions of native marsh species. However, it was uncertain whether native
species were directly excluded by P. australis under these changed abiotic conditions,
or whether the invader was simply occupying the vacant, disturbed spaces within the
marsh that were no longer suitable for native species.
1.2.4. Global research limitations and future focus
My review has clearly demonstrated that alien plant invasion is associated with a
reduction in native plant species richness, altered community compositions and
modified ecosystem processes across the globe. It is also clear from recent metaanalytical reviews that the impacts of invasion are non-random and depend strongly
upon the historical context of the invaded site, identity of the community and intrinsic
attributes of the invasive species themselves. Understanding the impacts of alien plants
at the community level thus requires consideration of a complex suite of interacting, codependent environmental and biological factors. Despite these advances, there are
several poorly-explored questions that require future research focus:
1. At the scale of the plant and population, what is the main driver of native
plant recruitment limitation in response to alien plant invasion? Is it
disruption to pre-dispersal (e.g. flowering effort, pollination, reproductive
output) or post-settlement (e.g. seed bank storage, seed viability, germination
and recruit establishment) processes?
2. At the community scale, what are the effects of alien plant invasion on
below-ground components of biodiversity, such as soil seed banks?
3. Are impacts of alien plant invaders on native communities dependent upon
the functional attributes of the resident native plants? If so, are certain
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functional traits, such as growth form and dispersal syndrome, better
predictors of impact than others?
4. Does landscape context mediate impacts of alien plant invaders on native
plant communities? Indeed, are there certain landscape contexts in which
native communities are more likely to be impacted by invasion than others?
1.3. Thesis outline
In line with the global research gaps identified above, the three overarching aims
of this thesis are to broadly determine the (1) relative importance of pre-dispersal and
post-settlement processes in native plant recruitment limitation in invaded communities,
(2) role of native plant functional traits in mediating community responses to invasion
in both the standing vegetation and soil seed bank, and (3) whether impacts of invasion
are dependent upon extrinsic landscape processes, with a focus on interactions between
invasion and anthropogenic land development and nutrient enrichment.
These aims are addressed using the model system of invasion by the alien,
stoloniferous grass Stenotaphrum secundatum (Walter) Kuntze into an endangered and
highly-fragmented coastal swamp forest along the southern coastline of New South
Wales, Australia. I use a combination of extensive field surveys and community-scale
invader-addition experiments in mesocosms to explicitly test each of the three key aims
listed above. In this section I provide a detailed outline of the model invader (section
1.3.1) and native plant community (section 1.3.2). I complete the general introduction
by detailing the specific objectives of each independent data chapter.
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1.3.1. Model species: Stenotaphrum secundatum (Walter) Kuntze
Stenotaphrum secundatum (hereafter Stenotaphrum for brevity), known as ‘St
Augustinegrass’ in the USA and ‘buffalo grass’ in Australia (Loch et al. 2009), is a C4,
perennial, stoloniferous grass (Family Poaceae), native to the tropical and subtropical
Atlantic coastlines of Africa and the Americas (see discussions on origins by Sauer
1972, Busey 2003). Its inflorescences are spike-like panicles, with spikelets embedded
within hollows along one side of the central rachis (Busey 2003). Inflorescences
disarticulate from the tiller upon seed development and can float in salt water for several
days, enabling regional dispersal amongst coastal embayments and strandlines (Fig. 1.5,
Sauer 1972).
Stenotaphrum forms dense, tight-leafed, monospecific turfs, making it
competitive against co-occurring plants and desirable as an urban lawn grass. Both
indigenous and introduced populations occur predominantly within coastal vegetation
and can tolerate a wide range of soil conditions, occasional flooding and high salinity
(Mullen and Shelton 1996, Busey 2003). Unlike the majority of C4 grasses,
Stenotaphrum tolerates low-light conditions and is able to maintain high productivity
and competitive performance with increasing shade (Smith and Whiteman 1983a,
Samarakoon et al. 1990, Busey 2003).
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Figure 1.5. Photographic examples of (a, b) inflorescence and infructescence of Stenotaphrum
secundatum (Puckeys Estate, NSW, 2011); (c) lateral spread of adventitious stolons of
Stenotaphrum secundatum into non-invaded vegetation along the edge of an established
infestation (Basin View, NSW, 2011); (d) forest understory dominated by the invasive turfforming grass Stenotaphrum secundatum (Wallaga Lake, NSW, 2012).

Since the mid-1800s, Stenotaphrum has been widely introduced to south-east
Asia, Australia and islands of the western Pacific as a residential turf grass, and as a
tropical cover crop below coconut and rubber plantations (Sauer 1972, Shelton et al.
1987, Mullen and Shelton 1996, Loch et al. 2009). Indigenous populations of
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Stenotaphrum are largely fertile diploids (chromosomes: 2n = 18; Busey 2003), whilst it
is thought that populations originally introduced to Australia were derived principally
from a sterile triploid variant from South Africa, termed the ‘Cape deme’, which
reproduces and spreads vegetatively from stolons (Long and Bashaw 1961b, Sauer
1972, Mullen and Shelton 1996, Loch et al. 2009). These naturalised populations of
Stenotaphrum within Australia are restricted largely to coastal vegetation, with centres
located in south-western Western Australia, eastern South Australia and the coastlines
of Victoria and New South Wales (Fig. 1.6). Population densities are highest within
NSW, particularly within the Sydney Basin and Hunter region. I have restricted my
study of this invasive grass to populations along the southern coastline of NSW,
between Sydney and the NSW-Victorian state border, as this region contains the highest
density of naturalised populations associated with endangered coastal swamp forest
vegetation (see section 1.3.3).
Currently, Stenotaphrum is cultivated widely in Australia as a turf grass of urban
lawns. The most commonly-used commercial cultivars are fertile tetraploids or diploids,
which have been derived largely from a fertile population on the central coast of NSW
(Loch et al. 2009, P. McMaugh personal communication 2013). It is uncertain whether
the naturalised populations of Stenotaphrum located along the southern coastline of
NSW (i.e. those being examined by this thesis) were derived from the original infertile
‘Cape deme’ that was introduced to Australia in the mid-1800s or recently-developed
commercial turf varieties and, thus, whether they spread through the production of seed
or stolons.
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Figure 1.6. Distribution of Stenotaphrum secundatum in Australia (Atlas of Living Australia 2013b).

Stenotaphrum secundatum is now a widespread invader of remnant native forest
of coastal areas, and it has been identified by the Pacific Island Ecosystems at Risk
network as a species at very high risk of becoming an environmental ‘pest’ in Australia
(Daehler et al. 2004, Pacific Islands Ecosystems at Risk 2005). However, there is no
information on its effects on native communities, or how such effects vary across
different land-use types.
1.3.2. Model system: Swamp oak floodplain forest
My thesis focusses on the effects of invasion by Stenotaphrum on the diversity
and composition of Swamp Oak Floodplain Forest on the southern coastline of NSW.
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This community, hereafter referred to as swamp oak forest, is considered to be an
Endangered Ecological Community under the NSW Government’s Threatened Species
Conservation Act 1995 (NSW Office of Environment and Heritage 2013). It is
estimated that greater than 80% of this community has been cleared for agriculture and
urban development since European settlement, and that only 20% (i.e. 480 ha) of extant
forest is present within NSW conservation reserves (Tozer et al. 2010).
Swamp oak forest grows on lake margins and estuarine fringes on coastal
floodplains, generally less than 10 m above sea level, often in association with tidallyinfluenced vegetation, such as mangrove forests and saltmarsh. Soils are waterlogged or
periodically-inundated, saline, grey-black and marine-derived sandy loams.
Along the south coast of NSW, the swamp oak forest is dominated by Casuarina
glauca, a nitrogen-fixing, dioecious, medium-sized (8–20 m high) tree. The community
is characterised by a very sparse shrub layer and a dense, species-rich groundcover of
herbs and twiners, dominated by the grasses Cynodon dactylon, Entolasia spp.
Microlaena stipoides and species from the graminoid genera Juncus, Baumea, Cyperus,
Carex and Gahnia (Tozer et al. 2010). This community is particularly at risk of species
loss in response to invasion by Stenotaphrum as the vast majority of its constituent
species are present in the ground layer vegetation in which Stenotaphrum proliferates
(Fig. 1.7).
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Figure 1.7. Photographic examples of (a) Swamp oak floodplain forest and (b) diverse
ground layer vegetation typical of Swamp oak floodplain forest (Kioloa, New South Wales,
2011).
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1.3.3. Thesis structure
The specific questions addressed by each data chapter are:
Chapter 2 – Does Stenotaphrum invasion affect plant community diversity,
composition and woody plant recruitment in the swamp forest community? I predicted
that invasion would be associated with significant reductions in the number and foliage
cover of resident plants, leading to altered forest compositions, as well as reductions in
the density of woody plant seedlings, signalling recruitment limitation. Furthermore, I
asked: are the effects of Stenotaphrum invasion on community diversity moderated by
anthropogenic disturbance to the surrounding landscape matrix? I predicted that
invasion and landscape modification would have negative interactive effects on the
swamp forest community, such that the rate of species loss associated with invasion
increases with the cover of anthropogenic land use in the landscape matrix surrounding
forest patches. Furthermore, I predicted that in situ fire and canopy disturbance of the
forest community would enhance the rate of species loss associated with invasion.
Chapter 3 – I used a seedling emergence experiment to determine the effects of
Stenotaphrum invasion on the species richness and composition of swamp forest seed
banks. I predicted that invasion would be associated with a reduction in the richness and
density of propagules within the soil seed bank, reflecting compositional change in the
standing vegetation. Furthermore, I asked: are effects of Stenotaphrum invasion on soilstored seed banks dependent upon native plant functional identity? Specifically, I
examined variation in rates of species loss across native plant dispersal strategies and
growth forms. Last, as with the standing vegetation, I examined whether impacts of
Stenotaphrum invasion on the seed bank is dependent upon configuration of the
surrounding landscape matrix.
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Chapter 4 – Does invasion by Stenotaphrum disrupt the recruitment of resident
native plants? I simultaneously compared flowering effort, fruit set and storage of
propagules within the seed bank for three focal native plant species that are
characteristics of the swamp forest community. My aim was to identify the point within
each species’ life cycle that Stenotaphrum invasion disrupts recruitment and population
persistence. I chose focal species that varied in terms of mode of pollination (wind
versus animal) and propagule dispersal (water versus wind versus gravity), which
enabled me to explore how invader impacts on recruitment may vary across functional
groups.
Chapter 5 – I conducted a community-scale, mesocosm experiment to test
whether the impacts of Stenotaphrum invasion on native plant communities is mediated
by functional identity of resident native species or nutrient enrichment (which is a
frequent consequence of landscape urbanisation for coastal vegetation communities).
Specifically, communities contained 18 native species (drawn without replacement from
a pool of 31 species) with either runner, tufted or woody growth forms. Impacts were
measured as changes in the productivity, diversity, composition and fecundity of
resident plants.
The findings and general ecological implications of each of these core research
areas are synthesised in a final discussion section (Chapter 6). This discussion also
examines the potential applications of the overall findings for management of
landscapes invaded by Stenotaphrum and alien plants in general.
Each of the four main data chapters has been published:
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Chapter 2 – Gooden, B. & French, K. (2014) Non-interactive effects of
plant invasion and landscape modification on native communities.
Diversity and Distributions, 9, 626-639.



Chapter 3 – Gooden, B. & French, K. (2014) Impacts of alien grass
invasion in coastal seed banks vary amongst native growth forms and
dispersal strategies. Biological Conservation, 171, 114–126.



Chapter 4 – Gooden, B., French, K. & Robinson, S. A. (2014) Alien
grass disrupts reproduction and post-settlement recruitment of cooccurring native vegetation: a mechanism for diversity decline in
invaded forest? Plant Ecology, 215, 567-580.



Chapter 5 – Gooden, B. & French, K. (in press) Impacts of alien plant
invasion on native plant communities are mediated by functional identity
of resident species, not resource availability. Oikos 10.1111/oik.01724
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Chapter 2: NON-INTERACTIVE EFFECTS OF PLANT INVASION AND
LANDSCAPE MODIFICATION ON NATIVE COMMUNITIES
A modified version of this chapter has been published in Diversity and
Distributions:
Gooden, B. & French, K. (2014) Non-interactive effects of plant
invasion and landscape modification on native communities. Diversity
and Distributions, 9, 626-639.
2.1. Introduction
Biotic invasions and anthropogenic habitat modification are considered to be the
leading drivers of global environmental change and reductions in the diversity of
indigenous species (Vitousek et al. 1996, Wilcove et al. 1998, Mack 2003a, Lockwood
et al. 2007). Whilst information on invasive species’ impacts has increased dramatically
in recent decades (Vilà et al. 2011), there is very little evidence for how invasion and
habitat modification interact to drive community change. Indeed, in a review of 11588
studies on landscape change (i.e. habitat loss, fragmentation and altered land use) and
3528 studies on species invasion by Didham et al. (2007), only 1.2% of studies
investigated the simultaneous effects of invasion and habitat modification on native
communities, and only 0.03% sought to determine how the two processes interact to
impact resident communities. An understanding of how such threatening processes
interact to structure indigenous communities is necessary in order to prioritise areas
most at risk of species extirpations (Williams et al. 2005).
There are several major pathways by which non-native species invasion and
habitat modification could interact to drive community change. First, local and
landscape disturbances of natural areas, such as livestock grazing, fire, deforestation,
urbanisation and nutrient addition, can directly facilitate non-native species invasion
and the concomitant losses of native species through increases to available resources
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and non-native propagules (Dukes and Mooney 1999, Davis et al. 2000, Davis and
Pelsor 2001). Since invasion is coincident with habitat modification in these cases, it is
very difficult to discern whether invasion is the driver of community change or a
coincidental symptom of habitat modification (MacDougall and Turkington 2005). For
example, Silliman and Bertness (2004) found that urban development along the border
of marshes was associated with reduced soil salinities, increased nitrogen availability
and invasion of the marsh by the non-native reed Phragmites australis, which in turn
was associated with substantial local extinctions of native marsh species. It is uncertain,
however, whether native species were directly excluded by P. australis under these
changed abiotic conditions, or whether the invader was simply occupying vacant
disturbed spaces no longer suitable for natives.
Second, invasion and habitat modification can act synergistically on native
communities, whereby the emergent effect of their interaction is greater than the ‘simple
additive effects of either of these processes operating independently’ (Didham et al.
2007). In this case, the initial spread and establishment of the non-native invader may or
may not be dependent upon habitat modification, yet the resultant impacts of invasion
on the community are enhanced by the habitat disturbance. For example, Green and
Galatowitsch (2002a) found that invasion of experimental wetlands by the non-native
grass Phalaris arundinacea reduced the abundance of native plants under both low and
high nitrogen availabilities, yet the magnitude of the invader’s impacts on native
abundances was greater when resource levels were high.
The spatial context of habitat modification can also influence changes to native
communities (Suarez et al. 1998, Collinge et al. 2003, Steffan-Dewenter 2003). For
example, Williams et al. (2006) found that local extinction of native grassland plants
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was primarily driven by changes to the condition of the landscape matrix (i.e. extent of
adjacent urbanisation and fire regime) more so than changes to local attributes of the
patch itself, such as its size. What remains unknown is which, if any, of these
contrasting scales of habitat modification interact with non-native species invasion to
drive community change. For instance, if native diversity within the community is
constrained primarily by pollinator availability or long-distance dispersal of propagules
across sites, then the condition of the landscape matrix might be more important than
local site attributes in driving community reponses to invasive species (Bullock et al.
2002, Kupfer et al. 2006, Bartomeus et al. 2010, Herrera and Garcia 2010, Schmucki et
al. 2012). On the other hand, if diversity is driven by the availability of suitable
microsites for propagule settlement and germination, or competition with resident
species, then modification to local site attributes might be more important in modulating
the invader’s effects (Collins et al. 2002).
We used a broad scale multi-site comparison procedure (Adair and Groves
1998) to examine the interactive effects of a non-native plant invader (Stenotaphrum
secundatum (Walter) Kuntze) and anthropogenic habitat modification on an endangered
coastal swamp forest community of southeastern Australia. S. secundatum is a
perennial, C4, stoloniferous, clonal grass (Poaceae) originating from the tropical and
subtropical Atlantic coastlines of Africa and the Americas (Sauer 1972). It has become
invasive in coastal forest of Australia, although its impacts on resident communities is
unknown (Daehler et al. 2004, Pacific Islands Ecosystems at Risk 2005). Specifically, I
asked:
1. Is S. secundatum invasion into swamp forest associated with changes to the
understorey plant community?
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2. How do impacts of S. secundatum invasion on the native forest vary across a
gradient of anthropogenic land use in the adjacent landscape matrix?
3. Is landscape context (i.e. extent of anthropogenic modification, latitudinal
position, etc.) or the local attributes of the forest (e.g. fire severity, canopy
structure and openness, litter biomass) the more important driver of community
change?
2.2. Methods
2.2.1. Study area and habitat
The study was located in remnant stands of Swamp Oak Floodplain Forest
(sensu Tozer et al. (2010), and hereafter termed swamp forest) along approximately 500
km of the southern coastline of New South Wales (NSW), south eastern Australia,
between Sydney (33° 51’ 54” S; 151° 12’ 20” E) and Eden (37° 03’ 55” S; 149° 54’ 04”
E). The study region has a warm temperate climate (Bureau of Meteorology 2013) with
mean annual rainfall of between 700 and 1000 mm at Eden and Sydney, respectively,
and mean annual temperatures ranging from 16°C in winter to 25°C in summer (Bureau
of Meteorology 2012). The swamp forest occurs on marine-derived, saline, waterlogged
or periodically inundated sandy loams along the edges of coastal embayments, estuaries
and brackish floodplains below 10m ASL (Tozer et al. 2010). It is dominated by the
nitrogen-fixing tree Casuarina glauca Sieber ex Spreng. and a dense groundcover of
swamp forbs and graminoids (Tozer et al. 2010). The community is listed as endangered
in NSW (NSW Office of Environment & Heritage 2013), since as little as five to 20
percent of the original (pre-European) swamp forest remains and only less than five
percent of extant stands are located within conservation reserves (Tozer et al. 2010).
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2.2.2. Site selection
We used a correlative, multi-site comparison procedure (Adair and Groves
1998) to assess the potential effects of S. secundatum invasion on the understorey
vascular plant assemblage of the swamp forest, whereby patches of invaded forest were
surveyed and compared with native reference/control forest sites. All known remnant
stands of swamp forest occurring in the study area (based on Tozer et al. 2010) were
visited in June 2010 and inspected for the presence of S. secundatum. I haphazardly
selected a subset of 32 invaded (defined as forest with an understorey consisting of ≥
80% projected foliage cover of S. secundatum) and 32 native reference (defined as
forest understorey with < 5% projected foliage cover of S. secundatum) sites, which
were surveyed between September 2010 and March 2011.
Sites were separated by at least 100 m, and the mean (± SE) distance from one
site to its nearest neighbour was 5.5 (± 1.3) km. Given that the diversity of coastal
swamp vegetation along eastern Australia is known to increase with latitude (Saintilan
2009), and the extensive duration of the survey period (approximately seven months), I
included latitude and survey date as covariates in statistical models to account for
sampling effects. Furthermore, to account for the potential confounding effects of
anthropogenic disturbances, such as urbanisation and deforestation, of the landscape
matrix surrounding each forest site on S. secundatum invasion and its potential
community impacts, I ensured that invaded and native sites were evenly distributed
across a continuum of landscape disturbance intensities, from relatively intact, pristine
coastal landscapes with no history of anthropogenic land use to sites embedded within
intensively urbanised stretches of coast (see related discussion by Brooks et al. 2010;
see Fig. 2.1).
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Figure 2.1. Schematic diagram depicting the allocation of Stenotaphrum secundatum-invaded sites across
a gradient of anthropogenic landscape modification (i.e. urbanisation and agriculture). Percentages are the
cover abundances of anthropogenic land in a circular plot (500 m radius) surrounding each 20 × 20 m
invaded site. Geographic positions of sites are given as latitudes and longitudes beside each plot.
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2.2.3. Vegetation surveys
Each of the 64 sites consisted of a 2 × 2 m (i.e. 4 m2) quadrat (hereafter referred
to as the ‘plot’) randomly positioned in either the centre of a patch of S. secundatum
(with > 1 m separating the edge of the quadrat from the edge of the infestation) or a
patch of non-invaded vegetation. This size of quadrat was chosen as it is known to be
appropriate for sampling fine-scale patterns of understorey plant communities
associated with dense infestations of invasive grasses (Brewer 2008, Cushman and
Gaffney 2010). In each 4 m2 plot I measured the number (i.e. richness) and abundance
of native and other non-native understorey vascular plant species, and the number of
native tree and shrub recruits (see Table 2.1 for details). Understorey vegetation was
considered to comprise any species growing below 2 m in height (Brewer 2008, Brooks
et al. 2010). I did not survey forest vegetation in the middle and upper canopies in these
plots because S. secundatum grows exclusively along the forest floor, has a shallow root
system, and is thus unlikely to directly compete with and displace mature trees and
shrubs (Brewer 2008, Brooks et al. 2010, Spyreas et al. 2010). Non-native species were
defined as those introduced from other regions within Australia or other countries
(Mason and French 2007). Species nomenclature followed Harden (1990, 1991, 1992,
1993). Species abundance was estimated by dividing the plot into a 5 cm grid of 1600
intersecting points, and then calculating the percentage of points under which each
species occurred. Recruits were defined as non-reproductive, juvenile seedlings or
saplings of native trees and shrubs less than 2 m in height.
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Table 2.1. Description of disturbance, environmental and spatial predictor variables used to construct general linear models of alien and native species richness and cover
abundance in coastal swamp forest invaded by the alien turf grass Stenotaphrum secundatum.
Variable type
Scale of parameter*
Response variable
Native groundcover species richness
Native vegetation abundance
Native woody recruit density
Alien species richness
Predictor variable
Patch
Invasion category

Code

Litter volume
Community
Community alien plant richness
Number of dead trees
Fire damage score
Community native plant richness
Ground-layer foliage cover
Shrub-layer foliage cover
Mid-canopy foliage cover
Upper-canopy foliage cover
Number of living trees
Landscape
Matrix urban land cover
Matrix agricultural land cover
Matrix anthropogenic land cover
Matrix natural vegetation cover
Covariate (sampling effect)
Latitude
Collection date

Variable definitions

Units

Species growing < 2 m height

Number/4 m2
% planar cover
Number/4 m2
Number/4 m2

Juvenile woody tree and shrub individuals < 2 m height
Species growing < 2 m height
INVASION

% planar cover

LITTER_VOL

(0) Native (S. secundatum cover < 5%)
(1) Invaded (S. secundatum cover ≥ 80%)
Continuous variable

# ALIEN_COMM
# DEAD_TREE
FIRE
# NAT_COMM
% GROUND_COVER
% SHRUB
% MID_CANOPY
% UPPER_CANOPY
# LIVE_TREE

Continuous variable
Continuous variable (individuals ≥ 2 m height)
Continuous variable
Continuous variable
Continuous variable (canopy stratum: < 0.5 m)
Continuous variable (canopy stratum : 0.5 ≤ x < 2 m)
Continuous variable (canopy stratum : 2 ≤ x < 10 m)
Continuous variable (canopy stratum : ≥ 10 m)
Continuous variable (individuals ≥ 2 m height)

Number species/400 m2
Number/400 m2
n/a
Number species/400 m2
% planar cover
% planar cover
% planar cover
% planar cover
Number/400 m2

% MAT_URBAN
% MAT_AGRI
% MAT_ANTHROP
% MAT_VEG

Continuous variable
Continuous variable
Continuous variable
Continuous variable

% planar cover
% planar cover
% URBAN + % AGRI
% planar cover

LATITUDE
COLLECTION

Continuous variable
Continuous variable

m3

Decimal degrees south
Number of days since
first survey
* Patch: 2 × 2 m (4 m2) quadrat; Community: 20 × 20 m (400 m2) quadrat; Landscape: circular quadrat with radius of 500 m (area approx. 80 ha)
encompassing the patch- and community-scale quadrats.
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We measured the percentage cover, depth and volume of leaf litter in each plot,
as these are known to be key regulators of plant communities (Facelli and Pickett 1991),
particularly in association with non-native grasses, which can extensively modify the
litter dynamics of forest ecosystems (Allison and Vitousek 2004, Wolkovich et al.
2009). Litter cover was estimated using the grid-intercept method as described above
for species abundance, then converted from percentage to cm2; depth was measured as
the mean vertical distance (cm) between the soil surface and the top of the litter layer at
five points positioned randomly across the plot; volume was calculated by multiplying
mean litter depth by litter cover. In a separate study, I measured litter biomass (kg. m-2)
in three invaded and three native 1 × 1 m plots nested within four invaded forest stands
(see Appendix 1 for details of litter sampling).
2.2.4. Community and landscape-scale sampling
To test the assumption that invaded and native sites were similar prior to
invasion by S. secundatum (see related discussion by Adair and Groves 1998,
Lambrinos 2000, Brooks et al. 2010), and to test for the local effects of biotic,
environmental and disturbance characteristics of the forest on the understorey plant
assemblage, the following community-scale predictor variables were measured in a 20 ×
20 m quadrat centred on the 4 m2 plot (see Table 2.1 for details): total native and nonnative vascular plant species richness (including mature tree and shrub species ≥ 2 in
height), the number of dead and living tree and shrubs individuals ≥ 2 m in height,
percentage cover of four vegetation layers characteristic of the swamp forest, and fire
severity. Fire severity was assessed by applying a four-point scale to every tree and
shrub individual greater than 2 m in height (‘1’ = fire not evident; ‘2’ = charcoal on bark
only; ‘3’ = charcoal penetrated to wood; ‘4’ = tree death apparently caused by fire), then
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calculating an overall fire damage score per site using the formula developed by
Fensham et al. (1994): [Sum of fire damage scores/4 × (no. standing living trees + no.
standing dead trees)].
Within the landscape matrix surrounding each forest site I estimated the
percentage cover abundance of three dominant land-use types: urban, agriculture and
native vegetation. This was done remotely using Google Earth (2012) satellite imagery
and following Ives et al. (2011): at an ‘eye’ altitude of 2.19 km, a 78 ha circular quadrat
(with radius of 500 m) was centred upon each 20 x 20 m forest site; this circular quadrat
was then divided into a 20 m-square grid of 1200 intersecting points, and the abundance
of each land use type was calculated as the percentage of points under which each
occurred. Urban land was defined as deforested land dominated by residential or
industrial buildings, hard, impermeable surfaces (e.g. roads, pathways) and peri-urban
vegetation intensively managed by humans, such as parks, gardens, cemeteries,
recreation reserves (McDonnell and Pickett 1990). Agricultural land was defined as
deforested land actively used for livestock grazing or food crops. Urban and agricultural
covers were added to give an overall cover of anthropogenic land use. Native vegetation
included forest, shrubland and marsh, with no history of intensive logging or human
management.
2.2.5. Data analysis
General linear models were constructed to assess the effects of S. secundatum
invasion and the environmental, physical, disturbance and biotic characteristics of the
plot, community and surrounding landscape (i.e. predictor variables; Table 1) on native
and non-native species richness and abundance (i.e. response variables). All analyses
were done using the statistical package JMP® 9 (SAS Institute Inc. 2010). Minimal best42

fit models were constructed using a backwards step-wise elimination procedure
(following Field 2010), whereby non-significant predictors (P > 0.05) were successively
removed from a complete model (i.e. all predictors included). Model fit was verified at
each stage of variable elimination by calculating Akaike’s Information Criterion
(Akaike 1974). Poisson regression (Coxe et al. 2009) was used to model the number of
native tree and shrub seedlings, as these were found at low densities and
transformations were unable to improve normality of the data.
Multicollinearity amongst predictor variables was assessed by generating a
matrix of Pearson correlation coefficients and calculating variance inflation factors for
those predictors included in the reduced best-fit model (Quinn and Keough 2002).
Normality of the data was assessed by inspecting plots of studentised residuals and
performing the Shapiro-Wilk test (Miller 1997). Variation in community and landscape
predictors between invaded and native sites was examined using t-tests, in order to
detect potential confounding effects of these site attributes on community responses to
invasion. For further details of assessment of multicollinearity and construction of bestfit models, see Appendix 2.
Differences in native and non-native communities between invaded and native
sites were analysed using distance-based permutational multivariate analyses of
variance (PERMANOVAs) (Anderson 2001, McArdle and Anderson 2001), performed
with the statistical packages PRIMER 6 (Clarke and Gorley 2006) and PERMANOVA+
B version (Anderson and Gorley 2007). PERMANOVAs were done using Bray-Curtis
similarity indices, which were calculated using species cover abundance and
presence/absence data for all possible combinations of site pairs (McArdle and
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Anderson 2001). Presence/absence transformations allowed us to detect contributions of
rare and less abundant species to community change.
Similarity percentage (SIMPER) analysis was used to identify the species
contributing most strongly to the compositional differences between native and invaded
sites (Clarke 1993). Differences in the abundance and frequency of occurrence between
native and invaded sites for those species identified by SIMPER were verified using
non-parametric Kruskal-Wallis tests (Zar 1999).
2.3. Results
A total of 111 understorey vascular plant species from 44 families were
recorded, 86 being native and 25 alien to the community (Appendix 3). Native and
invaded sites had a total of 86 and 15 native species, and 18 and 17 non-native species,
respectively. Strikingly, 83% of native species were not recorded from sites invaded by
S. secundatum.
2.3.1. General linear models
Six variables were chosen for inclusion as predictor variables in models (i.e.
community native richness, upper-canopy cover, density of living trees, matrix
vegetation cover and latitude; Appendix 2). T-tests revealed that none of the predictor
variables (except litter volume and biomass, see below) varied between invaded and
native sites (Table 2.2).
Leaf litter volume of invaded sites was more than twice that of native forest sites
(Fig. 2.2a; Table 2.2). Furthermore, invaded sites had a significantly greater total (i.e.
native and S. secundatum combined) biomass of litter than native sites (ANOVA: F1,16
= 11.020, P = 0.004; Fig. 2.2b; Appendix 1); however, there was no difference in the
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biomass of native litter between invaded and native sites (ANOVA: F1,16 = 4.240, P =
0.1316; Appendix 1), indicating that increased litter biomass in invaded sites was driven
by the addition of S. secundatum litter.
0.6

(a) Litter volume
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0.5

0.4
0.3
0.2
0.1

0

Total litter biomass (kg.m‐2)
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2
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Figure 2.2. Average (± SE) (a) leaf litter volume (m3) and (b) total (native + S. secundatum) litter
biomass (kg.m-2) in native (n = 31) and invaded (n = 32) coastal swamp forest patches. Note the
differences in y-axis units between figure plates.

The final model of native species richness included three predictor variables (i.e.
invasion category, number of native species in the surrounding forest community, and
anthropogenic land use in the surrounding landscape matrix), which together explained
71% of the variation in native species richness (Table 2.3). Invaded sites had more than
four-times fewer native species than native reference sites (Fig. 2.3a).
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Table 2.2. Results of t-tests showing the variation in disturbance, environmental and spatial variables between native (n = 31) and invaded (n = 32) swamp forest sites.
Environmental parameter
Response variable
Disturbance
Community alien plant richness
Number of dead trees
Fire damage score
Matrix urban land cover
Matrix agricultural land cover
Matrix anthropogenic land cover
Environmental
Litter volume
Ground-layer foliage cover
Shrub-layer foliage cover
Mid-canopy foliage cover
Upper-canopy foliage cover
Number of living trees
Matrix natural vegetation cover
Covariate (sampling effect)
Latitude
Collection date

Units

Mean (± SE)
Native sites
Invaded sites

t1,62

P

Number species/400 m2
Number/400 m2
n/a
% planar cover
% planar cover
% planar cover

6.42 (± 0.96)
3.94 (± 0.61)
0.27 (± 0.01)
24.83 (± 3.63)
4.06 (± 1.85)
28.90 (± 3.45)

6.50 (± 0.95)
3.44 (± 0.60)
0.28 (± 0.01)
25.89 (± 3.90)
3.01 (± 1.35)
28.63 (± 3.67)

0.06
0.59
1.24
0.20
0.46
0.05

0.9526
0.5601
0.2204
0.8430
0.6467
0.9272

m3
% planar cover
% planar cover
% planar cover
% planar cover
Number/400 m2
% planar cover

0.22 (± 0.02)
68.55 (± 4.28)
26.77 (± 2.97)
26.45 (± 2.87)
36.94 (± 2.21)
75.10 (± 6.67)
38.01 (± 3.17)

0.53 (± 0.04)
78.16 (± 3.59)
19.94 (± 3.16)
25.47 (± 2.67)
37.41 (± 2.17)
71.94 (± 6.45)
33.63 (± 2.89)

6.31
1.72
1.58
0.25
0.15
0.34
1.02

<0.0001, Fig. 2.2a
0.0905
0.1199
0.5986
0.8796
0.7346
0.3144

35.21 (± 0.12)
146.16 (± 39.65)

35.25 (± 0.12)
165.25 (± 43.35)

0.27
0.32

0.7849
0.7463

Decimal degrees south
Number of days since first survey
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Table 2.3. Results of general linear models for native species richness (both full model and with the outlier site ‘Corrimal invaded’ removed) and percentage vegetation cover
abundance, and alien species richness in coastal swamp forest invaded by the alien turf grass S. secundatum. Values in bold indicate statistical significance. Models presented
provide the ‘best fit’ for each response variable based on the backwards step-wise elimination procedure, where the elimination of predictors at each step was verified using
the Akaike Information Criterion (AIC).
Response variable
Predictor variable
Patch native species richness
Model
INVASION

DF

SS

F

P

r2

AIC

4
1

28.870
11.182

35.632
55.204

<0.0001
<0.0001

0.711

86.48

# NAT_COMM

1

5.255

25.945

<0.0001

% MAT_ANTHROP
INVASION*% MAT_ANTHROP

1
1

0.438
1.046

2.160
5.164

0.1470
0.0268

58

11.748

3
1
1
1
58

28.121
11.634
4.915
0.286

44.592
55.343
23.382
1.360

<0.0001
<0.0001
<0.0001
0.248

0.70

1
1

705.806
705.806

234.447
234.447

<0.0001
<0.0001

0.794

61

166.410

1
1

12.197
12.197

80.204
80.204

<0.0001
<0.0001

0.568

61

9.277

Error
Patch native species richness (Corrimal removed)
Model
INVASION
# NAT_COMM
% MAT_ANTHROP
Error
Patch native vegetation cover (%)
Model
INVASION
Error
Patch alien species richness
Model
# ALIEN_COMM
Error

Direction of response
Native richness more than four-times lower in invaded than
native plots; Fig. 2.3a.
Positive association between plot (4 m2) and community
(400 m2) scale native species richness.
See interaction.
Positive association between plot native richness and matrix
anthropogenic land cover across invaded sites only; plot
native richness and matrix anthropogenic land cover
unrelated across native sites; Fig. 2.4.

86.19
See above
See above

252.59
Native cover more than 10-times lower in invaded than
native plots; Fig. 2.3b.
64.51

Positive association between plot (4 m2) and community
(400 m2) scale alien species richness.
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There was a significant interactive effect between invasion and anthropogenic
landscape modification: post-hoc linear regressions revealed that native richness and
anthropogenic land use cover were unrelated across native sites (R2 = 0.028; P =
0.3616; Fig. 2.4), but were positively associated across invaded sites (R2 = 0.150; P =
0.0314). However, this interactive effect was weak, and the positive relationship
between native richness and anthropogenic landscape modification across invaded sites
was likely driven by an unusually high number of native species located at one invaded
site at the northern boundary of the study region (Site code: ‘Corrimal invaded’; native
richness: 6; matrix anthropogenic cover: 66.83%; Fig. 2.4). I found that anthropogenic
landscape modification no longer had any effect (either alone or in interaction with
invasion) on native species richness when data from this site were excluded from the
GLM, although the significant negative effect of invasion was retained (Table 2.3). In
addition, the number of native understorey species in the patch-scale plot (4 m2) was
significantly and positively related to the total number of native plant species in the
surrounding community-scale quadrat (400 m2). Native species richness was unaffected
by survey date, latitudinal position of the survey site, vegetation abundance in the
surrounding community (i.e. % ground and upper canopy cover, and tree density) or
density of dead trees.
There was a significant reduction in the cover abundance of native vegetation
associated with S. secundatum invasion (Table 2.3, Fig. 2.3b). Invaded sites were
covered with less than 10% of native vegetation, yet native sites typically had greater
than 70% native vegetation cover. The abundance of native vegetation was not
influenced by any other environmental or disturbance characteristics of the surrounding
community or landscape.
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Figure 2.3. Average (± SE) native (a) species richness and (b) vegetation cover in native (n = 31) and
invaded (n = 32) coastal swamp forest patches. Note the differences in y-axis units between figure plates.
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Figure 2.4. Relationship between native species richness in coastal swamp forest patches (number of
species/4 m2) and anthropogenic land use cover (%) of the surrounding landscape matrix across native (n
= 31) and invaded (n = 32) sites. Solid and dotted trend lines indicate relationships between native
richness and anthropogenic landscape modification with (n = 32) and without (n = 31) the outlier site
‘Corrimal invaded’ (circled), respectively.
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Native sites were 7-times more likely to be occupied by tree and shrub recruits
than invaded sites (Table 2.4, Fig. 2.5). There was also a trend (P = 0.052) towards an
increased likelihood of detecting recruits with increasing latitude, but only across native
sites; the presence of S. secundatum was associated with reduced recruit density
regardless of the site’s latitudinal position.
Non-native species richness was positively associated with the number of nonnative species present in the surrounding forest community (Table 2.3). In contrast to
models of native species, non-native species richness was not affected by S. secundatum
invasion or anthropogenic landscape modification. There was also no effect of any other
environmental or disturbance characteristics of the surrounding community or landscape
on non-native richness.

Table 2.4. Results of Poisson regression for seedling density of native tree and shrub species in coastal
swamp forest invaded by the alien turf grass S. secundatum. Values in bold indicate statistical
significance. The model presented provides the ‘best fit’ for the response variable based on the backwards
step-wise elimination procedure, where the elimination of predictors at each step was verified using the
Akaike Information Criterion (AIC).
Predictor variable
Model
INVASION

DF
3
1

χ2
24.013
12.174

P
<0.0001
0.0005

LATITUDE
INVASION*LATITUDE

1
1

0.002
3.776

0.9665
0.0520

Error

59

AIC
98.069

Direction of response
Native tree and shrub seedling density
more than seven-times lower in
invaded than native plots; Fig. 2.4.
Trend (P < 0.1) towards increased
likelihood of seedling occurrence
with increasing latitude across
native sites only.
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Figure 2.5. Average (± SE) density of native tree and shrub seedlings in native (n = 31) and invaded (n =
32) coastal swamp forest patches.

2.3.2. Models of community compositions
The composition of native communities based on the identity and frequency of
occurrence of species (i.e. presence/absence data) varied significantly between invaded
and native sites (average of Bray-Curtis dissimilarity of 87.91 %; Table 2.5).
Compositions also differed significantly when species abundances were considered, yet
this only increased the magnitude of site dissimilarities by about 9 % (average
dissimilarity of 97.10 %), indicating that the main driver of community differentiation
was a change to the identity and/or frequency of occurrence of species in response to S.
secundatum. Invasion had no effect on the composition of non-native species (Table
2.5).
Nineteen native species (i.e. less than 25% of the total number of native species
recorded from all sites) contributed up to 90% of the total variation in community
compositions between invaded and native sites (SIMPER analysis on abundance data;
Table 2.6). All species showed a pattern of reduced cover abundance associated with S.
secundatum invasion, although this trend was only significant for two species (C.
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dactylon and V. hederacea; Table 2.6). Strikingly, 11 of the 19 species contributors
were completely absent from forest invaded by S. secundatum, highlighting that
community change was driven primarily by local species extirpations.

Table 2.5. Results of one-way permutational multivariate analyses of variance (PERMANOVA) testing
the effects of S. secundatum invasion on the composition of native and alien plant species assemblages in
coastal swamp forest. Analyses used cover abundance and presence/absence data for both native and alien
assemblages. Values in bold are statistically significant.
Species origin
Source of variation
Native species composition
Cover abundance
INVASION
Error
Model
Presence/Absence
INVASION
Error
Model
Alien species composition
Cover abundance
INVASION
Error
Model
Presence/Absence
INVASION
Error
Model

DF

MS

Pseudo-F

P

1
54
55

13222
4424.7

2.988

0.001

1
54
52

11218
3716.3

3.019

0.002

1
32
33

4669.6
4615.2

1.012

0.425

1
24
29

3733.5
4090.8

0.913

0.491
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Table 2.6. Summary of similarity percentage analyses (SIMPER) showing cumulative contributions (up to 90%) of different native species to compositional dissimilarities
between native and invaded swamp forest sites. Data are the average percentage foliage cover and average number of sites occupied (i.e. presence/absence) per species
amongst replicate 4 m2 sites within each invasion category. Summaries of Kruskal-Wallis tests are presented for those species contributing ≥ 5% to compositional differences.
Values in bold indicate statistical significance for Kruskal-Wallis tests.
Data source
Species

Invasion category a
Native

Av.
Dissimilarity

Apium prostratum
Dichondra repens
Microlaena stipoides
Rhagodia candolleana
Oplismenus aemulus
Gahnia clarkei
Carex longebrachiata
Carex appressa
Lomandra longifolia
Leptinella longipes
Phragmites australis

Contribution
(%)

Cumulative
(%)

0.58

16.38

0.53
0.4
0.42
0.41
0.3

15.19
9.16
8.37
8.29
4.19

Kruskal-Wallis test
χ2

P*

16.38

3.268

0.0706

31.57
40.73
49.1
57.39
61.58

8.414
3.120
0.171
13.376

0.0037
0.0773
0.6793

Invaded

Species abundance (mean percentage foliage cover)
Average Bray-Curtis dissimilarity between native and invaded sites = 97.10%
14.7825
2.8375
15.91
Baumea juncea
13.76188
0.4125
14.75
Cynodon dactylon
8.514375
1.13
8.9
Selliera radicans
5.179375
2.4775
8.12
Juncus kraussii subsp. australiensis
5.50375
0
8.05
Viola hederacea
2.764375
0
4.07
Hypolepis muelleri
Parsonsia straminea var. glabrata
Triglochin striata

Diss/SD

2.01
3.4075
2.576875
1.715625
2.135

1.285
0
0.0575
0
0

3.59
2.96
2.57
2.44
2.19

0.42
0.24
0.32
0.32
0.38

3.69
3.05
2.65
2.51
2.25

65.27
68.32
70.97
73.48
75.74

1.875
1.665625
1.32875
1.68125
1.0825

0
0.0075
0
0
0

2.17
1.92
1.81
1.64
1.52

0.18
0.39
0.19
0.2
0.27

2.24
1.98
1.86
1.69
1.56

77.97
79.95
81.81
83.5
85.06

1.28
0.3225
0.774375

0
0
0.3825

1.52
1.41
1.37

0.28
0.18
0.35

1.56
1.46
1.41

86.62
88.08
89.49

0.0003
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Data source
Species

Invasion category a
Native

Av.
Dissimilarity

29
26
23
16
19

Contribution
(%)

Cumulative
(%)

0.83
0.73
0.75
0.67

7.32
6.77
6.04
5.59

16
12
12
2
4

4.78
4.16
4.02
3.45
3.14

0.66
0.61
0.56
0.57
0.48

5.45
4.75
4.59
3.94
3.59

Kruskal-Wallis test
χ2

P*

7.32
14.09
20.13
25.71

6.125
0.2514
6.815
0.745

0.0133
0.6161

31.16
35.92
40.51
44.45
48.03

2.586

0.1078

Invaded

Species presence/absence (mean percentage of sites occupied)
Average Bray-Curtis dissimilarity between native and invaded sites = 87.61%
Cynodon dactylon
48
24
6.41
Juncus kraussii subsp. australiensis
23
36
5.93
Parsonsia straminea var. glabrata
42
16
5.29
Phragmites australis
16
32
4.89
Baumea juncea
Selliera radicans
Samolus repens
Commelina cyanea
Apium prostratum

Diss/SD

0.0090
0.3882
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2.4. Discussion
2.4.1. Invasion and community change
Invasion by S. secundatum into an endangered swamp forest community was
strongly associated with reduced abundance of resident vegetation and altered
community compositions, mainly through considerable local extinctions of native
species. Indeed, S. secundatum invasion was associated with a four-fold decline in
native species richness, with more than 80% of species being completely absent from
invaded forest. In contrast, S. secundatum invasion had no effect on other non-native
flora. A comparison with similar studies indicates that the magnitude of species decline
associated with S. secundatum invasion is at least twice as great as for other non-native
grasses invading similar habitats: for example, invasion by Urochloa mutica in tropical
wetlands (Ferdinands et al. 2005, Michelan et al. 2009); Phragmites australis in
freshwater wetlands (Farnsworth and Meyerson 1999) and saltmarsh (Silliman and
Bertness 2004); and Hymenachne amplexicaulis in freshwater swamps (Houston and
Duivenvoorden 2002), all of which show only a two-fold reduction in resident species
in association with invasion. There was a substantial reduction in tree and shrub
recruitment associated with invasion, signalling a potential long-term structural shift
from tree- to grass-dominated swamp. Forest conversion to grassland, typically through
recruitment limitation of woody vegetation, has been documented elsewhere in response
to non-native grass invasion (e.g. Eliason and Allen 1997, Lambrinos 2000, Davis et al.
2005, Litton et al. 2006).
Due to the correlative nature of multi-site comparative procedures commonly
used to detect invader impacts, especially over large spatial scales, it is inherently
difficult to establish a causal link between invasion and community change. Indeed,
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there is a substantial body of evidence that invasion is contingent upon increases in
resource availability, such as light and nutrients, caused by habitat disturbances that
disrupt or remove indigenous vegetation (Davis et al. 2000, Davis and Pelsor 2001,
Theoharides and Dukes 2007). Thus, an important question that must first be addressed
is whether invasion by S. secundatum was the likely driver of community change or
simply established in disturbance-generated gaps in the understorey vegetation.
However, I measured many key habitat and disturbance characteristics of the forest and
surrounding landscape (such as fire severity, canopy openness, tree density and extent
of urban development), which have been shown elsewhere to facilitate non-native grass
invasion (e.g. D'Antonio et al. 2001, Veldman et al. 2009, Warren II et al. 2011), and
found that none covaried with invasion, or had any effect on the number or abundance
of native species. Indeed, S. secundatum was as likely to occur within geographically
remote, ‘pristine’ forest with a high density of trees, very low light and fire levels, and
no recent history of disturbance as within forest embedded in an extensively urbanised
matrix. The clear predictor of local species extinction in our models was invasion by S.
secundatum.
It is possible, though, that there were other intrinsic, yet unconsidered, historical
differences between native and invaded sites that had coincidentally driven reductions
in community diversity and S. secundatum invasion. The majority of surveyed forest
patches are remote and have very poor, if any, record of historical vegetation changes
(Tozer et al. 2010, Atlas of Living Australia 2013a). Also, S. secundatum was first
introduced to the study region as early as 1882 (Atlas of Living Australia 2013b) and its
invasion may have been facilitated by disturbances occurring very many decades ago
(e.g. sand mining, logging, agistment of cattle into the swamp forest from adjacent
agricultural land), the physical effects of which are no longer evident. However, within
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the vast majority of the remnant forest patches I surveyed both invaded and native sites,
and the scale of disturbances, such as logging and grazing, are likely to have been
greater than the distances between these neighbouring sites (see Adams and Engelhardt
2009 for a similar discussion); thus, most sites probably shared similar disturbance
histories. There may have been small-scale differences, though, between invaded and
native patches of forest in soil pH, nutrient availability, depth, salinity and hydrology,
none of which were examined in our study, but are known to vary over small scales
(Grant et al. 2003) and are important regulators of invasion and community dynamics in
coastal plant communities (Guntenspergen and Levenson 1997, Green and Galatowitsch
2001). These conflicting models of impact could be reconciled through invader addition
(e.g. Lee et al. 2006, Flory and Clay 2010a) and removal (e.g. D'Antonio et al. 1998)
experiments, and continued monitoring of spreading S. secundatum populations
(Maestas et al. 2003).
Further evidence that S. secundatum displaced rather than replaced native
vegetation is its ability to establish and proliferate within non-disturbed, deeply shaded
forest habitats. Unlike other non-native grass species, S. secundatum maintains high
yield and reproductive vigour under low light conditions (Mullen and Shelton 1996,
Genovesi et al. 2009), and its competitive performance increases with shade (Smith and
Whiteman 1983b, Samarakoon et al. 1990). Long-term monitoring plots have shown
that adventitious S. secundatum stolons can spread from established patches into
abutting non-invaded forest without any precursory disturbance to the native vegetation,
where it is able to reach covers of more than 50 % within two years (Gooden
unpublished data; available on request). Indeed, Mullen and Shelton (1996) have shown
that the main mechanism of spread and establishment is via adventitious stolons, which
when planted at a rate of one stolon per 1 m2 can cover a 1 ha field in four months. In
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addition, Gooden and French (2014a) found that native and invaded soil seed banks
located at the same sites investigated here had similar densities of propagules of woody
species, despite invaded sites having substantially fewer seedlings within the standing
vegetation. This indicates that even if S. secundatum was not the primary or original
cause of native species loss, it certainly has led to the suppression of native species over
time.
2.4.2. Litter: a mechanism by which invasion drives community change?
Forest invaded by S. secundatum had twice the amount of litter (by volume and
mass) compared with native forest, indicating that changes to litter accumulation rates
may be one of the mechanisms by which S. secundatum excludes native species.
Increased litter accumulation is frequently associated with non-native grass invasion
(Evans et al. 2001, Mack et al. 2001, Lenz et al. 2003). Increased S. secundatum litter
might reduce the germination and establishment of native plants through shading and
changes to the microclimate experienced by recruits (Lenz et al. 2003, Farrer and
Goldberg 2009); modify rates of litter decomposition and subsequent nutrient
availabilities to natives (Evans et al. 2001, Ehrenfeld 2003, Ogle et al. 2003); or
intercept native propagules, preventing them from becoming incorporated into the soil
seed bank. It is uncertain which, if any, of these processes are operating in forest
invaded by S. secundatum, but this warrants further investigation.
2.4.3. Non-interactive effects of invasion and anthropogenic landscape modification
Contrary to our expectations, I found no evidence for interactive effects of
invasion and landscape modification on the forest community; the rate of species
decline in response to S. secundatum invasion was high irrespective of the condition of
the adjacent matrix. These results are directly opposite to most studies, which typically
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find that interactive effects of invasion and landscape modification on native
communities are negatively synergistic, whereby the adverse effects of both are greater
than the simple additive effects of each (e.g. Green and Galatowitsch 2002a, Winsome
et al. 2006, Didham et al. 2007). Our results indicate that the impacts of S. secundatum
invasion are not enhanced within modified landscapes, but also that invaded forest sites
are not buffered against species losses in areas where adjacent terrestrial habitats are
relatively intact, with a high cover and diversity of vegetation communities.
Furthermore (and also unexpectedly), I found that anthropogenic landscape
modification had no independent effect on the diversity of adjacent swamp forest
patches. I had expected the richness of resident vegetation to decline with increasing
cover of anthropogenic land in the adjacent matrix as a result of reduced vegetation
abundance and associated disruptions to the abiotic (e.g. increased nutrient deposition,
altered hydrology and soil chemistry) and biotic (productivity, seed dispersal and
pollinator mutualisms) processes required for the maintenance of biodiversity in the
coastal swamp forest (e.g. Faulkner 2004, Silliman and Bertness 2004, Lee et al. 2006,
McKinney 2006, 2008). This could be because the majority of resident plants of the
swamp forest have the capacity for long distance dispersal, usually via wind and water
(Benson and McDougall 1993-2005, Thorsen et al. 2009), and populations within
isolated forest patches may receive sufficient supplies of propagules from neighbouring
sites to buffer against local population declines.
In terms of management, our results suggest that there is no particular spatial
context in which the community is most at risk of invasion and that requires more
urgent management intervention to arrest local species extinctions. However, rates of
community recovery following removal of S. secundatum are unlikely to be similar
across all landscape contexts (Bell et al. 1997). Patches of forest in heavily modified
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landscapes may have disrupted networks of pollinators and seed dispersers (Williams et
al. 2005, Bartomeus et al. 2010), as well as altered abiotic conditions (particularly
hydrology and nutrient regimes) that are required for the recruitment and establishment
of many swamp species within this region (Clarke and Hannon 1970, Clarke 1983).
Thus, many species may require assisted recovery to gain representation in the standing
vegetation upon S. secundatum removal from modified landscapes.
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Chapter 3: IMPACTS OF ALIEN GRASS INVASION IN COASTAL SEED
BANKS VARY AMONGST NATIVE GROWTH FORMS AND
DISPERSAL STRATEGIES
A modified version of this chapter is published in Biological Conservation:
Gooden, B. & French, K. (2014) Impacts of alien grass invasion in coastal
seed banks vary amongst native growth forms and dispersal strategies.
Biological Conservation, 171, 114–126.

3.1. Introduction
Alien plant invaders are well known drivers of plant community change, being
frequently associated with local extinctions of resident flora and altered ecosystem
functions (Mason et al. 2009, Ehrenfeld 2010). The majority of research has focused on
impacts to visible components of plant communities, such as the diversity (Bell et al.
1997, Vilà et al. 2011), structure (Mason and French 2008), reproductive output (e.g.
Miller and Gorchov 2004, Morales-Romero and Molina-Freaner 2008) and propagule
dispersal (e.g. Gosper et al. 2006) of the standing vegetation. There is very poor
understanding, however, of how invasion influences the post-dispersal recruitment
processes that regulate vegetation communities, such as the arrival, incorporation and
storage of propagules within the seed bank (but see Holmes 2002, Mason et al. 2007),
and their emergence and establishment in the standing vegetation.
Seed banks of the soil and associated litter are particularly important in the
regulation of plant community assembly processes, since they comprise a large
component of the suite of species available for recruitment into the standing vegetation
and allow for the persistence and turnover of sexually reproducing species at a
particular locality (Roberts 1981, Chambers and MacMahon 1994). Seed banks are
considered to be ‘reservoirs of biodiversity’ (Vilà and Gimeno 2007) and the primary
mechanism by which many communities recover following stochastic disturbances that
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cause damage to the standing vegetation (Kalamees and Zobel 2002, Vosse et al. 2008,
Davies et al. 2013). Their diversity is thus considered an important determinant of a
community’s resilience to environmental change (Vilà and Gimeno 2007). Furthermore,
seed banks can act as intergenerational reservoirs of genetic diversity, buffering small,
transient and threatened populations from local extinction (Honnay et al. 2008,
Godefroid et al. 2011). Impacts of invasive plants on the seed bank thus have important
implications for the persistence, recoverability and future diversity of resident
vegetation following invader management (Fourie 2008, Vosse et al. 2008), and will
inform whether restoration intervention will be necessary to facilitate community
recovery (Mason et al. 2007).
Invasion can disrupt seed inputs by competitively reducing reproductive rates of
adult plants in the standing vegetation (e.g. Miller and Gorchov 2004) and the supply of
propagules to invaded sites. Upon arrival, propagules may be physically intercepted and
prevented from reaching the seed bank if the invader increases the density of foliage or
litter at the soil surface (Chambers and MacMahon 1994). Surprisingly, to the best of
our knowledge, trapping of propagules by litter as a mechanism for seed bank
disruption has not as yet been investigated, despite invasion, particular by alien grasses,
frequently causing an increase in rates of litter accumulation (Evans et al. 2001,
Coleman and Levine 2007). If, however, propagules are able to become successfully
incorporated within the seed bank, the invader may prevent their recruitment into the
standing vegetation by chemically inhibiting germination (Ens et al. 2009), changing the
abiotic conditions required for recruitment (Farrer and Goldberg 2009) or increasing
rates of seed predation and disease (Beckstead et al. 2010).
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Native biodiversity responses to alien plant invasion are typically investigated in
terms of changes to the absolute number of resident species (i.e. richness; Vilà et al.
2011), but it is increasingly recognised that species losses vary across different plant
functional groups (see review by Mason et al. 2009). Differential species losses
amongst functional groups, such as growth form (Gooden et al. 2009a, Gooden et al.
2009b) or dispersal strategy (Mason and French 2008), in response to invasion may be
more important than absolute reductions in richness, since functional diversity is
strongly linked to key ecosystem processes, such as productivity, strata complexity,
nutrient cycling and light availability (Mouillot et al. 2011b). Functional group
responses to invasion have only rarely been examined in the seed bank (but see Mason
et al. 2007, Mason and French 2008), yet any differential responses are likely to have
strong effects on the emergent structure and composition of regenerating communities
following invader control if some groups are more depauperate in species than others
(i.e. 'priority effects', Mason et al. 2013a). Furthermore, an examination of functional
responses may indicate the mechanisms by which invasion drives community change.
For example, relatively greater losses of vertebrate-dispersed than wind or waterdispersed species from invaded communities could indicate that community change is
driven indirectly via impacts on assemblages and feeding behaviours of resident
vertebrate dispersers, such as birds.
We used a seedling emergence study to investigate the effects of invasion by the
alien grass Stenotaphrum secundatum (Walter) Kuntze on soil-stored seed banks in
endangered coastal swamp forests of south-eastern Australia. Stenotaphrum secundatum
is a perennial, C4, stoloniferous, clonal grass (Poaceae), originating from the tropical
and subtropical Atlantic coastlines of Africa and the Americas (Sauer 1972). Invasive
populations along the eastern Australian coastline have been present since at least the
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late 1800s (first naturalised specimen collected from Sydney in 1882; Atlas of Living
Australia 2013b), were most likely derived from a sterile triploid variant (Long and
Bashaw 1961a) that originated from South Africa (Sauer 1972, Mullen and Shelton
1996), and which spread vegetatively from adventitious stolons. The contribution of
newly-developed, commercial fertile cultivars to invasive populations is unknown. In
Australia, S. secundatum is associated with substantial reductions of species diversity
and altered compositions of coastal forest as well as increased rates of litter
accumulation (Gooden and French 2014b). This species has received no attention as a
potential threat to the environment, probably because it is widely used throughout
Australia as a valuable amenity turf grass of urban and recreational areas, but is
considered to pose a high risk to native communities across coastal Australia and
Oceania (Daehler et al. 2004, Pacific Islands Ecosystems at Risk 2005).
Specifically, I asked:
1. What are the effects of invasion on the diversity and composition of the native
seed bank, and do responses vary amongst species with different growth forms
and dispersal strategies?
2. What are the relative contributions of seeds in litter and soil to the seed bank?
Considering that S. secundatum invasion doubles the biomass and depth of litter
(Gooden and French 2014b), is there evidence that alien litter interferes with the
accumulation of propagules in the soil?
3. Based on the condition of the seed bank, what is the likely mechanism of
community change associated with invasion: limited supply of propagules to the
seed bank or limited recruitment into the standing vegetation?
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Furthermore, in order to predict the capacity for unassisted community
regeneration from the seed bank following invader management, I asked:
4. How similar are compositions of the standing vegetation and seed bank, and are
similarities lower at invaded sites?
5. What is the richness and abundance of other alien species in the seed bank?
3.2. Methods
3.2.1. Study area and habitat
The study was located in remnant stands of Swamp Oak Floodplain Forest
(sensu Tozer et al. 2010), an endangered ecological community (NSW Office of
Environment & NSW Office of Environment and Heritage 2013), along approximately
400 km of the southern coastline of New South Wales (NSW), south eastern Australia,
between Sydney (33° 51’ 54” S; 151° 12’ 20” E) and Eden (37° 03’ 55” S; 149° 54’ 04”
E). The community is characterised by the dominant nitrogen-fixing tree Casuarina
glauca, with a sparse shrub layer and a dense groundcover of herbs and graminoids,
such as Cyperus, Baumea and Juncus species, that are typical of swamp and marsh
vegetation of estuaries and coastal lagoons of eastern Australia (Clarke 1983, Tozer et
al. 2010). The community is restricted to coastal embayments and estuaries on
waterlogged soils below 10 m ASL (Tozer et al. 2010). For details of the structural and
floral attributes of the endangered community, climatic and geological characteristics
and map of the study region, see Tozer et al. (2010).
Impacts of S. secundatum invasion on the litter and soil seed banks were
assessed using a correlative, multi-site comparative procedure (Adair and Groves 1998,
Mason and French 2007), whereby the assemblage of emergent seedlings from samples
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collected from 26 patches of extensively-invaded forest were compared with those from
26 patches of non-invaded reference forest dominated by native species. Seed banks
were sampled from 2 m × 2 m plots at the same sites and times (between September
2010 and March 2011) as surveys of the standing vegetation that were carried out
previously by Gooden and French (2014b). Infestations of S. secundatum at each
invaded site covered an area of greater than 100 m2, with a foliage cover abundance of ≥
80%. Non-invaded sites were dominated by native vegetation, with less than 5% foliage
cover of S. secundatum. Sites were randomly interspersed, separated on average by 5.5
km, and evenly distributed across a gradient of anthropogenic land use in the
surrounding matrix to ensure that impacts of S. secundatum were not confounded by
extrinsic habitat disturbances (Gooden and French 2014b). Furthermore, invaded and
non-invaded sites shared similar biological, physical and disturbance characteristics
(e.g. a similar richness of alien species, tree densities and covers of the herb, shrub and
tree canopy layers in the standing vegetation, as well as similar fire histories and covers
of urban and vegetated land in the surrounding landscape matrix) (Gooden and French
2014b). These characteristics were included in statistical models as explanatory
variables in order to assess community and landscape effects on the seed banks.
3.2.2. Sampling and seedling emergence
Effects of S. secundatum invasion on the density and richness of viable
propagules within the seed bank were assessed using a seedling emergence glasshouse
experiment, following protocols developed by Poiani and Carter Johnson (1988) and
Mason et al. (2007). Although seedling emergence studies cannot be relied upon to
detect dormant seed, it is a useful method for rapidly assessing the ecologically viable
component of the seed bank and the species that are thus likely to contribute to the
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regenerating community following control of invasive species (Brown 1992). Within
each 2 m × 2 m plot I carefully collected leaf litter from within 10 random subplots of
100 mm × 100 mm, avoiding the soil surface beneath. Soil was sampled from a different
set of 10 random points (excluding litter), using cores of diameter 63 mm and depth of
100 mm. Soil and litter cores were bulked on site to reduce within-site variability. Soil
was sieved through a 6 mm × 6 mm mesh to remove stones, woody debris and other
contaminants. I also recorded the number of native and alien species within the standing
vegetation in both the 2 m × 2 m plots from which soil samples were taken as well as 20
m × 20 m quadrats surrounding each of these plots.
Soil and litter samples were spread evenly to a depth of approximately 20 mm
over a propagation medium of 1:1 vermiculite/perlite within 340 mm × 290 mm
propagation trays. These were positioned randomly within glasshouses located at the
University of Wollongong’s Ecological Research Centre (34°24'16.90"S,
150°52'17.98"E). Tap water was applied to each tray twice daily for 5 minutes from
misters housed 50 cm above each tray. The positions of trays within the glasshouses
were changed randomly once per fortnight. Seedling emergence was assessed once per
fortnight for the first three months, then monthly thereafter for one year. Seedlings were
removed from trays upon identification, or transferred to individual pots and grown
until identification could be achieved. Species nomenclature followed Harden (1990,
1991, 1992, 1993). I interspersed 10 control trays (containing only the
vermiculite/perlite base) amongst samples to control for contaminant seeds within the
glasshouses.
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3.2.3. Functional groups
Emergent species from the seed bank were recorded as either native or alien to
the study region. Alien species were defined as those introduced from other regions
within Australia or other countries (Mason and French 2007). Native species were then
assigned to one of two broad dispersal strategies, either ‘short’ or ‘long’, following
French et al. (2008). Short distance dispersal was assigned if either no dispersal
mechanism could be identified, or if seeds were capable of moving only up to 10 m
from the parent plant (e.g. ballistic or ant dispersal). Species using long distance
dispersal strategies were those capable of moving seeds in the order of tens to hundreds
of metres or more (Mason and French 2008). Long distance dispersers were further
divided into one of four categories: water, wind, endo- and exo-zoochory (Mason and
French 2008). Species’ dispersal strategies were determined through literature searches
(Harden 1990, Westoby et al. 1990, Harden 1991, 1992, 1993, Benson and McDougall
1993-2005, Thorsen et al. 2009).
Species were assigned to one of four growth forms: herbs, graminoids, climbers
and woody species. These forms were chosen as they are the main contributors to the
structure of the swamp forest community (Tozer et al. 2010). Any differential effects of
S. secundatum invasion amongst these groups are thus likely to result in significant
shifts in the community’s structure and productivity. Herbs were considered to be nonwoody, usually broad-leaved forbs growing to below 50 cm in height; graminoids were
monocotyledonous grasses and grass-allies, including sedges and rushes; climbers
included vines, trailers, twiners and scramblers that require other vegetation for
structural support; woody species included shrubs and trees growing to above 50 cm in
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height. Growth forms were determined through inspection of species’ habits in the field
as well as descriptions within Harden (1990, 1991, 1992, 1993).
3.2.4. Data analysis
Similarities in the assemblage of native species between the standing vegetation
and seed bank (i.e. litter and soil combined) were assessed by comparing numbers of
species, as well as Sørensen’s quotient of similarity (Sørensen 1948), calculated as
follows: QS = [2C/(A + B)] × 100, where A and B are the number of respective species
in the seed bank and standing vegetation, and C is the number of species common to
both assemblages. Two-way analyses of variance (ANOVA) were used to assess
differences in native and alien species richness between the seed bank and standing
vegetation across both S. secundatum invaded and non-invaded habitats. A one-way
ANOVA was used to compare the seed bank-standing vegetation QS between S.
secundatum invaded and non-invaded habitats.
Compositional differences between the seed bank and standing vegetation were
assessed using distance-based permutational multivariate analysis of variance
(PERMANOVAs) (Anderson 2001), performed with the statistical packages PRIMER 6
(Clarke and Gorley 2006) and PERMANOVA+ B (Anderson and Gorley 2007).
PERMANOVAs were done using Bray-Curtis similarity indices, calculated using
species presence/absence data for all possible combinations of sample pairs (McArdle
and Anderson 2001). Sites containing no species were removed from analyses as BrayCurtis indices cannot be calculated using ‘0’ values. Compositional differences were
also assessed visually by generating non-metric multidimensional scaling ordination
plots (Clarke 1993). Similarity percentage (SIMPER) analysis was used to identify the
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species contributing most strongly to the compositional differences between the seed
bank and standing vegetation (Clarke 1993).
General linear models (GLMs) were used to assess the effects of S. secundatum
invasion, as well as the extrinsic physical, biological and disturbance characteristics of
the surrounding community and landscape (i.e. predictor variables) that were measured
previously by Gooden and French (2014b) on the germinant density and richness of
native and alien species within the litter, soil and total (i.e. litter and soil combined)
seed banks (i.e. response variables). Our modelling approach followed the procedure
outlined by Field (2010) and was performed using the statistical package JMP® 9 (SAS
Institute Inc. 2010):
1. Multicollinearity amongst predictors was assessed by generating a matrix of
Pearson correlation coefficients (Quinn and Keough 2002). Three uncorrelated
community-level predictors (i.e. number of native species of the standing
vegetation within the 400 m2 quadrat, and percentage cover of ground and upper
canopy vegetation layers) and one landscape-level predictor (i.e. percentage
cover of vegetation in the matrix surrounding each site) were included in models
(Gooden and French 2014b). Date of collection (i.e. number of days since first
sample was collected) and latitudinal position (i.e. decimal degrees south) were
also included as covariates to account for sampling effects.
2. GLMs were constructed using a backwards step-wise elimination procedure,
whereby non-significant predictors (P > 0.05) were successively removed from a
complete model (i.e. all predictors and their first-order interactions included).
Model fit was verified at each stage of variable elimination by calculating
Akaike’s Information Criterion (Akaike 1974). Normality of the data and
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homogeneity of variances amongst treatments were assessed by inspecting plots
of studentised residuals.
3. GLMs were also done to assess the variation in native species richness within
each of the dispersal and growth form functional groups in response to invasion
and the other extrinsic environmental predictors measured previously by Gooden
and French (2014b). Poisson regression, using the same backwards step-wise
selection procedure as for GLMs, was used to model the response of woody
species richness to invasion, as such species were rare in the seed bank, and data
transformations were unable to improve normality of the data.
PERMANOVAs were used to assess the differences in seed bank compositions of
native and alien species between S. secundatum invaded and non-invaded habitats.
Analyses were done using both species abundance (i.e. germinant density) and
presence/absence data. Analyses using presence/absence data allowed us to detect the
contributions of rare and less abundant species to community change. SIMPER analysis
was used to identify the species contributing most strongly to the compositional
differences between non-invaded and invaded sites.
Dead or unidentifiable germinants were removed from analyses. The mean
percentage of germinants across seed bank samples that died and could not be identified
to species level was only 0.85%, and did not vary significantly between invaded and
non-invaded seed bank samples (t-test: t1,52 = 1.69, P > 0.05). Thus, I considered that
excluding these data was unlikely to influence our results.
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3.3. Results
3.3.1. Compositional similarities between native standing vegetation and seed bank
In total, 142 native species were recorded from the emergent seed bank (113
species) and standing vegetation (74 species) across the 26 native and 26 invaded sites
(Appendix 4). Approximately 66 (58%) and 29 (39%) of the species were unique to the
seed bank and standing vegetation, respectively. A two-way ANOVA revealed that the
mean (± SE) native species richness pooled across all sites (n = 52) was significantly
higher in the seed bank (10.75 ± 0.67 species) than the standing vegetation (4.3 ± 0.63
species) (Table 3.1). This difference in species richness was consistent in both invaded
and non-invaded habitats, as indicated by the non-significant interaction term between
invasion category (i.e. invaded vs. non-invaded habitats) and sample type (i.e. soil vs.
standing vegetation) in the model (Table 3.1). Species richness combined across the
seed bank and standing vegetation also varied significantly between invaded (5.2 ± 0.58
species) and non-invaded (9.8 ± 0.57 species) habitats (Table 3.1; but see section 3.3.2.
for details of invasion effects within the seed bank and Gooden and French (2014b) for
details of invader effects on the standing vegetation).
Table 3.1. Results of two-way ANOVA for native species richness in response to S. secundatum invasion
(two treatment levels: invaded vs. non-invaded habitats) and sample type (two treatment levels: standing
vegetation vs. seed bank). Bold P-values denote significant effects.

Source of variation

DF

SS

F

P

R2

Model

3

1691.4721

32.4376

< 0.0001

0.49

Invasion category

1

575.4977

33.1092

< 0.0001

Sample type

1

1107.4838

63.7152

< 0.0001

Invasion category × Sample type

1

12.5404

0.7215

0.3977

Error

102

1772.9430
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The native standing vegetation and seed bank assemblages were strongly
dissimilar based on the identity (i.e. presence/absence) of species (PERMANOVA:
pseudo F1,98 = 16.93, P = 0.001; Fig. 3.1). Across all sites, the mean (± SE) Sørensen’s
quotient of similarity (SQ) between the seed bank and standing vegetation was 17.7 (±
2.2) %. The degree of similarity between the standing vegetation and seed bank was,
however, significantly lower for sites invaded by S. secundatum than non-invaded
reference sites, with respective mean (± SE) SQ values of 9.9 (± 2.8) % and 25.2 (± 2.8)
% (one-way ANOVA: F1,51 = 14.96, P = 0.0003). The seed bank assemblage was more
homogeneous than the standing vegetation, since sites were more tightly clustered
within the nMDS (Fig. 3.1).

Figure 3.1. Non-metric multidimensional scaling (nMDS) ordination of native species presence/absence
within the standing vegetation (n = 46, coloured circles) and seed bank (n = 52, clear circles). Points closer
together in ordination space indicate relatively more similar species assemblages based on Bray-Curtis
indices of dissimilarity (2D stress: 0.18).

The species contributing most strongly to compositional differences between the
seed bank and standing vegetation were typically graminoids and herbs with long
distance dispersal mechanisms (SIMPER analysis; Table 3.2). In almost all cases, these
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species occupied a greater percentage of sites in the seed bank, yet were rarely
represented in the standing vegetation (except for two species, Phragmites australis and
Parsonsia straminea, which were common in the standing vegetation but absent from
the seed bank). Subsequent site inspections (up to four visits per site over two years
following the initial sampling of the seed bank and standing vegetation) revealed that
only nine (14%) of the 66 species unique to the seed bank germinated and became
established in the standing vegetation at only seven (13%) sites. This indicates that the
low similarity between the seed bank and standing vegetation is a potentially long-term
trend rather than an artefact of the timing of our sampling, and that the seed bank is in
the very least a poor short-term (and perhaps long-term) predictor of the standing
vegetation. However, longer term monitoring will be necessary to determine the
temporal scale over which the seed bank contributes to the standing vegetation.
3.3.2. Impacts of invasion on the native seed bank
In total, 9393 germinants, consisting of 113 native and 40 alien species, were
recorded from the combined litter and soil seed banks (none were detected in control
trays). Over 86% of germinants were native in origin, and the majority of these were
recorded from non-invaded habitats (see below for details of invader effects). The litter
contributed very little to both the native and alien species seed banks, with only 6% of
native and 9% of alien germinants emerging from the litter. Likewise, for both native
and alien species, the litter seed bank consisted of 70% fewer species than the soil seed
bank. There were no species unique to the litter seed bank.
In total, 8100 native germinants were recorded from the combined litter and soil
seed banks. The richness and germinant density of native species in the litter seed bank
were unaffected by S. secundatum invasion (Table 3.3; Fig. 3.2). However, both the
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richness and density of native germinants in the soil seed bank were significantly lower
at sites invaded by S. secundatum than non-invaded sites (Table 3.3; Fig. 3.2). There
was also a significant decrease in germinant density with increasing latitude south, and
a positive association between species richness in the soil seed bank and the richness of
the standing vegetation in the surrounding forest community (i.e. 20 m × 20 m plot).
However, the richness and density of germinants were not affected by any other of the
disturbance or environmental attributes of the surrounding community or landscape that
were included in the models as explanatory variables (Table 3.3).
The native seed bank community (litter and soil combined), based on the
identity of species (i.e. presence/absence data), varied substantially between invaded
and non-invaded sites (average Bray-Curtis dissimilarity of 72.4%; pseudo F1,52 = 1.794,
P = 0.033). Compositions also differed significantly when the germinant densities of
species were considered (average Bray-Curtis dissimilarity of 88.34%; pseudo F1,52 =
1.629, P = 0.025), yet this only increased the magnitude of compositional differences by
about 16 %, indicating that the main driver of community differentiation associated with
invasion was a change to the identity and/or frequency of occurrence of species.
SIMPER analysis revealed that only six species (i.e. 5% of the total number of
species detected in the seed bank) contributed up to 50% to the compositional
differences between invaded and non-invaded sites (Table 3.4).
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Table 3.2. Summary of SIMPER analysis, showing the cumulative contributions (up to 50%) of native species to the average dissimilarity between the standing vegetation
and seed bank assemblages.
Species

Growth
form

Dispersal

Sites occupied (%)
Seed bank
(n = 52)

Average
dissimilarity
(%)
4.85

Diss/SD

1.11

Contribution to
dissimilarity
(%)
5.27

3.89

0.85

4.22

Oxalis perennans

Herb

Ballistic

68

Standing
vegetation
(n = 46)
2

Juncus kraussii

Graminoid

Water

55

26

Lobelia anceps

Herb

Vertebrate

53

4

3.6

0.94

3.91

Cynodon dactylon
Juncus usitatus
Samolus repens
Baumea juncea
Oxalis sp.

Graminoid
Graminoid
Herb
Graminoid
Herb

Water
Water
Water
Vertebrate
Ballistic

6
45
25
28
36

41
2
20
20
0

3.14
2.97
2.61
2.53
2.47

0.73
0.8
0.64
0.68
0.68

3.41
3.23
2.83
2.74
2.68

Tetragonia tetragonioides
Oplismenus aemulus
Parsonsia straminea
Commelina cyanea

Herb
Graminoid
Climber
Herb

Water
Vertebrate
Wind
None

21
28
0
13

15
20
30
20

2.24
2.16
2.04
1.99

0.56
0.68
0.59
0.54

2.43
2.34
2.22
2.16

Typha orientalis
Phragmites australis
Apium prostratum

Graminoid
Graminoid
Herb

Water/Wind
Water/Wind
Water

25
0
19

0
22
11

1.82
1.78
1.74

0.49
0.46
0.54

1.98
1.93
1.88
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Germinant richness
(# species/site)

Germinant density
(# individuals/site)
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*

12
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Figure 3.2. Average (± SE) differences in germinant density and richness of native species within litter, soil and total (litter and soil combined) seed banks between S.
secundatum invaded (n = 26) and non-invaded (n = 26) coastal swamp forest habitats. Note the differences in y-axis units and ranges between figure plates. Asterisks denote
significantly different means based on GLMs.
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Table 3.3. Results of general linear models of richness and density of native germinants in the litter, soil and
total (litter and soil combined) seed banks in coastal swamp forest invaded by the alien turf grass S. secundatum.
Values in bold indicate significant effects.

Seed bank sample type
Response variable
Predictor variable
Litter seed bank
Density
Model non-significant
Richness
Model non-significant
Soil seed bank
Density
Model
Invasion category
Ground cover (%)
Latitude
Error
Richness
Model
Invasion category
Native community richness
Invasion category × Native community richness
Error
Total seed bank (litter + soil)
Density
Model
Invasion category
Latitude
Error
Richness
Model
Invasion category
Native community richness
Error

DF

SS

F

P

R2

1

81.936

1.019

0.318

0.020

1

10.166

3.151

0.082

0.058

3
1
1
1
48

297354.8
159676.37
76142.64
142490.77
1025271.0

4.737
7.631
3.639
6.810

0.006
0.008
0.062
0.012

0.225

3
1
1
1
48

500.772
71.848
124.838
55.484
675.983

12.100
5.208
9.049
4.022

<0.001
0.027
0.004
0.051

0.426

2
1
1
49

228833.8
129224.67
115803.87
1145520.2

4.994
5.640
5.055

0.011
0.021
0.029

0.167

2
1
1
49

470.076
64.815
261.009

15.267
4.210
16.955

<0.001
0.045
<0.001

0.379
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Table 3.4. Summary of SIMPER analyses, showing the cumulative contributions (up to 50%) of native species within the seed bank to the average dissimilarity between S.
secundatum invaded and non-invaded sites, based on germinant densities and species presence/absence.
Data source
Species

Growth
form

Dispersal

Invasion categorya

Av.
Dissimilarity

Native
Invaded
(n = 26)
(n = 26)
Germinant density; average dissimilarity between non-invaded and invaded categories= 88.34 %
Lobelia anceps
Herb
Vertebrate
23.11
13.04
11.52
Juncus kraussii
Graminoid Water
28.32
8.5
9.95
Juncus usitatus
Cyperus polystachyos
Oxalis perennans
Isolepis habra

Graminoid
Graminoid
Herb
Graminoid

Water
None
Ballistic
Water

23.43
17.04
9.07
22.86

14.62
14.31
6.08
1.04

8.22
6.03
6.02
4.33

Diss/SD

Contribution
(%)

Cumulative
cont. (%)

0.72
0.56

13.04
11.26

13.04
24.3

0.59
0.47
0.62
0.34

9.3
6.82
6.81
4.9

33.61
40.43
47.24
52.14

3.68
3.59
3.49

3.68
7.27
10.76
14.21
17.48
20.63
23.56
26.47
29.07
31.61
34.08
36.53

Germinant presence/absence; average dissimilarity between non-invaded and invaded categories = 72.40 %
Herb
Vertebrate
Lobelia anceps
61
46
2.67
0.93
Graminoid Water
Juncus kraussii
54
58
2.6
0.91
Herb
Ballistic
Oxalis spp.
46
23
2.53
0.88
Graminoid Water
Juncus usitatus
46
42
2.5
0.92
Herb
Ballistic
Oxalis perennans
71
65
2.36
0.81
Baumea juncea
Samolus repens
Oplismenus aemulus
Typha orientalis
Cyperus polystachyos
Apium prostratum
Isolepis habra

Graminoid
Herb
Graminoid
Graminoid

Vertebrate
Water
Vertebrate
Wind/Water

Graminoid
Herb
Graminoid

None
Water
Water

43
32
43

15
19
15

2.28
2.12
2.11

0.83
0.72
0.84

3.45
3.26
3.15
2.93
2.91

21
25
32
25

27
27
8
23

1.88
1.84
1.79
1.77

0.71
0.74
0.7
0.7

2.6
2.54
2.48
2.45

Continued over page…
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Tetragonia tetragonioides
Chenopodium glaucum
Mimulus repens
Centella asiatica
Oxalis exilis
Bacopa monnieri
Viola hederacea

Herb
Herb
Herb

Water
Vertebrate
Water

Herb
Herb
Herb
Herb

None
Ballistic
Vertebrate
Ant

21
29

19
15

1.68
1.68

0.65
0.7

2.33
2.32

38.86
41.18

29
32
18
18
21

12
8
12
15
12

1.64
1.62
1.36
1.35
1.26

0.65
0.68
0.55
0.59
0.6

2.26
2.24
1.88
1.87
1.74

43.44
45.68
47.56
49.43
51.18

a

Values are mean number of germinants per site (i.e. density) and percentage of sites occupied per species (germinant presence/absence)
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3.3.3. Functional effects of S. secundatum invasion on the native seed bank
The seed bank assemblage across all sites was dominated by species with long
rather than short distance dispersal strategies (Fig. 3.3). Of the long distance dispersers,
the majority were water dispersed. The majority of species were either herbs or
graminoids; there were very few woody and climbing species represented in the seed
bank.
Overall, the richness of species within both short (unassisted, ant and ballistic
combined) and long (wind, water and vertebrate combined) distance dispersal categories
was significantly lower (by about 32%) in invaded than non-invaded sites (Table 3.5;
Fig. 3.3). However, the richness of water and wind dispersed species was unaffected by
S. secundatum invasion. The richness of wind dispersed species was negatively related
to the percentage cover of ground layer plants in the standing vegetation in the
surrounding community and declined significantly within increasing latitudinal position
of sites. The richness of both endo- and exo-zoochorously dispersed species was
significantly lower in invaded than non-invaded sites. The magnitude of species loss
associated with S. secundatum invasion was relatively larger for exozoochorous species
(more than 70% reduction in richness) than for endozoochorous species (35% reduction
in richness).
Species richness was significantly lower (by about 35%) for herb and graminoid
growth forms in invaded than non-invaded sites, however the richness of woody tree
and shrub species was unaffected by invasion (Table 3.5; Fig. 3.3). The effects of
invasion on climbing species richness could not be determined because only four
species emerged from soil collected from four locations (all of which were non-invaded
sites), and each species was represented by only one germinant.
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The disturbance and environmental attributes of the surrounding community and
landscape that were included in the GLMs as explanatory variables did not affect the
richness of species within any dispersal group or growth form (Table 3.5).
12
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8
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*

4
2
0
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(d) Wind

(e) Vertebrate
(endo + exochorous)

(f) Vertebrate
(endochorous)
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8

Germinant richness (# individuals/sample)

6
4
2
0
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8
6
4

*

*

2
0
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(g) Vertebrate
(exochorous)

(h) Woody

8
6
4

*

2
0
12

(j) Gramminoid

(i) Herb

10
8

*

6

*

4
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0
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Figure 3.3. Differences in average (± SE) seed bank germinant richness between S. secundatum invaded (n
= 26) and non-invaded (n = 26) coastal swamp forest habitats for species with (a) short and (b-g) long
distance dispersal strategies and (h-j) different growth forms. Asterisks denote significantly different means
based on GLMs.
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Table 3.5. Results of general linear models for native germinant richness within herb, woody and
graminoid growth forms and seven dispersal strategies in seed banks of coastal forest invaded by the alien
turf grass S. secundatum. Note that results for Poisson regressions are presented for richness of woody
and exozoochorous species. Values in bold indicate significant effects.

Plant functional category
Response variable
Predictor variable
Growth form
Herb
Model
Invasion category
Error
Woody (Poisson)
Model non-significant
Graminoid
Model
Invasion category
Error
Dispersal mechanism
Short distance
Model
Invasion category
Error
Long distance (total)
Model
Invasion category
Error
Water
Model non-significant
Wind
Model
Ground cover (%)
Latitude
Error
Vertebrate (total)
Model
Invasion category
Error
Vertebrate (endozoochory)
Model
Invasion category
Error
Vertebrate (exozoochory)
Model
Invasion category
Collection date
Error

DF

SS

F

1
1
50

63.577
63.577
258.348

12.551
12.551

1

χ2

0.0361

P

R2

0.001
0.001

0.197

0.849

1
1
50

32.759
32.759
365.128

4.576
4.576

0.037
0.037

0.082
0.082

1
1
50

2.311
2.311
21.479

5.489
5.489

0.023
0.023

0.097

1
1
50

106.223
106.223
588.758

9.201
9.201

0.004
0.004

0.153

1

23.644

3.576

0.064

0.066

2
1
1
49

15.071
7.985
4.973

7.977
8.453
5.264

0.001
0.005
0.026

0.242

1
1
50

24.053
24.053
101.117

12.132
12.132

0.001
0.001

0.192

1
1
50

7.808
7.808
60.078

6.629
6.629

0.013
0.013

0.115

2
1
1
49

11.127
6.607
4.607

0.004
0.010
0.032
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3.3.4. Alien species and potential for secondary invasion
In total, 49 alien species (excluding S. secundatum) were recorded from across
the 52 sites (Appendix 4). A two-way ANOVA revealed that the standing vegetation
had significantly fewer alien species than the seed bank, with respective means (± SE)
of 1.23 (± 0.20) and 4.17 (± 0.41) species. Alien species richness was unaffected by S.
secundatum invasion (Table 3.6).
Table 3.6. Results of two-way ANOVA for alien species richness in response to S. secundatum invasion
(two treatment levels: invaded vs. non-invaded habitats) and sample type (two treatment levels: standing
vegetation vs. seed bank). Bold P-values denote significant effects.
Source of variation
Model
Invasion category
Sample type
Invasion category × Sample type
Error

DF
3
1
1
1
102

SS
232.0334
1.6936
230.0001
0.7548
568.3063

F
13.8818
0.3040
41.2806
0.1355

P
< 0.0001
0.5826
< 0.0001
0.7136

r2
0.29

In total, 1293 alien germinants, representing 40 species, were recorded from the
seed bank, 92% of which emerged from soil samples. The density of alien germinants in
both the litter and soil was unaffected by S. secundatum invasion (Table 3.7; Fig. 3.4).
However, density in the litter was positively associated with alien species richness and
the percentage ground layer cover of the standing vegetation in the surrounding
community (i.e. 20 × 20 m plot), but negatively associated with the date of collection.
Alien germinant density in the soil was positively associated with the percentage cover
of standing vegetation in the surrounding landscape matrix, but only for sites invaded
by S. secundatum.
Although the litter comprised very few alien germinants (i.e. 8%) compared with
the soil, alien species richness in the litter was significantly greater in sites invaded by
S. secundatum than non-invaded sites (Table 3.7; Fig. 3.4). Alien species richness in the
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soil was unaffected by S. secundatum invasion, but was positively associated with alien
species richness and the percentage cover of ground and upper canopy layers of the
standing vegetation in the surrounding community. Alien richness declined with
sampling date in both the litter and soil. S. secundatum contributed very little to the
assemblage of alien species in the seed bank: only 24 S. secundatum germinants (i.e. 2%
of the total number of alien germinants) were recorded from eight invaded sites, and
none from non-invaded sites.
S. secundatum invasion had no effect on the composition of the alien species
seed bank (PERMANOVA: presence/absence, pseudo F1,51 = 1.861, P = 0.07;
germinant density, pseudo F1,51 = 1.398, P = 0.112).
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Figure 3.4. Average (± SE) differences in germinant density and richness of alien species within litter, soil
and total (litter and soil combined) seed banks between S. secundatum invaded (n = 26) and non-invaded (n
= 26) coastal swamp forest habitats. Note the differences in y-axis units and ranges between figure plates.
Asterisks denote significantly different means based on GLMs.
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Table 3.7. Results of general linear models for richness and density of alien germinants in the litter, soil
and total (litter and soil combined) seed banks in coastal swamp forest invaded by the alien turf grass S.
secundatum. Values in bold indicate significance effects.

Seed bank sample type
Response variable
Predictor variable
Litter seed bank
Density
Model
Alien community richness
Ground cover (%)
Collection date
Error
Richness
Model
Invasion category
Collection date
Error
Soil seed bank
Density
Model
Invasion category
Matrix vegetation cover (%)
Invasion category × Matrix vegetation cover (%)
Error
Richness
Model
Invasion category
Alien community richness
Ground cover (%)
Upper canopy cover (%)
Invasion category × Ground cover (%)
Collection date
Error
Total seed bank (litter + soil)
Density
Model non-significant
Richness
Model
Alien community richness
Upper canopy cover (%)
Collection date
Error

DF

SS

F

P

r2

3
1
1
1
48

174.940
71.809
55.324
69.266
520.041

5.495
6.766
5.213
6.526

0.003
0.012
0.027
0.014

0.252

2
1
1
49

11.110
6.870
4.364

6.116
7.563
4.804

0.004
0.008
0.033

0.197

3
1
1
1
48

21169.65
6048.534
8019.159
10699.879
121139.14

2.854
2.447
3.244
4.328

0.047
0.124
0.078
0.043

0.149

6
1
1
1
1
1
1
45

201.707
0.244
60.577
1.339
29.093
40.772
21.451
185.576

8.333
0.060
15.016
0.332
7.212
10.106
5.317

<0.0001
0.807
0.0003
0.567
0.010
0.003
0.026

0.521

3

21095.79

2.700

0.056

0.142

3
1
1
1
48

167.592
72.096
32.971
33.470
293.879

9.315
12.021
5.498
5.581

<0.0001
0.001
0.023
0.022

0.363
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3.4. Discussion
3.4.1. Impacts of invasion on the seed bank: is the community propagule or
recruitment limited?
Invasion by S. secundatum was associated with significant but moderate (i.e.
30%) losses of native species from the seed bank, and an increase in the compositional
dissimilarities between the seed bank and standing vegetation. Those species still
present in invaded seed banks generally had lower propagule densities than in noninvaded seed banks, signalling potential future reductions in diversity in response to
invasion. Our results contrast with most other seed bank studies, which show that
invasion by alien plants generally has little effect on biodiversity attributes of seed
banks (e.g. Wearne and Morgan 2004, Biggerstaff and Beck 2007, Mason et al. 2007,
Vilà and Gimeno 2007, Giantomasi et al. 2008, Adams and Engelhardt 2009).
Generally, I found little effect of landscape context, such as the cover of indigenous
vegetation surrounding sites, or environmental condition of the community, such as the
cover of different canopy strata, on responses of seed bank communities to invasion.
However, across both invaded and non-invaded habitats, there was a decline in native
germinant densities with increasing latitude south, and a positive effect of vegetation
richness in the surrounding forest community on seed bank richness, implying that
broader community condition buffers losses of species from seed banks in S.
secundatum infestations.
There are two main mechanisms by which S. secundatum invasion could have
lowered seed bank diversity: (1) lowering rates of propagule supply to infested sites
through either reductions in reproductive output of mature resident plants or visitation
rates of key seed dispersers (e.g. Ens and French 2008, Morales-Romero and MolinaFreaner 2008), or (2) competitively interfering with propagule viability and emergence
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as a result of residual allelochemicals (e.g. Ens et al. 2009) or pathogens (Beckstead et
al. 2010) within the soil or modifications to soil chemistry (Novoa et al. 2013). The
relative importance of these mechanisms in driving low rates of germinant emergence is
unknown since the seedling emergence method used here is unable to detect the
presence of dormant or unviable propagules in the seed bank (Poiani and Carter Johnson
1988, Brown 1992).
A recent study by Gooden and French (2014b) found that 2 m × 2 m plots of
vegetation infested with S. secundatum had about 80% fewer species than non-invaded
forest, which is a rate of species loss more than two times greater than is evident for the
seed bank. This trend indicates that although species losses from the seed bank do
occur, the strongest driver of community change following S. secundatum invasion is
reduced species recruitment into the standing vegetation. Indeed, propagules of
Casuarina glauca, the dominant canopy tree within the community, were present in the
seed bank at high densities across all sites, but invaded vegetation had more than 85%
fewer seedlings than non-invaded forest (Gooden and French 2014b), signalling a
substantial shift in the physical structure of the forest.
3.4.2. No effect of alien litter on the seed bank
Across all habitats, litter contributed very little to the complement of species
within the seed bank (6% of native germinants), none of which were unique to the litter.
This was surprising considering that litter, often in the form of floating wrack, is a
known repository for a variety of marsh and swamp species (Minchinton 2002), and has
been shown in woodland systems to contain as much as 25% of germinants (Fisher et al.
2009). Despite S. secundatum doubling the biomass and depth of litter in the forest
(Gooden and French 2014b), richness and density of germinants in the litter seed bank
88

did not vary between invaded and non-invaded habitats. This indicates that the addition
of S. secundatum litter at the soil surface does not inhibit propagules from entering the
soil seed bank. However, litter may still influence recruitment from the seed bank,
subsequently driving greater rates of species loss from the standing vegetation, by
altering the abiotic conditions required for seed germination, such as light, temperature
and moisture (Facelli and Pickett 1991). Litter has been shown to limit recruitment in
other ecosystems invaded by alien grasses (e.g. Coleman and Levine 2007, Holdredge
and Bertness 2011). The relative importance of litter versus direct competition with S.
secundatum on recruitment from the seed bank could be assessed using manipulative
litter and shoot removal experiments (e.g. Minchinton et al. 2006, Coleman and Levine
2007).
3.4.3. Do impacts on seed bank diversity vary across growth forms and dispersal
strategies?
Impacts of invasion on species richness in the seed bank varied amongst both
native plant growth forms and dispersal strategies. Although woody trees and shrubs
were the least speciose growth form in the seed bank, they were equally represented in
both invaded and non-invaded habitats. Herb and graminoid growth forms, however,
had significantly fewer species in invaded seed banks. This trend contrasts with an
invasion study by Mason et al. (2007) which found that the seed banks of coastal hind
dune woodlands invaded by the woody shrub Chrysanthemoides monilifera ssp.
rotundata had similar levels of graminoid and herb richness, but had about 75% fewer
tree species than sparsely-invaded dunes.
Relative differences in the dominance of growth forms in the seed bank may
have important consequences for the structure of emergent communities following
invader management, if priority species moderate the success of subsequent immigrant
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species. In swamp forest, the relative loss of herbs and graminoids from S. secundatuminvaded sites may result in an emergent community dominated by juvenile woody trees
and shrubs. Woody ‘priority’ species could interfere with the recolonisation of sites by
herbs and graminoids after removal of S. secundatum by competitively pre-empting
resources (most probably light) or changing the abiotic conditions required for their
establishment (Mason et al. 2013b). This represents a potential indirect legacy effect of
S. secundatum on the community, leading to continued absences of herb and graminoid
species from the standing vegetation even once the invader has been removed.
Overall, S. secundatum invasion was associated with losses of species with both
short and long distance dispersal strategies. However, within the long distance dispersal
group, species losses were driven by a reduction in the number of vertebrate dispersed
species, not of those dispersed passively by either wind or water. Losses of vertebrate
dispersed species might have resulted from reduced occupancy of invaded sites by
frugivorous birds or macropods, such as swamp wallaby (Wallabia bicolor), red-necked
wallaby (Macropus rufogriseus) and eastern grey kangaroo (Macropus giganteus),
which are very abundant throughout the study region (pers. obs.) and important
dispersers of indigenous flora (Clifford and Drake 1985, Willson et al. 1989). Such
vertebrate species may have avoided invaded areas because of the low abundance of
native plants upon which to forage, the reduction in woody shrubs used for roosting, or
if S. secundatum is relatively less palatable than native plants and thus not attractive to
them as a food source. Many species with short distance dispersal mechanisms that are
absent from both the seed bank and standing vegetation may be unable to re-establish
spontaneously following invader removal, and may need to be actively reintroduced by
land managers (French et al. 2011). Likewise, many vertebrate-dispersed species may
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be delayed in re-establishing at invaded sites if the dispersers continue to avoid
infestations after the removal of S. secundatum.
3.4.4. What is the potential for unassisted community regeneration from the seed
bank following invader management?
The seed bank and standing vegetation assemblages varied substantially, with
only 17% of species on average per site being shared between them. Such low levels of
similarity are consistent with other seed bank studies (e.g. Holmes and Cowling 1997,
Mason et al. 2007, Vilà and Gimeno 2007). However, in contrast to other coastal plant
communities (e.g. Mason et al. 2007, Mason and French 2008), this difference was
driven primarily by a significantly greater number of unique species within the seed
bank, rather than a loss of characteristic species of the standing vegetation from the seed
bank. Indeed, many species considered to be characteristic of the community, e.g.
Juncus kraussii, Casuarina glauca, Lobelia anceps, Baumea juncea (Tozer et al. 2010),
were well represented in the seed bank, often at high propagule densities and more
common than in the standing vegetation. Since over 80% of species unique to the seed
bank never emerged into the standing vegetation, it is likely that the seed bank functions
as a propagule sink (at least in the absence of soil disturbance), and that vegetation
diversity of the swamp forest is limited by low rates of post-settlement recruitment,
rather than reductions in the arrival of propagules to sites or their storage within the
seed bank. Although S. secundatum invasion was associated with significant reductions
in seed bank species richness, invaded seed banks still contained significantly more
species, most of which were unique, than the overall standing vegetation. In general,
therefore, I consider that there is a high potential for unassisted reestablishment of a
species-rich standing vegetation from the seed bank, although one that is unlikely to
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resemble the characteristic community in either structure, function or the identity of
species.
There are several implications that emerge from our study for the restoration of
native vegetation following removal of S. secundatum. First, several functional groups,
such as herbs, graminoids and vertebrate dispersed species, may require supplemented
reintroduction as their propagules are poorly represented in invaded seed banks.
Regenerating communities are likely to be underrepresented in herbs and graminoids,
and relatively dominated by woody species. Since woody species are relatively longlived, their potential dominance of regenerating vegetation might cause long-term shifts
in vegetation structure and diversity by preventing the recolonisation of herbaceous
species. Species reintroductions may be more necessary in sites with southern
geographical location as well as those with low species richness in the broader forest
community.
Alien species contributed strongly to the seed bank, representing about 30% of
the total number of species recorded; thus, there is a significant threat of secondary
plant invasion to the regenerating community. The risk of secondary invasion could be
reduced by controlling S. secundatum towards the end of summer when the richness of
secondary invaders in the soil is lower than in spring, as well as using chemical
application to dense infestations, rather than manually removing stolons, in order to
limit disturbance of the litter and soil, which has been shown to increase weed
emergence elsewhere (e.g. Mason and French 2007). Furthermore, whilst seed banks
represent the regeneration potential of a community following invader removal (Holmes
and Cowling 1997), the contribution of the seed bank and the restoration trajectory of
the regenerating community will be influenced strongly by the removal regime (e.g.
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intensive mechanical versus extensive chemical removal; Mason and French 2007).
Long-term monitoring of regenerating vegetation will be required to identify those
species unable to recolonise sites, and which thus require supplemented reintroduction,
and to ensure that secondary invaders do not dominate the emergent vegetation.
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Chapter 4: ALIEN GRASS DISRUPTS REPRODUCTION AND POSTSETTLEMENT RECRUITMENT OF CO-OCCURRING NATIVE PLANTS: A
MECHANISM FOR DIVERSITY DECLINE IN INVADED FOREST?
A modified version of this chapter is published in Plant Ecology:
Gooden, B., French, K. & Robinson, S. A. (2014) Alien grass disrupts
reproduction and post-settlement recruitment of co-occurring native
vegetation: a mechanism for diversity decline in invaded forest? Plant
Ecology, 215, 567-580.

4.1. Introduction
Alien plant invaders are considered amongst the greatest threats to the
biodiversity, structure and function of indigenous plant communities at local and global
scales (Vitousek et al. 1996, Vitousek et al. 1997b, Mack et al. 2000). Recent
comprehensive reviews (e.g. Gaertner et al. 2009, Vilà et al. 2011) as well as
community-scale manipulative experiments (e.g. Green and Galatowitsch 2002a, Flory
and Clay 2010a) have clearly shown that invasion is associated with significant
reductions in native plant diversity and altered vegetation communities, yet there is less
information on the mechanisms by which such changes are driven. To date, the majority
of studies that seek to identify impact mechanisms have focussed primarily on either
direct competitive effects of invaders on the growth and persistence of co-occurring
native plants, usually at small scales (see review by Daehler 2003), or indirect effects on
native populations via changes to key ecosystem-level processes, such as disturbance
regimes and nutrient cycling (see review by Levine et al. 2003). There is growing
evidence that declining native populations are also driven by limited species recruitment
(that is, the germination of propagules and the growth and survival of subsequent
seedlings) at invaded sites, leading to the reduced viability, persistence and replacement
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of resident populations in invaded habitats, and ultimately declines in vegetation
diversity (Ens and French 2008, Galbraith-Kent and Handel 2008).
Current evidence suggests that there are two main pathways by which invaders
drive recruitment limitation of co-resident plant populations: first, by reducing the
reproduction of co-occurring native plants through either direct competition for
resources (D'Antonio et al. 1998), or disruption of pollinator services and/or pollen
quality (Bjerknes et al. 2007, Morales and Traveset 2009). This, in turn, may reduce the
density of propagules within the seed bank (especially for species with short distance
dispersal strategies, whose declining reserves of seed may not be supplemented by
immigrant seed from adjacent, non-invaded populations) and ultimately the number of
propagules available for recruitment into the standing vegetation (Vilà and Gimeno
2007, Gioria and Osborne 2009). Second, invaders can limit post-settlement recruitment
by inhibiting the germination of propagules (e.g. Ens et al. 2009) or the subsequent
survival of emergent recruits (e.g. Gorchov and Trisel 2003, Miller and Gorchov 2004).
The relative importance of these processes to overall declines in native plant
populations across invaded landscapes remains unknown, since they are most often
studied in isolation.
We used invasion of an endangered coastal forest community by the alien turfgrass Stenotaphrum secundatum (Walter) Kuntze as a model to test whether native plant
population declines in invaded communities are driven by either limited production of
propagules or their dispersal to and storage within soil seed banks. Stenotaphrum
secundatum is a stoloniferous, C4 grass (Poaceae), native to the tropical and subtropical
Atlantic coastlines of Africa and the Americas (Sauer 1972). It is widely used
throughout eastern Australia as an urban and recreational turf grass, particularly in
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coastal areas. Recent research has shown that invaded forest has significantly fewer
native species, both in the standing vegetation and seed bank, and lower rates of woody
plant recruitment than non-invaded forest (Gooden and French 2014b, a), but it is
unknown whether such declines are due to a reduction in the health, fitness and
reproductive output of resident natives.
Specifically, I compared invaded with non-invaded (reference) sites to
simultaneously examine effects of S. secundatum invasion on the (1) reproductive effort
and output, (2) storage of propagules in the soil seed bank and (3) abundance and
frequency of occurence within the standing vegetation of three target native species:
Tetragonia tetragonioides (Pall.) Kuntze (Aizoaceae), Baumea juncea (R.Br.) Palla
(Cyperaceae) and Juncus kraussii Hochst (Juncaceae). Simultaneous examination of
responses to invasion at each of these three key life-history stages will enable us to
identify the point at which the invader limits recruitment and drives population declines
of native species. These species were chosen as they are characteristic of the swamp
forest community (Tozer et al. 2010), are morphologically and phylogenetically distinct,
and have different modes of pollination and propagule dispersal. Furthermore, I
predicted that impacts of S. secundatum invasion will vary amongst the target species as
a function of their different modes of pollination, seed dispersal and growth habit: i.e.
populations of species which are insect-pollination and have the capacity for longdistance dispersal, such as T. tetragonioides, will be relatively less likely to decline in
response to invasion because any in situ loss of propagules might be supplemented by
immigrant ones from adjacent non-invaded sites. An understanding of such life-history
traits may thus enable prediction of species’ responses to invasion.
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4.2. Methods
4.2.1. Study area and habitat
Each of the three studies consisted of comparisons (using standard protocols
outlined by Adair and Groves 1998) of each of the target species between S.
secundatum-invaded and non-invaded reference sites located within remnant stands of
an endangered swamp oak floodplain forest community along the southern coastline of
New South Wales (NSW), Australia, between Sydney (33° 51’ 54” S; 151° 12’ 20” E)
and Eden (37° 03’ 55” S; 149° 54’ 04” E). The study region has a warm temperate
climate with mean annual rainfall of between 700 and 1000 mm at Eden and Sydney,
respectively, and mean annual temperatures ranging from 16°C in winter to 25°C in
summer (Bureau of Meteorology 2012, 2013). The swamp forest community occurs on
marine-derived, waterlogged sandy loams, bordering coastal estuaries and brackish
floodplains (Tozer et al. 2010). It has a very simple structure, characterised by a dense
upper canopy dominated by the nitrogen-fixing tree Casuarina glauca Sieber ex
Spreng, a very sparse shrub layer, and a semi-continuous, species-rich groundcover of
forbs and graminoids (Tozer et al. 2010). The community is listed as endangered in
NSW (Tozer et al. 2010, NSW Office of Environment and Heritage 2013).
4.2.2. Description of focal species
Juncus kraussii ssp. australiensis is a stout, tussock-forming, shortly
rhizomatous, perennial graminoid, which grows commonly in damp, waterlogged,
saline swamps and forests of south eastern and western Australian coastlines (Harden
1993). Inflorescences are borne singly on a culm and arranged in compound cymes of
discrete clusters of fertile flowers, with each cluster consisting of usually 4-6 flowers;
each flower develops into a multi-seeded capsule (Pellow et al. 2009; Table 4.1, Fig.
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4.1). Seeds are small and most likely dispersed by wind (Benson and McDougall 2002).
Seeds sink immediately in water, and during periods of inundation are likely to settle
near the parent plant (Clarke and Hannon 1970).
Baumea juncea is a slender, rhizomatous, extensively spreading, perennial
graminoid, which grows commonly in brackish or saline swamps on sandy soils along
the south-eastern and western Australian coastlines (Harden 1993). Flowers are
arranged in spikelets, and each spikelet contains only one bisexual, fertile flower, which
develops into a single nut (hereafter termed seed); spikelets are few and arranged in
erect, paniculate inflorescences borne singly on a slender culm (Pellow et al. 2009;
Table 4.1, Fig. 4.1). Seeds are large and are usually shed directly beneath the parent
plant, with little capacity for long distance dispersal (Thorsen et al. 2009).
Tetragonia tetragonioides is a broad-leaved, succulent, prostrate, spreading,
short-lived perennial forb, arising from a slender taproot (Pellow et al. 2009; Table 4.1,
Fig. 4.1). It is very widespread and common throughout eastern Australia across a
variety of habitats, predominately coastal shrublands, forests, estuaries and the margins
of salt marsh, but also in arid areas of western New South Wales and Queensland
(Pellow et al. 2009). Flowers are bisexual, usually solitary in leaf axils, and comprise a
single, large, multi-locular ovary with up to 10 ovules, each with the potential to
develop into a seed (Gray 1997, Pellow et al. 2009). The fleshy fruit may be ingested
and dispersed by birds (Thorsen et al. 2009), but trials (B. Gooden, unpublished data)
have shown that dried fruit collected from beneath parent plants and from flooddeposited wrack can float on seawater for at least 30 days, which is sufficient time for it
to disperse many tens to hundreds of metres from parent plants. Tests on
morphologically-similar fruit of a congener species, T. decumbens Mill., revealed
buoyancy of greater than two years (Heligers 2007).
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Table 4.1. Morphological, taxonomic and reproductive characteristics of the study species, including the number and location of sites from which samples were gathered.
No. of
sample
locations

Sample locationb

Fleshy fruit dispersed
by birds (Thorsen et al.
2009), but floats when
dry and dispersed
principally by water
and wrack across study
region (pers. obs.).

5

Puckeys, Primbee,
Windang, Wallaga,
Cuttagee

Single seed per nut;
single nut produced
per flower; 1000
seed weight 4.1 g.

Large nuts are shed
beneath parent plants,
but may be ingested
and spread by wetland
birds (Rea and Ganf
1994; B. Gooden, pers.
obs.).

6

Squires Way, Primbee,
Kioloa, Dalmeny,
Nangudga, Wallaga

Multiple seed per
capsule; 1000 seed
weight 0.02 g.

Seeds sink immediately
in water and thus not
water dispersed (Grant
et al. 2003); dispersed
principally by wind
(Clifford and Drake
1985); seed
mucilaginous when wet
and may be transported
on animal fur/feathers
or in mud (Clifford and
Drake 1985, Lichstein
et al. 2004).

9

Puckeys, Primbee,
Commerong, Currarong,
Sanctuary Point, Sussex
Inlet, Kioloa, Nangudga,
Wallaga

Species

Class (Family)

Growth
habit

Flower
phenology

Morphology of
reproductive organs

Seed
characteristicsa

Dispersal strategy

Tetragonia
tetragonioides
(Pall.) Kuntze

Magnoliopsida
(Aizoaceae)

Prostrate,
short-lived
perennial.

Throughout
year; maximum
fruiting during
winter and
spring (pers.
obs.).

Styles 5–10; ovary 28 locular with up to
10 ovules; fruit
fleshy, sub-globose,
10–12 mm diameter,
woody, multiple seed.

Seeds numerous per
fruit, pyriform, light
brown; 1000 seed
weight 31.8 g.

Baumea
juncea (R.Br.)
Palla

Liliopsida
(Cyperaceae)

Extensively
spreading
perennial
with long
rhizome.

October to
January
(Clifford and
Drake 1985).

Inflorescence a
panicle, 15-80 mm
long; flowers
bisexual, arranged in
spikelets;
reproductive organs
enclosed in glumes,
perianth absent.

Juncus
kraussii
Hochst.

Liliopsida
(Juncaceae)

Tussockforming,
shortly
rhizomatous
perennial.

Spring to
summer (Pellow
et al. 2009).

Inflorescence a
compound cyme, >
100 mm long;
flowers borne in
clusters; ovary 1-3
locular; fruit a
capsule.

Continued over page…
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a

Seed sizes calculated as average weights of 1000 seeds; data obtained from Royal Botanic Gardens Kew Seed Information Database (1989).
Geographical location of sample sites, in order of north to south (latitude, longitude): Squires Way (34°23'52.20"S; 150°54'9.10"E), Puckeys (34°24'25.20"S; 150°53'46.60"E),
Primbee (34°30'15.10"S; 150°52'25.10"E), Windang (34°32'18.29"S; 150°51'33.51"E), Commerong (34°51'56.70"S; 150°44'46.10"E), Currarong (35° 1'7.60"S; 150°48'51.90"E),
Sanctuary Point (35° 6'19.20"S; 150°38'24.30"E), Sussex Inlet (35° 8'57.62"S; 150°35'37.01"E), Kioloa (35°32'46.50"S; 150°22'56.50"E), Dalmeny (36° 9'43.26"S; 150° 7'18.21"E),
Nangudga (36°14'48.21"S; 150° 8'15.45"E), Wallaga Lake (36°21'56.10"S; 150° 4'7.80"E), Cuttagee (36°29'24.02"S; 150° 3'4.02"E).
b
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Figure 4.1. Photographic examples of arrangements of reproductive structures for (a-b) Juncus kraussii, (c)
Baumea juncea and (d-e) Tetragonia tetragonioides: (a) section of a highly fecund J. kraussii infructescence
with 7 clusters of fruiting capsules, each bearing multiple seeds; (b) section of a J. kraussii infructescence
with 5 clusters of mainly unfertilised or aborted flowers; (c) B. juncea infructescence bearing 5 unfertilised or
aborted floral spikelets and 2 seeds; (d) axial position of solitary fruit on T. tetragonioides stem and (e)
transverse section of T. tetragonioides fruit with 6 seeds.
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4.2.3. Assessment of species’ frequency of occurence and abundance in the standing
vegetation
To determine the effects of S. secundatum invasion on the frequency of occurence
(i.e. presence or absence) and abundance of the three target species, a subset of 20
extensively S. secundatum-invaded and 20 non-invaded sites were haphazardly selected
from a pool of sites that had been surveyed in a previous study of S. secundatum invasion
in the coastal swamp forest (for details of site selection and survey protocols, see Gooden
and French 2014b). Infestations of S. secundatum at each invaded site were spatially
extensive, covering an area of greater than 400 m2, with a foliage cover abundance of S.
secundatum of ≥ 80 %.
A 10 m × 10 m quadrat was established at each site: at invaded sites, quadrats were
positioned randomly within the centre of each patch of S. secundatum, with quadrat edges
at least 2 m from the edge of the patch; at non-invaded sites, quadrats were randomly
positioned in native vegetation that contained less than 5 % foliage cover of S. secundatum.
In each quadrat I recorded the presence or absence of each target species, and, where
present, estimated each species’ abundance using a modified Braun-Blanquet cover
abundance index (Poore 1955, Mason and French 2007): “1”, < 5% and single plant; “2”, <
5 % and uncommon; “3”, < 5 % and common; “4”, 5-20 %; “5”, 21-50 %; “6”, 51-75 %;
“7”, 76-100 %. Surveys were done between September 2010 and March 2011.
4.2.4. Seed bank sampling
Effects of S. secundatum invasion on the frequency and abundance of propagules of
each target species within the soil seed bank were assessed using a seedling emergence
glasshouse experiment, following protocols developed by Poiani and Johnson (1988) and
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Mason et al. (2007). Between September and December 2010, whilst the target species
were fruiting, but before they had shed seed, I randomly collected 10 soil cores (corer
dimensions: diameter, 63 mm; depth, 100 mm) from 2 m × 2 m quadrats that were
established within 26 S. secundatum-invaded and 26 non-invaded sites interspersed
randomly across the study region. Infestations of S. secundatum at each invaded site
covered an area of greater than 100 m2, with a foliage cover abundance of ≥ 80 %, and noninvaded sites were dominated by native vegetation, with less than 5 % foliage cover of S.
secundatum.
Soil cores from each site were bulked, sieved through a 6 mm × 6 mm mesh to
remove stones, woody debris and rhizomatous material, and spread evenly to a depth of
approximately 20 mm over a 1:1 vermiculite/perlite base within 340 mm × 290 mm
propagation trays (Gooden and French 2014a). Sieved residue was carefully inspected for
T. tetragonioides fruit, which were reintegrated as necessary back into each soil sample.
Trays were allocated randomly within glasshouses located at the University of
Wollongong’s Ecological Research Centre (34°24'16.90"S, 150°52'17.98"E). Seedling
emergence was assessed fortnightly for the first three months, then monthly thereafter for
one year (September 2010 to September 2011). All seedlings were removed from trays
once identified and counted. Ten control trays containing only the vermiculite/perlite
mixture were randomly interspersed amongst sample trays to control for contaminant seeds
within the glasshouses (no contaminants were detected). Trays were watered twice daily for
5 minutes using tap water expelled from misters housed 50 cm above each tray. The
positions of trays within the glasshouses were changed randomly once a fortnight.
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4.2.5. Measurement of species’ size and reproduction
To assess the effects of invasion on the morphological and reproductive traits of the
target species, six reproductively mature (flowering stage) plants were sampled from
between 5-9 sites where the species were present (Table 4.1). At each site, three plants were
haphazardly sampled from within patches of S. secundatum, and three from adjacent noninvaded vegetation. Infestations of S. secundatum covered an area of greater than 400 m2,
with foliage cover abundance of S. secundatum of ≥ 80 %. Sampling was done between
July and October 2011 in order to sample fruit that had developed during the previous
flowering seasons.
A 1 m × 1 m plot was positioned around each plant. The above-ground biomass of
each species was measured by clipping all plant material rooted within each plot at the soil
surface, then bagging and drying the vegetative biomass to constant weight (5 days at 60oC;
mass recorded to ± 0.01 g). For T. tetragonioides, I also assessed the effects of invasion on
specific leaf area (SLA), which is the ratio of a leaf’s surface area (and thus capacity to
intercept light) to the mass invested in its construction (Westoby 1998). Plants may adopt a
high SLA strategy upon competition with an invader in order to increase their capture of
diminishing light resources whilst keeping the costs of leaf construction to a minimum
(Westoby 1998). I calculated SLA by randomly selecting up to 10 fully expanded,
undamaged leaves per plot, measuring their surface area (cm2) using a portable leaf area
meter (LI-COR Inc. Model LI-3000A), drying leaves to constant weight (as above; mass
recorded to ± 0.001 g), then diving surface area by dry weight (Westoby 1998). The mean
SLA of the 10 leaves per plot was used in subsequent analyses.
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The total reproductive output for each species was assessed in the field by counting
and bagging the total number of fruit for T. tetragonioides and infructescences for B. juncea
and J. kraussii per 1 m2 plot (Bazzaz et al. 1979; see Table 4.2 for description of
reproductive measurements for all species). The reproductive ‘effort’ invested by plants
into fruit production was calculated by dividing the total number of fruit or infructescences
by plant biomass. Seed set for T. tetragonioides was measured as the number of seeds per
fruit (calculated as the mean number of seeds based on measurements of up to 10 fruit per
m2). Baumea juncea seed set was measured as the total number of seeds per m2.
Furthermore, the glumes that enclose unfertilised flowers persist within B. juncea
inflorescences once seeds begin to develop (B. Gooden pers. obs.; Fig. 4.1), thus making it
possible for us to determine flowering effort (calculated as the mean number of unfertilised
flowers and seeds of up to 10 infructescences per m2) as well as rates of seed development
(calculated as the mean proportion of the original number of flowers that developed into
seeds of up to 10 infructescences per m2). Similarly, the two perianth whorls of J. kraussii
flowers persist within inflorescences once fruiting capsules begin to develop (B. Gooden
pers. obs.; Fig. 4.1), thus allowing us to determine the total flowering effort (calculated as
the average number of unfertilised flowers and fruiting capsules within 20 randomly
selected floral clusters of up to 5 randomly selected infructescences per m2) as well as fruit
set (calculated as the mean proportion of the original number of flowers per floral cluster
per infructescence per m2 that developed into fruiting capsules). For J. kraussii I also
measured the size of each infructescence (calculated as the mean number of floral clusters
of up to 5 randomly selected infructescences).
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4.2.6. Data analysis
Differences in the likelihood of species’ occurrence between invaded and noninvaded habitats within both the standing vegetation (n = 20) and seed bank (n = 26) were
assessed using binomial generalised linear models. Species were scored as either present
(“1”) or absent (“0”) from sites. Differences in species’ abundance in the standing
vegetation (i.e. percentage foliage cover across each 10 m × 10 m quadrat) and seed bank
(i.e. number of germinants per sample per 2 m × 2 m quadrat) between invaded and noninvaded habitats were assessed using the non-parametric Kruskal-Wallis test (Zar 1999),
since data transformations were unable to satisfy assumption of parametric analyses.
Comparisons of abundance were done using data only from the subset of sites from which
each species was present.
Effects of invasion (fixed factor with two levels: invaded versus non-invaded) and
location (random factor: variable number of levels depending on target species, Table 4.1)
on the morphological and reproductive traits of the target species (response variables, Table
4.2) were assessed using general linear mixed models. Since seed and fruit set can be
influenced by plant size and rates of reproduction (Metcalfe and Kunin 2006, Ens and
French 2008), I also included plant biomass and other reproductive traits in the models as
covariates. Normality of the data was assessed by inspecting plots of studentised residuals.
Data were square root transformed as necessary. Analyses for infructescence size and
reproductive success of B. juncea and J. kraussii included data only from plots where
infructescences were detected. All analyses were done using the statistical package JMP®
(version 9, SAS Institute Inc., Cary, NC, US).
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Table 4.2. Summary of morphological and reproductive traits (response variables) measured for each species.
Species
Response variable
Tetragonia tetragonioides
Plant biomass
Fruit output
Fruiting effort
Seed set
Specific Leaf Area
Baumea juncea
Plant biomass
Infructescence output
Infructescence effort
Seed output
Seeding effort
Flowering effort
Seed set
Juncus kraussii
Plant biomass
Infructescence output
Infructescence effort
Infructescence size
Cluster size
Fruit set

Units
g biomass. m-2
Number of fruit. m-2
Number of fruit. g biomass-1. m-2
Mean number of seeds. fruit-1
Leaf area cm2. leaf dry weight g-1. m-2
g biomass. m-2
Number of infructescences. m-2
Number of infructescences. g biomass-1. m-2
Number of seeds. m-2
Number of seeds. g biomass-1. m-2
Number of floral units (i.e. seed + flowers). infructescence-1. m-2
Proportion of floral units developing into seed:
[# seed / (# seed + flowers)]. infructescence-1. m-2
g biomass. m-2
Number of infructescences. m-2
Number of infructescences. g biomass-1. m-2
Number of clusters. infructescence-1. m-2
Number of floral units (i.e. capsules + flowers). cluster-1. infructescence-1. m-2
Proportion of floral units developing into capsules:
[ # capsules / (# capsules + flowers)]. infructescence-1. m-2

4.3. Results
4.3.1. Impacts on species’ representation in standing vegetation
Juncus kraussii was the most common species, occupying about twice as many sites
as either T. tetragonioides or B. juncea (Table 4.3). There was no significant difference in
the likelihood of occurrence within the standing vegetation between invaded and noninvaded habitats for any species. However, at sites where they occurred, the percentage
foliage cover was significantly lower (over four-fold) for B. juncea and J. kraussii in
invaded than non-invaded habitats, whilst the cover of T. tetragonioides was similar across
both habitats (Table 4.3). Baumea juncea was the most abundant species in terms of
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percentage cover at locations in which it occurred, with T. tetragonioides lowest in cover
and J. kraussii intermediate.
Table 4.3. Summary of results for differences in species occurrence (binomial generalised linear models) and
abundance (Kruskal-Wallis tests) within the standing vegetation and seed bank between S. secundatuminvaded and non-invaded habitats. Analyses on abundance in the standing vegetation (% foliage cover) and
seed bank (number of germinants per site) were done using data only from sites where each species was
present. Bold indicates statistical significance.
Source
Invasion category
Response variable
Species
Non-invaded
Invaded
Standing vegetation (n = 20)
Occurrence (% sites occupied)
T. tetragonioides
30
40
B. juncea
30
40
J. kraussii
70
75
Abundance (mean ± SE % foliage cover)
T. tetragonioides
7.42 (± 2.29)
6.69 (± 4.76)
B. juncea
57.58 (± 10.56) 13.13 (± 4.91)
J. kraussii
17.07 (± 3.98)
4.3 (± 1.11)
Seed bank (n = 26)
Occurrence (% sites occupied)
T. tetragonioides
23
19
B. juncea
42
15
J. kraussii
50
58
Germinant density (mean ± SE No. of germinants)
T. tetragonioides
1.83 (± 0.54)
4.00 (± 2.76)
B. juncea
7.27 (± 2.04)
7.25 (± 2.69)
J. kraussii
60.46 (± 24.37) 14.73 (± 7.78)

χ2

P

0.4286
0.4286
0.1223

0.5127
0.5127
0.7266

0.9019
8.7450
15.0113

0.3423
0.0031
0.0001

0.1131
4.5027
0.3036

0.7367
0.0338
0.5817

0.0447
0.0697
1.9477

0.8325
0.7918
0.1628

4.3.2. Impacts on species’ representation in seed bank
Invasion by S. secundatum was associated with a significant reduction in the
frequency of occurrence of B. juncea germinants in the soil seed bank but had no effect on
occurrence of either J. kraussii or T. tetragonioides (Table 4.3). Similar to patterns within
the standing vegetation, J. kraussii was the most common species within the seed bank. At
sites where seeds were detected, germinant density did not vary significantly between
invaded and non-invaded habitats for any species (Table 4.3).
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4.3.3. Impacts on species’ biomass and reproduction
A total of 120 reproductively mature plants were examined in detail for responses to
S. secundatum invasion. Specifically, for T. tetragonioides, I sampled approximately 1650
seeds from 300 fruit from 30 plants; for B. juncea, I inspected approximately 1620 flowers
from 360 infructescences from 36 plants; and for J. kraussii, I inspected approximately
6700 flowers from 2700 floral clusters, and 270 infructescences from 54 plants.
Invasion was associated with significantly lower biomass and fruit output (i.e. total
number of fruit per m2) of T. tetragonioides, both of which were approximately 75% lower
in invaded than non-invaded habitats (Table 4.4, Fig. 4.2ab). Invasion had no effect,
however, on fruiting effort (i.e. number of fruit produced per g plant biomass), seed set (i.e.
mean number of seed per fruit) or mean SLA (Table 4.4, Fig. 4.2cde).
There was a significant negative effect of invasion on the biomass and fruit output
(i.e. total number of infructescences per m2) for B. juncea, which were both approximately
80% lower in invaded than non-invaded habitats (Table 4.4, Fig. 4.3ab). Seed output (i.e.
total number per m2) was also significantly lower on average in invaded habitats, despite
considerable variation in seed densities within non-invaded habitats across locations (note
large standard errors for seed output in non-invaded habitats, Fig 4.3d). This variability and
large difference in mean seed output between invaded and non-invaded habitats was driven
mainly by extremely high seed output for plants at one location, “Nangudga” (mean ± SE
seed output for all plants regardless of invasion: Nangudga = 827 ± 347 seeds. m-2; all other
locations combined = 12 ± 3 seeds. m-2). However, B. juncea plants from invaded habitats
still produced significantly fewer seed overall when data from “Nangudga” were removed
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from the analysis (mean ± SE seed output: non-invaded habitat = 19 ± 6 seeds. m-2; invaded
habitat = 5 ± 2 seeds. m-2; Table 4.4). Fruiting and seeding effort, measured as the number
of infructescences and seed, respectively, produced per g plant biomass, were unaffected by
invasion, both when data from Nangudga were included and excluded from models (Table
4.4, Fig. 4.3ce). Overall, flowering effort (i.e. total number of seeds and undeveloped
flowers per infructescence) and seed set (i.e. proportion of the original number of these
flowers that developed into seeds) did not differ between invaded and non-invaded habitats
(Fig. 2f,g). As with seed output, however, the mean (± SE) seed set of plants from
“Nangudga” was substantially higher (i.e. 66 ± 4 %) than other locations (13 ± 2 %
combined); when data from “Nangudga” were removed from the model, plants from
invaded habitats were found to have significantly lower rates of seed set than those from
non-invaded habitats (Table 4.4, Fig. 4.3h).
The biomass and fruit output of J. kraussii were also significantly lower in invaded
than non-invaded habitats (Table 4.4, Fig. 4.4ab). Invasion had no effect on fruiting effort,
infructescence size (i.e. number of floral clusters per infructescence) or fruit set (Table 4.4,
Fig. 4.4cdef). There was a trend (P = 0.0913), however, towards greater flowering effort, as
measured by the total number of capsules and undeveloped flowers per cluster, for plants in
non-invaded than invaded habitats. There was a significant negative effect of plant biomass
on flowering effort (r2 = 0.12, P = 0.01), and a significant positive relationship between
flowering effort and fruit set (r2 = 0.24, P = 0.0003).
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Table 4.4. Summary of general linear mixed models of effects of S. secundatum on plant (Tetragonia
tetragonioides, Baumea juncea and Juncus kraussii) morphological and reproductive attributes. Bold denotes
statistical significance.
Species
Response variable
Tetragonia tetragonioides
Plant biomass
Fruit output
Fruiting effort
Seed set
Specific Leaf Area
Baumea juncea (all sites)
Plant biomass
Infructescence output
Infructescence effort
Seed output
Seeding effort
Flowering effort
Seed set
Baumea juncea (Nangudga removed)
Plant biomass
Infructescence output
Infructescence effort
Seed output
Seeding effort
Flowering effort
Seed set
Juncus kraussii
Plant biomass
Infructescence output
Infructescence effort
Infructescence size
Cluster size
Fruit set

DF

F

P

Figure
reference

1, 29
1, 29
1, 29
1, 29
1, 29

45.4943
35.4818
0.3913
0.3194
1.3142

0.0025
0.0040
0.5655
0.6022
0.3156

Fig. 4.2a
Fig. 4.2b
Fig. 4.2c
Fig. 4.2d
Fig. 4.2e

1, 35
1, 35
1, 35
1, 35
1, 35
1, 35
1, 35

22.7970
7.7308
3.5322
4.637
1.2776
2.7188
2.1434

0.0050
0.0389
0.1190
0.0385
0.3110
0.1420
0.1826

Fig. 4.3a
Fig. 4.3b
Fig. 4.3c
Fig. 4.3d
Fig. 4.3e
Fig. 4.3f
Fig. 4.3g

1, 29
1, 29
1, 29
1, 29
1, 29
1, 29
1, 29

20.5900
5.2813
3.3450
9.3487
1.3260
2.8068
4.5018

0.0105
0.0292
0.0781
0.0049
0.2592
0.1050
0.0428

Fig. 4.3h

1, 53
1, 53
1, 53
1, 49
1, 49
1, 49

20.0759
12.0869
0.1106
0.2129
3.4517
1.3072

0.0021
0.0084
0.7480
0.6469
0.0913
0.2811

Fig. 4.4a
Fig. 4.4b
Fig. 4.4c
Fig. 4.4d
Fig. 4.4e
Fig. 4.4f

4.4. Discussion
Invasion by the alien grass S. secundatum had no effect on the frequency of
occurrence of any of the three focal native species within the swamp forest community, as
measured by differences in their likelihood of detection between invaded and non-invaded
sites. However, B. juncea and J. kraussii were less abundant at invaded sites within which
they were detected, indicating a future reduction in frequency of occurrence in response to
S. secundatum invasion. Stenotaphrum secundatum invasion was associated with
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substantial reductions in the reproductive output of all natives, but had no apparent effect
on the frequency or density of propagules for most species (except B. juncea) within the
soil seed bank. This finding suggests that S. secundatum maintains small populations of
most co-occurring native species by primarily limiting their recruitment into the community
from the seed bank, rather than propagule supplies to invaded sites.

120

(a) Plant biomass

100

*

80
60
40
20

350 (b) Fruit output

Fruit output (No. m‐2)

Biomass (g. m‐2)

Tetragonia tetragonioides

4
3.5
3
2.5
2
1.5
1
0.5
0

*

250
200
150
100
50
0

(c) Fruiting effort

7

Fecundity
(No. seed. fruit‐1 . m‐2)

Fruiting effort (No. g‐1. m‐2)

0

300

(d) Fecundity

6
5
4
3
2
1
0

Specific Leaf Area (cm2. g ‐1)

Invasion Category
350

(e) Specific leaf area

300
250

Native

200

Invaded

150
100
50
0

Invasion Category

Figure 4.2. Mean (± SE) (a) plant biomass, (b – d) reproduction and (e) specific leaf area for Tetragonia
tetragonioides in non-invaded and S. secundatum-invaded plots (n = 15). Note differences in y-axis units
between figure plates. Asterisks denote significantly different means.
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Figure 4.3. Mean (± SE) (a) plant biomass and (b – h) reproduction for B. juncea in non-invaded and S.
secundatum-invaded plots (n = 18). Note differences in y-axis units between figure plates. Asterisks denote
significantly different means.
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Figure 4.4. Mean (± SE) (a) plant biomass (n = 27) and (b – f) reproduction (n = 25) for Juncus kraussii in
non-invaded and S. secundatum-invaded plots. Note differences in y-axis units between figure plates.
Asterisks denote significantly different means.

However, it is possible that S. secundatum invasion and reductions in both native
plant abundance and reproduction were coincidental, such that the invader proliferated
within microsites unsuitable for the native species. However, previous studies by Gooden
& French (2014b, a) have shown that invaded and non-invaded patches of forest are similar
in terms of levels of landscape and local disturbances (e.g. fire severity, canopy openness
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and anthropogenic land use). Furthermore, I found that within a particular site, invaded and
non-invaded patches did not differ in available soil nutrients (Appendix 5). Given a similar
potential for the representation of most species between invaded and non-invaded patches
because of similar seed bank densities, I conclude that invasion was indeed the likely cause
of disrupted native populations. This could be resolved through longitudinal or
experimental studies (Adair and Groves 1998).
4.4.1. Impacts on reproduction
Stenotaphrum secundatum invasion significantly affected the reproduction of all
three species, with focal plants producing up to 75% less fruit on average in invaded than
non-invaded sites. Our results contrast strongly with the majority of other studies, which
show that invasion has generally little effect on the reproduction of co-occurring natives
(e.g. Badano and Pugnaire 2004, Totland et al. 2006, Denoth and Myers 2007, Ens and
French 2008, Ferrero et al. 2013). In studies where negative impacts of invaders on the
reproductive success of natives have been detected (see reviews by Bjerknes et al. 2007,
Morales and Traveset 2009), such effects occurred through competition for pollinator
services and interspecific pollen transfer. Generally, in studies of wind-pollinated systems,
where interference of native pollinator networks by the invader is unlikely to occur, I have
found no other evidence that the reproductive success of natives is affected by the alien
species. Indeed, a similar study by Minchinton et al. (2006) on impacts of invasion by the
rhizomatous, wind-pollinated grass Phragmites australis into north American marshes
found that two native forbs produced more seeds when grown within P. australis
infestations.
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Although the overall output of T. tetragonioides and J. kraussii fruit was lower in
invaded than non-invaded sites, there was no evidence that invasion affected their
reproductive ‘effort’ or per capita investment in reproductive structures (i.e. number of fruit
per g plant biomass), or the ‘size’ of each fruit produced, as measured, for example, by the
number of floral clusters comprising each J. kraussii infructescence. Likewise, the number
of viable seed per fruit was similar for T. tetragonioides between invaded and non-invaded
sites. These findings indicate that the impact of invasion on reproductive output for these
species was due to a decrease in body size and the subsequent number of fruit that each
plant could produce as a result of resource competition, rather than pollen limitation or
inhibited fertilisation of available flowers. If such effects occurred as a result of
competition with S. secundatum for soil resources, then removal of S. secundatum may be
sufficient to facilitate the regeneration of resident plants and an increase in reproductive
output, as demonstrated elsewhere by invader removal experiments (e.g. D'Antonio et al.
1998, Gould and Gorchov 2000).
Similarly, S. secundatum invasion negatively affected the biomass and reproductive
output of B. juncea plants, and had no effect on the species’ reproductive effort, as
measured by both the per capita production of infructescences and number of original floral
units produced per infructescence. However, unlike J. kraussii and T. tetragonioides, there
was a significant negative effect of invasion on the seed set of B. juncea at most sites, as
measured by the proportion of original flowers that developed into seed. This could have
occurred through either (1) a limited supply of suitable pollen to B. juncea plants isolated
within S. secundatum infestations, which for wind-pollinated species declines rapidly with
increasing distance from pollen donors and at low population densities (Davis et al. 2004,
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Friedman and Barrett 2009); (2) contamination of stigmatic surfaces by heterospecific
pollen (possibly by S. secundatum) (Nielsen et al. 2008, Matsumoto et al.) and/or (3)
abortion of fertilised ovules as a result of competition with S. secundatum. The exact
mechanism is unknown, but warrants further investigation.
4.4.2. Impacts on seed banks: are populations propagule or recruitment limited?
Despite substantial reductions in the reproductive output for all species, there was
generally little effect of S. secundatum invasion on the soil seed banks, although this varied
amongst the three species. As expected, J. kraussii and T. tetragonioides, which can
disperse long distances via wind and water, respectively, were equally likely to occur and
had similar seed densities between invaded and non-invaded sites. It is likely that
immigration rates of J. kraussii and T. tetragonioides propagules from neighbouring
populations were sufficiently high to buffer against reduced local inputs from plants cooccurring with S. secundatum. Conversely, B. juncea, which typically sheds and stores
propagules directly beneath the parent plant, with little capacity for long distance dispersal,
was less likely to have propagules represented in seed banks of invaded sites, which was
probably a direct result of its reduced abundance and reproductive success within S.
secundatum infestations. These results confirm those from a previous study by Gooden &
French (2014a), which found that the number of species with short distance dispersal
strategies was significantly lower in swamp forest seed banks at sites invaded by S.
secundatum, whilst the richness of wind and water dispersed species was similar between
invaded and non-invaded reference sites.
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A comparison of results between our reproduction and seed bank studies
demonstrates that there are two contrasting mechanisms by which alien plants maintain low
populations of natives within invaded communities: (1) post-settlement recruitment
limitation, rather than limited availability of propagules within the seed bank (e.g. J.
kraussii and T. tetragonioides), and (2) limited reproductive success, leading to depleted
seed banks and a reduction in the number of propagules available for recruitment (e.g. B.
juncea). Whilst impacts of invasion on the reproductive success of J. kraussii and T.
tetragonioides were evident, a reduction in their fecundity alone is unlikely to have led to a
decline in populations, since there were sufficiently high numbers of propagules in the seed
bank available for recruitment. Thus, the primary mechanism of population reduction is
likely to be at the post-settlement stage, through either inhibited propagule germination or
survival of young germinants. In a similar study on impacts of the alien pasture grass
Pennisetum ciliare (buffelgrass) on native columnar cactus populations in Mexican thorn
scrub, Morales-Romero & Molina-Freaner (2008) found no effect of invasion on the
flowering effort, pollination and reproductive output of cactus plants, but significantly
lower rates of their recruitment and seedling survival within buffelgrass pastures.
4.4.3. Conclusions and research directions
Our results clearly show that invasion by an alien grass is associated with
significant reductions in the abundance and reproduction of co-occurring native plant
species within an endangered swamp forest community. Our study provides a rare example
of reproductive impacts within a system where the invader and resident natives do not
compete for pollinator services for effective fertilisation, unlike those investigated
elsewhere (Traveset and Richardson 2006, Morales and Traveset 2009). Our findings
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suggest that impacts on reproduction may be a general effect of S. secundatum invasion
within coastal communities, which for most species is driven by reductions in the body size
of resident plants and the absolute number of reproductive structures that they are able to
produce. Despite this, limited reproduction is unlikely to be the ultimate cause of
population declines for most species, particularly those with long distance dispersal
strategies, since invasion had little impact on the supply and storage of propagules within
the seed bank. I speculate, therefore, that the primary mechanism of population decline for
most species is post-settlement recruitment limitation, rather than a reduction in the
availability of propagules for recruitment. A key hypothesis requiring further investigation
is that limited reproduction is relatively more important than recruitment limitation as a
mechanism of population decline in response to alien plant invasion for species with short
rather than long distance dispersal strategies.
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Chapter 5: IMPACTS OF ALIEN PLANT INVASION ON NATIVE PLANT
COMMUNITIES ARE MEDIATED BY FUNCTIONAL IDENTITY OF RESIDENT
SPECIES, NOT RESOURCE AVAILABILITY
A modified version of this chapter is currently in press in the journal Oikos:
Gooden, B. & French, K. (in press) Impacts of alien plant invasion on native
plant communities are mediated by functional identity of resident species, not
resource availability. Oikos 10.1111/oik.01724

5.1. Introduction
Invasion by alien plants and nutrient enrichment as a result of anthropogenic
landscape modification are both widely recognized as serious threats to the diversity and
thus ecological function of indigenous plant communities (Vitousek et al. 1997a, Bobbink
et al. 2010, Vilà et al. 2011). These two disturbances often occur together, yet a clear
understanding of the interactive pathways by which they drive community change remains
unclear. For example, Brooks (2003) found that experimental nutrient enrichment within
desert environments of western North America caused a simultaneous increase in the
abundance of alien annual plants and decreases in the abundance and richness of cooccurring native plants. It was posited that such changes were a result of more intense
competitive stress due to an increase in alien plant productivity. However, in such cases it
remains unclear whether native species are directly displaced by the alien plants under
increased nutrient availability, or whether invaders simply proliferate in the vacant,
nutrient-enriched spaces that are simply no longer suitable for, or occupied, by native
species. In this alternative model, nutrient enrichment directly causes native species decline
(see discussion of mechanisms by Bobbink et al. 2010), whilst invaders are symptoms, or
‘passengers’ (MacDougall and Turkington 2005), of this change.
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There are several pathways by which invasion and nutrient enrichment interact to
drive community change (see discussion by Funk and Vitousek 2007). First, in nutrientpoor habitats, such as deserts and coastal dunes, where competition for limited resources is
naturally high, nutrient enrichment could ameliorate the competitive effects of invaders on
neighbouring native plants, leading to species co-existence and the maintenance of
community diversity. In this first scenario, invaders typically are highly resource-use
efficient and are competitively superior to natives when resource availability is low.
Second, nutrient enrichment has been frequently shown to promote the growth and
proliferation of alien plants. This results in the reduction in abundance and diversity of
native vegetation, presumably through more intense competition with the invader (e.g.
Huenneke et al. 1990, Green and Galatowitsch 2001, 2002a, Brooks 2003, Minchinton and
Bertness 2003, Tyler et al. 2007). In this second scenario, nutrient enrichment alone may
have little direct influence on resident native plants. Rather, the role of nutrient enrichment
in community change may be through increasing the dominance of the resident alien plants
and thus the competitive exclusion of resident natives (Davis et al. 2000). Last, nutrient
enrichment and invasion may act independently of one another or even have opposite
effects on the resident community, although I know of no documented instances of this
occurring. An understanding of these contrasting impact pathways may assist land
managers with prioritising locations most at risk from invasion and of subsequent diversity
loss, and designing restoration strategies that manipulate resource availability to ameliorate
the impacts of alien plants on native vegetation (Blumenthal et al. 2003, Funk and Vitousek
2007).
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We performed a full-factorial mesocosm experiment to examine the interactive effects
of invasion by an alien grass [Stenotaphrum secundatum (Walter) Kuntze] and nutrient
enrichment on an endangered coastal plant community of south-eastern Australia.
Stenotaphrum secundatum (known as ‘St Augustinegrass’ in the USA and ‘buffalo grass’ in
Australia) is a perennial, C4, stoloniferous grass (Poaceae), native to the tropical and
subtropical Atlantic coastlines of Africa and the Americas (Sauer 1972). It was introduced
to eastern Australia in the mid-1800s as an urban turf grass (Sauer 1972, Loch et al. 2009)
and has since become naturalised in coastal forest. Stenotaphrum secundatum is associated
with significant declines in native plant species richness and recruitment in both the
standing vegetation and soil seed bank (Gooden and French 2014b, a). It remains unknown,
however, whether species losses are driven by S. secundatum invasion, or whether it simply
proliferates within disturbance-generated forest gaps that are no longer occupied by native
plants.
Specifically, I examined the effects of invasion and nutrient enrichment on the
community by tracking changes to the persistence, growth and fitness (i.e. reproductive
output and effort) of resident native plants over two growing seasons. Unlike similar
studies, which introduce the propagules of native and alien plants to experimental plots
simultaneously (e.g. Green and Galatowitsch 2001, 2002a, Flory and Clay 2010a, b), I
ensured that the mesocosm communities were well-established and their constituent species
reproductively mature prior to simulated invasion. This enabled us to discern whether S.
secundatum is able to actively displace native residents rather than simply suppress the
community’s assembly. I also examined changes to two key abiotic variables (light
availability and soil temperature) in order to elucidate the potential mechanisms by which
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invasion and nutrient enrichment affect the persistence of native populations. I predicted
that nutrient enrichment would increase the biomass of S. secundatum, in turn leading to
reductions in the diversity and productivity of native vegetation.
Last, I sought to determine whether the interactive effects of invasion and nutrient
enrichment vary amongst different native plant growth forms (specifically, woody
scramblers and herbaceous and graminoid species with either stoloniferous, rhizomatous or
tufted root morphologies). These species have different nutrient-acquisition strategies and
rooting profiles (Casper and Jackson 1997) and are key functional components of coastal
vegetation (Mason and French 2008). Changes to functional group representation could
disrupt key ecosystem processes, such as productivity, strata complexity, nutrient cycling
and light availability (Mouillot et al. 2011a). I predicted that S. secundatum, which spreads
rapidly across the soil surface via adventitious stolons and has a very shallow rooting
profile (Gooden and French, pers. obs.), would have a relatively greater competitive effect
on functionally-similar native runners than either tufted species or deep-rooted shrubs, due
to niche overlap for limited nutrients and water available at the soil surface (Casper and
Jackson 1997, Dunbabin et al. 2004, Schenk 2006). Knowledge of such differential impacts
across functional groups may enable land managers to prioritise the types of species
requiring supplemented reintroduction following invasive species removal (Mason et al.
2009).
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5.2. Methods
5.2.1. Mesocosm construction
The experiment was undertaken between June 2011 and July 2013 at an exclosed
outdoor mesocosm facility located at the Shoalhaven Campus of the University of
Wollongong on the south coast of New South Wales, Australia (34º53’23.44”S,
150º33’53.66”E) (Mason et al. 2013a). Each mesocosm plot consisted of a circular
galvanized iron tank (height: 120 cm; radius: 105 cm) filled with marine-derived coastal
sand to an approximate depth of 1 m (for details on the construction of the mesocosm
facility, see Mason et al. 2013a). The study site has a warm temperate climate, with mean
annual rainfall of about 1000 mm and mean annual temperatures ranging from 17°C in July
to 27°C in February (Bureau of Meteorology 2012). Mesocosms were exposed to ambient
weather conditions for the duration of the experiment. However, I supplemented rainfall
with manual watering (15 l. min-1) during an unusually dry period in October 2012 and
during two days of above average temperatures in January and February 2013.
Soil microbial communities were introduced into each mesocosm by adding
approximately 4 kg of thoroughly-mixed soil to the surface of each plot. Soil was collected
from the upper 20 cm of soil from two native patches of swamp oak floodplain forest in
January of 2012 (Dunmore, 34º36’50.5”S, 150º50’18.72”E; Woollamia, 35º0’41.03”S,
150º38’12.64”E). I also added native leaf litter, collected from the same two sites, to an
approximate depth of 5 cm across the surface of each mesocosm (optimum average depth
determined through field surveys, B. Gooden unpublished data), as litter is a dominant and
important abiotic component of coastal forest and marsh systems, supporting the growth
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and survival of resident coastal species, particularly at early stages of establishment (Xiong
and Nilsson 1999, Xiong et al. 2003).
5.2.2. Assembly of mesocosm plant communities
Mesocosm plant communities consisted of a suite of species found commonly
throughout coastal forests, marshes and swamps of eastern Australia, which share a similar
distribution with one another as well as S. secundatum. The constructed communities
consisted of 18 species drawn without replacement from a random pool of 31 species,
which were subdivided into one of three growth forms: 13 runners, 14 tufted species and 4
woody scramblers (Table 5.1). Random species selection was used to avoid sampling
effects (i.e. unusually strong effects linked to individual species, Tilman et al. 1997,
Crawley et al. 1999). This composition was designed to reflect the dominance of groundlayer runner and tufted herbs and graminoid species and the scarcity of woody scramblers
and shrubs within coastal swamp forests of eastern Australia (Tozer et al. 2010, Gooden
and French 2014b). Of the total 18 species, five were drawn randomly from the pool of
runners, five from the pool of tufted species, and two from the pool of woody scramblers.
An additional three runners (two broad-leaved herbs Dichondra repens, Viola hederacea
and the grass Cynodon dactylon) and three tufted species (the graminoid Carex appressa
and grasses Themeda australis and Poa labillardierei) were included in all 32 mesocosms
as focal species to test for the effects of invasion and nutrient enrichment on species fitness
(see section 5.2.5).
Runners and tufted species were planted at a density of two seedlings per species per plot,
whilst woody species were planted at a density of one seedling per plot (total density of 34
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plants. mesocosm-1). Permutational multivariate analysis of variance (PERMANOVA) of
species presence/absence data (Anderson and Gorley 2007) was used to test whether
species compositions in mesocosm plots varied amongst experimental treatments prior to
invasion and nutrient enrichment. Species compositions were found to be similar amongst
treatments at the start of the experiment, indicating that species selection and community
assembly was indeed random (Table 5.2).
Native species were grown from seed and cuttings collected from coastal forest and
swamp communities by B. Gooden or supplied by the native plant nursery Nindethana
Australian Seed©, and propagated in glasshouses in June and July of 2011. All species were
planted in the mesocosms in October and November 2011. At this time, 100 g of native
slow-release fertilizer (Scotts Osmocote Plus Trace Elements®) was added to each plot to
facilitate species establishment. I monitored the establishment and survival of these species
and supplemented any that died as necessary to ensure constant richness and density of the
community at the time of simulated S. secundatum invasion (see section 5.2.3). Additional
species, which arrived spontaneously and voluntarily in plots (i.e. weeds), were removed
from mesocosms once per month over the course of the experiment.
5.2.3. Experimental design
Thirty-two mesocosm tanks were subjected to one of four treatment combinations,
consisting of two levels of nutrient addition (i.e. nutrient-enriched and natural-control)
crossed with two invasion conditions (S. secundatum -invaded and non-invaded). Each
treatment combination was replicated eight times and distributed randomly amongst the 32
available mesocosm tanks. The ‘natural’ nutrient control treatment consisted of the
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application of 46.86 g nitrogen (N) and 2.79 g phosphorous (P) m-2 per plot over the course
of the experiment. The nutrient-control concentrations were designed to simulate field
conditions that were determined through a preliminary study of nutrient dynamics in coastal
forest in 2011 (see Appendix 6). The nutrient-enriched treatment consisted of the
application of nutrients at twice the level of the natural control treatment over the same
time period (i.e. 93.73 g N and 5.59 g P m-2). The doubling of N and P concentrations
within the enrichment treatment was based on widespread evidence from the international
literature that anthropogenic modification of coastal forest and wetland catchments, usually
through urbanisation, leads to a greater than two-fold increase in the concentration of
nutrients, particularly of nitrates, ammonia and P, in the soil of these ecosystems (e.g.
Hopkins and Parker 1984, Schneider and Sharitz 1986, Bertness and Ellison 1987, Green
and Galatowitsch 2002a, Wolters and Bakker 2002, Silliman and Bertness 2004). Nitrogen
was introduced to plots in bio-available forms of NH4+ and NO3- using a native slowrelease fertiliser (Scotts Osmocote Plus Trace Elements®). The natural control nutrients
were added to all plots in March of 2012 and nutrient enrichment was simulated by adding
the remainder of nutrients during two pulses in June and December of 2012.These pulses
ensured that nutrients that leached through plots were adequately replaced (Mason et al.
2013a).
We simulated S. secundatum invasion during March of 2012, five months after the
initial construction of the native communities. At this stage, most of the native species were
well-established (mean ± SE % total vegetation cover per plot = 45.32 ± 1.92) and had
reached reproductive maturity. S. secundatum plants were introduced as seedlings rather
than seeds because during monitoring of plots positioned at the edges of large infestations I
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found that S. secundatum spreads via the lateral proliferation of stolons and there was no
seed present within the seed bank (Gooden and French 2014b, a). Seedlings were
propagated from the ends of adventitious stolons collected from the leading edges of large
infestations at three locations (Corrimal: 34º22’46.40”S, 150º54’51.80”E; Puckeys Estate:
34°24’25.20”S, 150°53’46.60”E; Primbee: 34°30’15.10”S, 150°52’25.10”E), and were
planted randomly across each of the 16 mesocosms at a rate of 10 stolons per plot.
5.2.4. Sampling of biotic variables
The temporal variation in community abundance was measured by visually
estimating the percentage foliage cover of each growth form as well as total vegetation
across each plot monthly from April 2012. At the conclusion of the experiment (July 2013),
all above-ground vegetation was harvested at the soil surface, separated into species on site,
bagged and dried to constant weight (± 0.001 g) for 5 days at 60oC. The percentage cover
of bare ground was estimated by subtracting the total foliage cover of the vegetation from
100.
Sampling of below-ground root biomass was done by randomly extracting three
12,000 cm3 soil blocks (length = 30 cm; breadth = 20 cm; depth = 20 cm) from across each
of six randomly-selected mesocosm plots per treatment. A pilot study determined that over
80% of roots were contained with the top 20 cm of soil, and that the biomass of roots
within this superficial layer significantly predicted the total root biomass across all soil
depths (see Appendix 7). Roots were extracted from each block by thoroughly rinsing them
with water through a 3 × 3 mm sieve to remove sand and soil, and then dried to constant
weight (± 0.01 g) for 5 days at 60oC. Roots could not be identified to species level. Root to
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shoot ratio was determined by first calculating the average g root per cm2 per tank (i.e. sum
of g root across blocks / 600 cm2 / 3 blocks), then dividing this estimate by total shoot
biomass per cm2.
5.2.5. Species reproduction and morphology
Each month, commencing in April 2012, I counted the number of newly-emerged
reproductive units for each of the six focal species, which consisted of the following:
conspicuous, solitary flowers for V. hederacea and D. repens; inflorescences borne singly
upon erect culms for C. appressa, P. labillardierei and C. dactylon; spikelet clusters (with
each spikelet containing multiple flowers) enclosed by a spathe (with multiple clusters
present within each inflorescence) for T. australis (see example images in Appendix 8). At
the end of the experiment I calculated reproductive output for each species as the
cumulative number of reproductive units over the course of the study. I calculated
reproductive effort per species as the cumulative number of reproductive units (i.e. output)
per g shoot biomass.
At the conclusion of the experiment I harvested the focal species’ shoot biomass (as
described above). Final D. repens biomass was estimated from percentage foliage cover as
shoots were difficult to extract from plots without disturbing the root zone (see Appendix
9). In addition, I calculated specific leaf area (SLA) for the two broad-leaved, herbaceous
runners, V. hederacea and D. repens, by randomly selecting up to five fully-expanded,
undamaged leaves per plot, measuring their surface area (cm2) with a portable leaf area
meter (LI-COR Inc. Model LI-3000A), drying leaves to constant weight (mass recorded to
± 0.001 g) for two days at 60oC, then dividing surface area by dry weight (Westoby 1998).
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The mean SLA of the five leaves per plot was used in subsequent analyses. An increase in
SLA may occur in response to competition with an invader in order for natives to increase
their capture of diminishing light resources whilst keeping the costs of leaf construction to a
minimum (Westoby 1998).
5.2.6. Sampling of abiotic variables
Photosynthetically active radiation (PAR) was measured using a Quantum sensor
(SpectroSense2+, Skype Instruments, Wales, UK) positioned randomly at 10 points, 5 cm
above the soil surface of each plot. I took an additional five measurements above the
vegetation canopy and then calculated the percentage of light penetration to the soil surface
(following Mason et al. 2013a). Measurements were taken monthly, commencing in April
2012, between 10:00 and 14:00 h on clear, sunny days. Soil temperature was measured
using two temperature sensors (Thermochron ® iButton ® device DS1921G, Maxim
Integrated ©, San Jose, CA, U.S.) buried 2 cm beneath the soil surface in six replicate
mesocosms per treatment. Temperature was measured hourly for one month, then replaced
in a random set of mesocosms the following month once data were downloaded. Average
monthly minimum and maximum temperatures were extracted for analyses (Mason et al.
2013a).
5.2.7. Data analysis
Differences in species composition amongst treatments were assessed using
permutational multivariate analysis of variance (Anderson 2001), performed with the
statistical packages PRIMER 6 (Clarke and Gorley 2006) and PERMANOVA+ B
(Anderson and Gorley 2007). PERMANOVAs were done using Bray-Curtis similarity
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indices, calculated with species biomass and presence/absence data for all possible
combinations of sample pairs (McArdle and Anderson 2001).
The responses of the abiotic variables (soil temperatures and PAR) to invasion and
nutrient enrichment over time were analysed using two-way repeated-measures analyses of
variance. The effects of time, both as a main effect and in interaction with the invasion and
nutrient enrichment treatments, were tested using Wilks' Lambda multivariate test (Field
2010). Where significant interactions between time and either invasion or nutrient
enrichment were detected, the effects of these treatments were examined at each time
separately. Where no interaction with time was detected, the effects of invasion and
nutrient enrichment were examined using data pooled across all times. Likewise, where
time alone was significant, its effects were examined using data pooled across all
treatments.
Two-way ANOVAs were used to examine effects of invasion and nutrient
enrichment on variables collected destructively at the end of the experiment (i.e. shoot and
root biomass, cumulative reproductive output, species mortality, SLA), and a one-way
ANOVA was used to detect the variation in S. secundatum biomass between nutrient
treatments.
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Table 5.1. Pool of native runner, tufted and woody plant species typical of coastal vegetation used to construct mesocosm communities. Values are the
percentage of mesocosm plots within which each species was present and alive at the conclusion of the experiment and the mean (± SE) species g biomass per
plot at the conclusion of the experiment.
Functional group a
Species b
Runner
Aneilema acuminatum
Bolboschoenus caldwellii
Centella asiatica
Commelina cyanea
Cynodon dactylon*
Dianella caerulea
Dichondra repens*
Ficinia nodosa
Imperata cylindrica
Pratia purpurascens
Selliera radicans
Tetragonia tetragonoides
Viola hederacea*
Tufted
Carex appressa*
Carex longebraciata
Chloris truncata
Cymbopogon refractus
Dianella longifolia
Echinopogon ovatus
Juncus kraussii
Juncus usitatus
Lomandra longifolia
Microlaena stipoides
Poa labillardierei*
Poa sieberiana
Schoenoplectus validus
Themeda australis*

Post-invasion occurrence
(% of plots; n = 8) c
Non-invaded
Invaded
Cont
Enrich Cont Enrich

Post-invasion shoot biomass
(mean g. plot-1 ± SE; n = 8) d
Control

Non-invaded
Enriched

Invaded
Control

Enriched

0
12.5
12.5
100
100
62.5
100
87.5
50
37.5
0
37.5
87.5

0
0
12.5
62.5
100
62.5
100
62.5
75
25
25
25
87.5

12.5
0
12.5
75
100
62.5
100
25
75
37.5
0
37.5
87.5

25
0
37.5
37.5
100
37.5
100
37.5
87.5
37.5
12.5
37.5
100

0 (± 0)
1.93 (± 0)
0.71 (± 0)
74.16 (± 43.81)
616.89 (± 150.79)
90.38 (± 56.60)
69.83 (± 13.03)
793.99 (± 186.28)
280.73 (± 152.41)
2.64 (± 1.43)
0 (± 0)
1.00 (± 0.25)
0.38 (± 0.14)

0 (± 0)
0 (± 0)
0.95 (± 0)
83.79 (± 59.81)
1043.86 (± 169.20)
160.92 (± 98.59)
54.83 (± 16.54)
1521.97 (± 446.09)
58.57 (± 25.30)
4.69 (± 1.20)
0.94 (± 0.20)
0.91 (± 0.03)
1.21 (± 0.68)

0.88 (± 0)
0 (± 0)
0.08 (± 0)
26.70 (± 21.27)
546.91 (± 109.92)
86.95 (± 27.19)
65.51 (± 15.68)
1125.91 (± 931.42)
247.76 (± 103.14)
3.84 (± 0.69)
0 (± 0)
1.07 (± 0.28)
0.97 (± 0.48)

1.07 (± 0.31)
0 (± 0)
4.73 (± 4.34)
47.12 (± 38.50)
602.73 (± 100.11)
58.64 (± 34.56)
67.53 (± 23.87)
1071.71 (± 621.84)
82.56 (± 50.09)
4.81 (± 0.39)
1.78 (± 0)
6.97 (± 6.16)
0.56 (± 0.11)

100
37.5
37.5
37.5
12.5
25
37.5
62.5
62.5
62.5
100
12.5
37.5
100

100
37.5
12.5
25
37.5
25
62.5
50
62.5
37.5
100
50
25
100

87.5
75
25
37.5
50
25
62.5
37.5
37.5
62.5
100
25
50
100

100
62.5
12.5
50
12.5
50
37.5
50
75
25
100
50
25
100

48.84 (± 23.86)
13.93 (± 6.99)
2.50 (± 0.75)
11.12 (± 1.34)
14.22 (± 0)
1.84 (± 0.54)
14.14 (± 6.35)
21.97 (± 7.93)
251.54 (± 49.39)
2.76 (± 0.88)
143.45 (± 33.99)
0.85 (± 0)
15.98 (± 2.47)
280.36 (67.60)

43.80 (± 13.90)
17.25 (± 4.58)
4.38 (± 0)
9.85 (± 1.88)
37.55 (± 21.70)
10.27 (± 7.85)
11.56 (± 4.77)
29.77 (± 12.34)
298.74 (± 82.05)
3.86 (± 1.78)
318.28 (± 115.25)
5.11 (± 1.97)
42.01 (± 15.39)
126.75 (± 35.40)

64.29 (± 23.80)
15.82 (± 6.42)
2.43 (± 1.17)
24.31 (± 6.22)
16.02 (± 5.08)
2.39 (± 2.18)
36.78 (± 16.69)
21.38 (± 6.16)
98.20 (± 40.36)
4.42 (± 1.32)
243.51 (± 76.79)
5.62 (± 2.02)
23.21 (± 5.75)
237.99 (± 93.35)

41.67 (± 12.24)
25.14 (± 8.10)
4.46 (± 0)
22.84 (± 3.85)
4.61 (± 0)
8.11 (± 2.91)
30.62 (± 12.41)
43.81 (± 14.87)
357.47 (± 113.62)
3.92 (± 2.97)
409.93 (± 153.66)
23.97 (± 9.82)
34.83 (± 15.17)
209.20 (± 61.87)
Continued over page…
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Functional group a
Species b

Post-invasion occurrence
(% of plots; n = 8) c
Non-invaded
Invaded
Cont
Enrich Cont Enrich

Post-invasion shoot biomass
(mean g. plot-1 ± SE; n = 8) d
Control

Non-invaded
Enriched

Invaded
Control

Enriched

Woody scrambler
Hardenbergia violaceae
12.5
12.5
37.5
25
1.86 (± 0)
855.58 (± 0)
24.87 (± 20.26)
108.33 (± 41.03)
Hibbertia scandens
50
50
37.5
62.5
56.95 (± 26.37)
51.41 (± 26.11)
95.28 (± 26.48)
85.93 (± 25.15)
Rhagodia candolleana
75
50
50
37.5
578.12 (± 200.80)
573.04 (± 228.05)
281.44 (± 136.94)
946.29 (± 281.81)
Rubus rosifolius
25
12.5
12.5
12.5
1.07 (± 0.14)
3.06 (± 0)
0.98 (± 0)
1.03 (± 0)
a
Functional group definitions: Runners were defined as rhizomatous or stoloniferous herb and graminoid species with spreading habits and generally shallow root
systems; Tufted species were herbs and graminoids with a relatively deeper root system but with no capacity for lateral spread; Woody species were defined as
robust climbers or scramblers with shrub-like habits, well developed root systems with the capacity for lateral spread and ability to over-top co-occurring species,
but unable to take root within the soil along stem nodes.
b
Species nomenclature follows Harden (1990, 1991, 1992, 1993).
c
Treatment: Cont = nutrient-control; Enrich = nutrient-enriched
d
Means calculated only on plots where species were present and living.
* Focal species kept constant across plots.
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5.3. Results
5.3.1. Community responses
There was no effect of either invasion or nutrient enrichment on community
composition, both when the presence/absence and biomass of species were considered in
analyses (Table 5.2). Likewise, invasion and nutrient enrichment had no effect on species
diversity, as measured by the percentage of the original number of species established
within plots that survived to the completion of the experiment (mean ± SE % species
survivorship pooled across treatments = 79.53 ± 1.53, n = 32; Table 5.3).
Table 5.2. Results of two-way PERMANOVAs for effects of Stenotaphrum invasion and nutrient enrichment
on community composition both before Stenotaphrum was introduced to plots and at the conclusion of the
experiment (n = 8).
Response variable
Source of variation
Pre-invasion composition (p/a)
Invasion
Nutrient
Invasion × Nutrient
Error
Post-invasion composition (p/a)
Invasion
Nutrient
Invasion × Nutrient
Error
Post-invasion composition (biomass)
Invasion
Nutrient
Invasion × Nutrient
Error

DF

SS

Pseudo-F

P

1
1
1
28

501.54
304.78
430.17
15995.00

0.88
0.53
0.75

0.54
0.79
0.63

1
1
1
28

500.26
683.64
75.20

0.76
1.03
0.11

0.63
0.43
0.96

1
1
1
28

2883.10
2098.00
1048.70
47717.00

1.69
1.23
0.62

0.15
0.30
0.72

There were significant increases (30% on average) in both the total (S. secundatum
included) and native community shoot biomass in response to nutrient enrichment (Table
5.3, Fig. 5.1). Nutrient enrichment had no effect, however, on the biomass of S.
secundatum, indicating that the positive effect of nutrient enrichment on the total
community productivity was driven by increased growth of native species (F1,14 = 2.7186,
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P = 0.121; mean ± SE g biomass per plot pooled across treatments = 177.92 ± 40.67; n =
32). S. secundatum invasion led to a significant reduction in native community shoot
biomass (25% on average) but had no effect on total community biomass (Table 5.3, Fig.
5.2). This indicates that S. secundatum supplemented the biomass lost by the reduced
growth of native species in invaded plots. There were no interactive effects of invasion and
nutrient enrichment on any biotic attributes of the community.
Root biomass was unaffected by either invasion or nutrient enrichment (mean ± SE
estimated g biomass. plot -1 pooled across treatments = 2210.31 ± 170.18, n = 24; Table
5.4). However, nutrient enrichment significantly reduced the community root to shoot ratio
(mean ± SE root to shoot ratio. plot-1: natural control = 1.06 ± 0.10, nutrient-enriched = 0.66
± 0.07, n = 12; Table 5.4), indicating a relatively greater investment by the community in
the production of shoots than roots with increasing nutrient availability.
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Table 5.3. Results of two-way ANOVAs for effects of Stenotaphrum secundatum invasion and nutrient
addition on total shoot biomass, native shoot biomass and growth form biomass (n = 8). Statistically
significant (P < 0.05) values are in bold.
Response variable
Source of variation
Species % mortality
Model
Nutrient
Invasion
Invasion × Nutrient
Error
Total shoot biomass
Model
Nutrient
Invasion
Invasion × Nutrient
Error
Native shoot biomass
Model
Nutrient
Invasion
Invasion × Nutrient
Error
Woody shoot biomass
Model
Nutrient
Invasion
Invasion × Nutrient
Error
Runner shoot biomass
Model
Nutrient
Invasion
Invasion × Nutrient
Error
Tufted shoot biomass
Model
Nutrient
Invasion
Invasion × Nutrient
Error

F

P

r2

183.1
90.6
1.8
90.6
2137.6

0.799
1.870
0.024
1.870

0.505
0.285
0.977
0.285

0.079

3
1
1
1
28

6935397.0
3995523.9
2881193.4
58679.6
20711474.0

3.125
5.402
3.895
0.079

0.042
0.028
0.058
0.780

0.251

3
1
1
1
28

8070529.0
3226121.7
4842846.7
1560.2
21146036

3.562
4.272
6.413
0.002

0.027
0.048
0.017
0.964

0.276

3
1
1
1
28

164.7
27.7
52.1
84.9
3975.3

0.387
0.195
0.367
0.598

0.764
0.195
0.367
0.446

0.040

3
1
1
1
28

6263060.0
792546.4
4841737.1
628776.7
14461177.0

4.042
1.535
9.375
1.217

0.017
0.226
0.005
0.279

0.302

3
1
1
1
28

686592.5
376191.5
135468.7
174932.3
4125300.2

1.553
2.553
0.920
1.187

0.223
0.121
0.346
0.285

0.143

DF

SS

3
1
1
1
28
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(a) Total shoot biomass
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Figure 5.1. Mean (± SE) above-ground biomass (g. plot-1) for (a) total (native + Stenotaphrum), (b) native only and
(c-e) different native plant growth forms between nutrient-enriched and nutrient-control treatments (n = 16).
Asterisks denote significant difference between means.
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(a) Total shoot biomass
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Figure 5.2. Mean (± SE) above-ground biomass (g. plot-1) for (a) total (native + Stenotaphrum), (b) native only and
(c-e) different native plant growth forms between Stenotaphrum-invaded and native mesocosm plots (n = 16).
Asterisks denote significant difference between means.
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Table 5.4. Results of two-way ANOVAs for effects of Stenotaphrum secundatum invasion and nutrient addition on
root biomass and root to shoot ratio (n = 6). Statistically significant values are in bold.
Response
Source of variation
Mean root biomass
Model
Invasion
Nutrient
Invasion × Nutrient
Error
Root to shoot ratio
Model
Invasion
Nutrient
Invasion × Nutrient
Error

R2

DF

SS

F

P

3
1
1
1
20

0.002
0.001
0.001
< 0.001
0.01

1.082
1.983
1.202
0.060

0.380
0.174
0.286
0.809

0.140

3
1
1
1
20

1.0
0.01
1.0
0.02
2.1

3.266
0.055
9.533
0.210

0.043
0.816
0.006
0.652

0.329

5.3.2. Functional group responses
The native community was dominated by runner species, which contributed over 50% to
community shoot biomass. Tufted species contributed only about 25% to community biomass,
despite sharing a similar number of species as the runner functional group. The negative effects
of S. secundatum invasion on community biomass varied amongst growth forms: invasion
caused a significant (≈ 40% on average) reduction in the shoot biomass of functionally-similar
runner species but had no effect on the shoot biomass of functionally-dissimilar tufted and
woody species (Table 5.3, Fig. 5.2cde). Nutrient enrichment had no effect on the shoot biomass
of any functional group.
5.3.3. Individual species responses
The rhizomatous grass C. dactylon was substantially more productive both in terms of
biomass and reproductive output than all other focal species (Table 5.5). The stoloniferous herb
V. hederacea produced the lowest biomass (about 1000 times less than C. dactylon). D. repens
did not reproduce during the study. Invasion and nutrient enrichment had no effect on either the
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biomass or reproductive output or effort of the six focal species (Table 5.5). Likewise, invasion
and nutrient enrichment had no effect on the SLA of V. hederacea or D. repens (Mean ± SE SLA
across all plots: D. repens = 427.93 ± 21.27, V. hederacea = 462.34 ± 23.37, n = 32; Table 5.6).
5.3.4. Abiotic responses
The mean minimum and maximum monthly soil temperatures varied significantly over
the sampling period, ranging from 5ºC in June of 2012 to 39ºC in January of 2013 (Table 5.7,
Fig. 5.3). Nutrient enrichment led to a significant but very moderate decrease in soil temperature
of approximately 1ºC over the sampling period, which was driven largely by decreases in
temperatures of up to 3ºC in nutrient-enriched plots during the warmest months of October 2012
and January 2013. S. secundatum invasion had no effect on soil temperature. The percentage of
bare ground and light penetrating to the soil surface decreased significantly over the sampling
period (from about 60 – 10% on average) but were unaffected by invasion or nutrient enrichment
(Table 5.7, Fig. 5.4).
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Table 5.5. Results of two-way ANOVAs for effects of Stenotaphrum secundatum invasion and nutrient addition on above-ground biomass and reproductive
output and effort for six focal species.

Response variable a
Species

Treatment effect ( F1,28) b

Mean (± SE) response c
Non-invaded

Invasion

Nutrient

Invasion ×
Nutrient

Nutrient-control

Nutrient-enriched

Invaded
Nutrient-control

Nutrient-enriched

Biomass
Viola hederacea
0.402
0.344
0.691
0.38 (± 0.14)
1.21 (± 0.68)
0.97 (± 0.48)
0.56 (± 0.11)
Dichondra repens
0.078
0.187
0.321
69.83 (± 13.03)
54.83 (± 16.54)
65.51 (± 15.68)
67.53 (± 23.87)
Cynodon dactylon
2.389
2.862
1.120
616.89 (± 150.79)
1043.86 (± 169.20)
546.91 (± 109.92)
602.73 (± 100.11)
Themeda australis
0.009
1.984
1.229
280.36 (67.60)
126.75 (± 35.40)
237.99 (± 93.35)
209.20 (± 61.87)
Poa labillardierei
0.935
1.700
0.002
143.45 (± 33.99)
318.28 (± 115.25)
243.51 (± 76.79)
409.93 (± 153.66)
Carex appressa
0.020
0.275
0.065
48.84 (± 23.86)
43.80 (± 13.90)
64.29 (± 23.80)
41.67 (± 12.24)
Reproductive output
Viola hederacea
1.173
0.447
2.193
7.75 (± 1.26)
14.88 (± 4.38)
14.63 (± 2.84)
12.00 (± 1.80)
Cynodon dactylon
0.448
1.341
0.277
5719.77 (± 1957.10)
8117.60 (± 1162.64)
5516.30 (± 1556.15)
6415.53 (± 711.41)
Themeda australis
0.034
1.348
0.531
1222.25 (± 173.00)
700.13 (± 141.12)
1276.25 (± 533.49)
1133.63 (± 403.75)
Poa labillardierei
0.003
0.859
0.011
41.38 (± 13.23)
55.38 (± 17.75)
42.13 (± 9.48)
53.25 (± 12.45)
Carex appressa
0.207
0.095
0.197
21.50 (± 11.05)
22.25 (± 10.07)
30.75 (± 14.43)
22.38 (± 7.75)
Reproductive effort
Viola hederacea
0.020
0.007
0.940
138.50 (± 100.85)
50.35 (± 25.67)
37.75 (± 18.01)
40.27 (± 18.61)
Cynodon dactylon
1.194
1.127
0.479
8.30 (± 2.39)
8.99 (± 1.45)
9.05 (± 1.66)
12.31 (± 1.82)
Themeda australis
0.051
0.006
1.641
5.43 (± 0.93)
7.14 (± 1.32)
8.78 (± 2.27)
52.26 (± 46.62)
Poa labillardierei
0.019
2.211
0.099
1.52 (± 1.33)
0.15 (± 0.07)
0.29 (± 0.07)
0.34 (± 0.08)
Carex appressa
0.985
1.896
0.333
0.68 (± 0.34)
0.78 (± 0.36)
0.39 (± 0.12)
0.55 (± 0.11)
a
Reproductive units: number of conspicuous, solitary flowers for Viola and Dichondra; number of inflorescences borne singly upon erect culms for Carex, Poa and
Cynodon; number of spikelet clusters (with each spikelet containing multiple flowers) enclosed by a spathe (with multiple clusters present within each inflorescence)
for Themeda.
b
Note: No analyses produced significant treatment responses
c
Biomass: g shoot biomass. plot-1; reproductive output: cumulative number of reproductive units. plot-1; reproductive effort: cumulative number of reproductive units. g
shoot biomass-1. plot-1
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Table 5.6. Results of two-way ANOVAs for effects of Stenotaphrum secundatum invasion and nutrient
enrichment on the specific leaf area (cm2. g dry leaf mass-1) of Viola hederacea and Dichondra repens.
Response species
DF
SS
F
P
r2
Source of variation
Viola hederaceae
Model
3
32.487
1.382
0.271
0.14
Invasion
1
0.275
0.035
0.853
Nutrient
1
31.725
4.048
0.055*
Invasion × Nutrient
1
0.514
0.066
0.800
Error
25
195.950
Dichondra repens
Model
3
1.177
0.047
0.986
0.005
Invasion
1
0.102
0.012
0.912
Nutrient
1
0.909
0.110
0.743
Invasion × Nutrient
1
0.166
0.020
0.888
Error
28
231.700
* Trend towards increased SLA for Viola in response to nutrient
addition; mean (± SE) SLA: nutrient-enriched = 508.28 (± 38.74),
nutrient-control = 413.11 (±20.53).

5.4. Discussion
5.4.1. No effects of invasion and nutrient enrichment on community composition and
diversity
Overall, nutrient enrichment and S. secundatum invasion had no effect on the
recipient plant community in terms of the composition, richness and fitness of its
constituent species (but see section 5.4.2. for effects on community productivity). This
contrasts with a previous correlative, field-based study by Gooden & French (2014b), in
which S. secundatum invasion was associated with a substantial (greater than 80%)
reduction in native plant species richness and altered compositions of coastal swamp
forest communities. Our results also contrast strongly with similar community-scale
mesocosm experiments, which generally show that simulated plant invasion reduces
community diversity (e.g. Green and Galatowitsch 2001, Green and Galatowitsch
2002a, Kercher and Zedler 2004, Maron and Marler 2008, Flory and Clay 2010a, b,
Flory and Bauer 2014).
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There are several potential reasons for these conflicting results. First, many of the
naturalised populations of S. secundatum examined by Gooden & French (2014b) have
been established for many decades and the temporal scale over which the invader
becomes dominant and then drives the local extirpation of co-resident species may be
significantly greater than the two growing seasons considered by this and other shortterm mesocosm experiments. This conflict is reflected in a similar study by Green and
Galatowitsch (2002a) on effects of Phalaris arundinacea on experimental North
American prairie wetlands over two growing seasons. The study found that P.
arundinacea invasion reduced native wetland productivity but not community diversity
or evenness, despite this invader being associated with substantial losses of native
species in the field (Spyreas et al. 2010). This conflict could be reconciled in part by
identifying the temporal scale over which invaders elicit impacts on the recipient
community, either through long term monitoring (Wiser et al. 1998) or space-for-time

Mean monthly temperature (°C)

substitution studies (Pickett 1989).
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Figure 5.3. Mean (± SE) monthly minimum and maximum soil temperatures over the sampling period.
Mean minimum temperatures are pooled across treatments (n = 32) and mean maximum temperatures are
presented for nutrient-enriched and nutrient-control separately (n = 16). N1 and N2 denote the timing of
nutrient enrichment pulses.
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Figure 5.4. Mean (± SE) percentage of light penetration to soil surface and bare ground cover over the
sampling period. Means are pooled across treatments (n = 32). N1 and N2 denote the timing of nutrient
enrichment pulses.

An alternative explanation is that S. secundatum may be unable to become
dominant within dense, mature patches of native vegetation (such as those established
within our mesocosm plots) over any time scale without some type of precursory
disturbance of the vegetation that removes competitors and generates ‘gaps’ in the
community (see related discussion by Meffin et al. 2010). In a similar study, Kercher &
Zedler (2004) found that experimental invasion of North American prairie wetlands by
the perennial grass Phalaris arundinacea was dependent upon interactions amongst
multiple disturbances. Specifically, prolonged flooding and sediment accretion caused a
decrease in the abundance and richness of resident vegetation and a simultaneous
increase in light and space availability, which boosted the invader’s growth and
dominance in the community. In the case of S. secundatum, I found that it readily
established within mesocosm plots, but did not become spatially dominant relative to
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other resident species or reach the high levels of productivity observed in the field
(Gooden and French 2014b). I also observed that the spread of stolons and root
development at nodes were restricted to small, vacant spaces between resident adult
native plants. Those stolons that did push into native-dominated patches frequently
failed to form roots and anchor into the soil. Thus, as with P. arundinacea, it is likely
that S. secundatum limits community diversity by first rapidly establishing within
disturbance-generated gaps whenever they become available and then competitively
excluding recolonising native species through recruitment limitation mechanisms (i.e.
suppressed seed germination and establishment of native seedlings). Long term
monitoring of S. secundatum populations at early stages of invasion will enable
managers and researchers alike to decouple these conflicting drivers of community
change and resolve the frequent discord between large-scale surveys and small-scale
mesocosm experiments.
5.4.2. Functional identity moderates impacts of invasion and nutrient enrichment on
community productivity
Nutrient enrichment and S. secundatum invasion had opposite effects on
community productivity, leading to an increase and decrease, respectively, in the overall
biomass of resident vegetation. Unexpectedly, I did not detect significant synergistic or
interactive effects of these two disturbances on the community, such that S. secundatum
invasion limited productivity at both low and high levels of nutrient availability.
Furthermore, nutrient enrichment did not enhance the productivity of S. secundatum.
Contrary to the two models developed by Funk and Vitousek (2007), our results
indicate that nutrient enrichment does not ameliorate the competitive effects of S.
secundatum invasion through the provision of extra resources to support the competitive
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performance of native residents. Furthermore, nutrient enrichment does not enhance the
impacts of invasion through increasing the invader’s growth and the subsequent
intensity of its competition with co-resident native plants. Indeed, S. secundatum may
be a rare example of an invasive plant that is strongly competitive when resources are
limited as well as able to maintain its competitive superiority as the availability of
resources increases. One example in support of our results is knapweed (Centaurea
diffusa), an invader of North American grasslands: Suding et al. (2004) found that C.
diffusa was competitively superior to native resident grassland plants under ambient
nutrient conditions and maintained its competitive dominance over natives even when
nutrient availability was experimentally reduced via sucrose carbon addition.
The negative effects of invasion on community productivity were dependent on
the functional identity of resident competitors, confirming our original hypothesis. S.
secundatum invasion reduced the biomass of functionally-similar runner species only,
whilst there were no differential effects of nutrient enrichment across growth forms. It is
likely that runner species, which have shallow but widely-spreading root networks
(Schenk and Jackson 2002), were suppressed by S. secundatum because of shared root
morphologies, nutrient-acquisition strategies and superficial position in the soil. Woody
and tufted species, which have deeper and denser root systems, may have resisted
competition with S. secundatum through vertical niche partitioning of soil resources
(Casper and Jackson 1997, Schenk 2006). The loss of functional representation of
runner species, which have different patterns of growth and nutrient acquisition
compared with woody and tufted vegetation (Dunbabin et al. 2004, Ward et al. 2012),
may result in changes to key ecosystem processes, such as nutrient cycling, and lead to
further disruptions to the community. However, replacement of these species with S.
secundatum may ensure the maintenance of ecosystem function if species identity is
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redundant in the system (Symstad et al. 1998). Although I found no competitive effect
of invasion on woody or tufted species, both may be displaced in the long term through
the suppression of recruits (Flory and Clay 2010b). Importantly, I did not detect
significant interactive effects of nutrient enrichment and invasion on any of the growth
forms. Although the role of plant growth form in mediating community responses to
invasion has been recognised previously (Mason et al. 2009, Flory and Clay 2010b), to
our knowledge this study is the first to show that such differential functional responses
to invasion are not dependent upon resource availability.
5.4.3. Management implications
Our results indicate that the impacts of invasion are moderated by intrinsic
community attributes more so than resource availability. Our results highlight the
importance of considering native species functional identity when predicting the
trajectory of community change in response to invasion. In the case of S. secundatum,
runner species (especially those with short-distance dispersal capabilities) may require
assisted reintroduction upon S. secundatum removal, through either the addition of
propagules or seedlings, as this functional group is likely to exhibit more rapid species
losses in response to invasion than either woody or tufted species. Furthermore, woody
species, which are long lived and have a similar richness and density of soil-stored
propagules between S. secundatum-invaded and non-invaded forest (Gooden and
French 2014a), may dominate regenerating vegetation following S. secundatum removal
and suppress the recolonisation by herbaceous runners through pre-empting available
resources. Long term monitoring will be required to ensure that runner species gain
sufficient representation in the regenerating standing vegetation following invader
removal.
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Table 5.7. Results of two-way repeated measures ANOVAs for effects of Stenotaphrum invasion and soil temperature, light penetration to soil and bare ground cover.
Statistically significant values are in bold.

Variable category a

Wilks' Lambda multivariate test (within treatment effects)

Between treatment effects

Response variable

Figure
reference

Time

Time ×
Invasion

Time ×
Nutrient

Mean monthly min

F7,14 = 696.34

F7,14 = 1.01

F7,14 = 0.87

Mean monthly max

F7,14 = 179.87

F7,14 = 0.19

PAR

F6,23 = 192.54

Bare ground % cover

F10,19 = 60.33

Time ×
Invasion ×
Nutrient

Invasion

Nutrient

Invasion ×
Nutrient

F7,14 = 0.42

F1,20 = 4.97

F1,20 = 0.29

F1,20 = 0.10

Fig. 5.3

F7,14 = 1.28

F7,14 = 0.20

F1,20 = 1.48

F1,20 = 10.31

F1,20 < 0.01

Fig. 5.3

F6,23 = 0.47

F6,23 = 1.43

F6,23 = 0.55

F1,28 = 0.34

F1,28 = 1.14

F1,28 = 0.03

Fig. 5.4

F10,19 = 1.28

F10,19 = 0.56

F10,19 = 0.94

F1,28 = 0.51

F1,28 = 3.39

F1,28 = 0.93

Fig. 5.4

Soil temperature (oC)

a

PAR: % light penetration to soil surface.
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Chapter 6: GENERAL DISCUSSION
6.1. Research framework
It is well-known that alien plant invaders significantly threaten the diversity and
ecological function of native plant communities. Recent research has shown that
impacts of invasion are dependent upon invader attributes as well as the biogeographical
and historical context of the invaded community. Furthermore, knowledge about the
mechanisms by which invaders reduce species diversity is scare. Much research has
focussed on either direct competitive effects of invaders on resident natives (usually at
fine scales, Vilà and Weiner 2004) or disrupted ecosystem processes, such as the
frequency and severity of fires, which indirectly suppress native vegetation (D'Antonio
and Vitousek 1992, Levine et al. 2003). Invaders can also replace native plant
populations by limiting their recruitment (Yurkonis and Meiners 2004, Yurkonis et al.
2005, Ens and French 2008), although the point in the life history of native plants that is
disrupted by invasion, subsequently driving recruitment limitation, is poorly understood
(Ens and French 2008).
I aimed to address these key gaps within the literature, using the model system
of invasion of a highly fragmented and endangered coastal swamp forest of eastern
Australia by the stoloniferous turf-grass, Stenotaphrum secundatum. First, I used
spatially-extensive, quantitative field surveys of both the standing vegetation and soil
seed bank to examine compositional changes to the swamp forest community in
response to invasion across a gradient of anthropogenic landscape modification
(Chapters 2 & 3). I then sought to determine the likely mechanism by which S.
secundatum invasion disrupts native plant populations, with a focus on recruitment
limitation (Chapter 4). Finally, I used a community-scale mesocosm experiment to test
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whether effects of invasion on native plant productivity, fitness and community
diversity are dependent upon nutrient enrichment as a result of coastal landscape
modification (Chapter 5). In each case, I explicitly examined whether the effects of
invasion and landscape context depend upon functional attributes of the resident native
plants, focussing on growth form, mode of dispersal and nutrient acquisition strategy.
6.2. Are invasive plant impacts mediated by landscape context and/or native plant
functional attribute?
Invasion by S. secundatum was associated with a reduction in native plant
species richness within both the standing vegetation and seed bank, which led to overall
shifts in the composition of the swamp forest community (Chapters 2 and 3). These
findings thus support the wealth of existing evidence that alien plant invaders
significantly threaten the biodiversity of indigenous plant communities (Vilà et al. 2011,
Pyšek et al. 2012). Simulated invasion of S. secundatum into experimental mesocosm
plots reduced native vegetation abundance, although no impacts were detected on native
plant species richness or reproductive output (Chapter 5). Unexpectedly, disturbances
within the community (e.g. fire severity, nutrient enrichment, canopy openness) and
surrounding landscape matrix (e.g. urbanisation) had no effect on species diversity or
composition of the forest community. Although this endangered swamp forest has been
limited in spatial extent by urban expansion (Tozer et al. 2010), my results indicate that
urbanisation has little effect on the diversity and composition of remnant forest patches.
Landscape context and disturbance as a result of nutrient enrichment did not
moderate the effects of S. secundatum on the native plant community (Chapters 2, 3 &
5). In both the standing vegetation and seed bank, the strongest predictor of a decline in
the number and abundance of resident native plant species was S. secundatum invasion.
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I had, in fact, predicted that the rate of native species loss in response to invasion would
increase with cover of anthropogenic land use in the surrounding landscape matrix (i.e.
synergistic effects, Didham et al. 2007). Likewise, I had predicted that a high cover of
indigenous vegetation in the matrix would buffer invaded forest patches against species
losses, possibly through the maintenance of pollinator and disperser networks and high
rates of arrival of immigrant propagules (Steffan-Dewenter et al. 2002, Kremen et al.
2007, Herrera and Garcia 2010). My findings suggest that there is no particular
landscape context in which species are more or less likely to be impacted by S.
secundatum invasion and, more generally, alien plant invasion can pose a greater threat
to native biodiversity than habitat disturbances across modified landscapes.
I found that impacts of S. secundatum invasion were non-random within the
forest community and depended upon functional attributes of the resident native plants.
Specifically, species losses were restricted to native herb and graminoid species that are
either dispersed by animals or over short distances. Woody plants and those dispersed
passively over long distances by wind and water were unaffected by invasion (Chapter
3). Similarly, I found that invasion competitively reduced the abundance of native
runner species, but had no effect on functionally dissimilar tufted and woody species
(Chapter 4). These results support the fundamental ecological theories of niche
differentiation and competitive exclusion in community assembly, since invasion by S.
secundatum (itself a stoloniferous, turf-forming grass with a shallow, extensive root
system) resulted in the loss of functionally similar, ground-layer herb and graminoid
species. Woody species may be resilient to invasion due to fundamental differences in
niche requirements, such as nutrient and light acquisition and rooting depth. This result
supports Mason et al.’s (2009) meta-analysis, which showed that graminoid invaders
have no discernible effect on the richness of native shrub and tree species within
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invaded communities. Furthermore, my research strongly suggests that attributes of the
invaded community are more important than landscape-scale features in predicting the
impacts of alien plant invasion on native biodiversity. Future studies should therefore
consider native plant functional responses at fine scales as well as extrinsic landscape
features when modelling invasive plant impacts on native communities.
It is well-known that a reduction in the number of resident plant species within a
community alters key ecosystem processes, such as productivity and nutrient cycling
(Symstad et al. 1998, Tilman 1999), and reduces a community’s resilience to
environmental perturbations (Elmqvist et al. 2003). It has also been shown that plant
functional diversity is at least as important as simply the overall number of resident
plants in moderating such ecosystem processes. In a classic example by Tilman et al.
(1997), experimental manipulation of plant species richness, functional group richness
and relative functional group abundance (i.e. composition) within grassland plots of
North America showed that several ecosystem parameters (plant productivity, plant N,
soil N and light penetration) were dependent upon functional group diversity and
composition rather than simply the number of constituent species within the
community. Specifically, it was found that as functional diversity (but not species
diversity) increased, the availability of light and soil nutrients significantly decreased
and plant productivity and tissue N increased. This demonstrated that the species
component of diversity may be less important than the functional group component in
regulating ecosystem processes. The non-random, differential plant species losses
amongst functional groups in response to S. secundatum invasion may thus have
broader consequences for ecosystem processes. In the context of invasion ecology,
future studies should therefore focus on the consequences of such differential species
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losses on ecosystem function, rather than simply focussing on changes in absolute
species numbers.
6.3. Recruitment limitation as a mechanism of invader impacts
My results indicate that S. secundatum invasion disrupts native plant populations
by limiting native plant recruitment. I have shown that invasion is associated with
substantial reductions in native plant recruit density (Chapter 2), flowering effort and
reproductive output (Chapter 4). However, despite this, seed banks for most species
were only moderately affected by invasion, and most native plants were wellrepresented within the seed bank (Chapters 3 & 4). This indicates that recruitment is
largely limited by invasion through the disruption of post-settlement recruit emergence
from the seed bank rather than a reduction in the supply of propagules to invaded sites.
These results are consistent with several recent studies (Mason et al. 2007, Ens and
French 2008, Morales-Romero and Molina-Freaner 2008). However, my results suggest
that the relative importance of pre and post-settlement mechanisms of recruitment
limitation depends on a species’ mode of dispersal (Chapter 3 & 4). Specifically, I
found that species dispersed either short distances or by animal vectors were more likely
to be unrepresented in invaded seed banks than those dispersed passively over long
distances by wind or water. Future studies should thus consider dispersal attributes of
species when predicting community responses to invasion.
An important limitation of this study is that I did not explicitly examine the
mechanisms by which S.secundatum invasion limits post-settlement seedling
emergence. Based on my results as well as experiments done elsewhere on invasive
grasses (e.g. Lenz et al. 2003, Reed et al. 2005, Farrer and Goldberg 2009), I
hypothesise that S.secundatum limits seed germination by increasing the density of leaf
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litter at the soil surface. An increase in alien litter can modify the abiotic conditions (e.g.
light, temperature, soil moisture; Evans et al. 2001, Allison and Vitousek 2004,
Coleman and Levine 2007), networks of soil microbes and seed predators (e.g. Reed et
al. 2006, Holly et al. 2009, Wolkovich 2010) and nutrient inputs (e.g. Evans et al. 2001,
Allison and Vitousek 2004, Lindsay and French 2005) required for propagule
germination and seedling growth. These conflicting mechanisms could be tested using
leaf litter removal or addition experiment (e.g. Lenz et al. 2003, Coleman and Levine
2007). Likewise, the mechanism by which invasion limits arrival of animal-dispersed
propagules to invaded sites could be gleaned by examining rates of site occupancy by
native mammals and birds and differences in the resources required by these vectors
(e.g. roosting sites and desirable forage) between invaded and non-invaded forest
patches. These results highlight the importance of understanding animal-plant networks
within the context of invasive plant impacts. Future priorities for the management of
invaded communities should also focus on reinstating ecosystem networks to achieve
biodiversity gains in restoration.
6.4. Future research priorities
There are several avenues for future research that are highlighted by this thesis.
With regards to S.secundatum, there is no information on the mechanisms by which this
species invades indigenous stands of forest and similar types of coastal vegetation, such
as dunes and marshes. It is likely that invasion success is associated with historical
disturbances of the forest and surrounding landscape matrix and propagule pressure, but
the putative source of such propagules is unknown. There are at least two distinct
genetic lineages of naturalised S.secundatum populations within Australia: (1) a fertile
diploid lineage, from which most commercial cultivars grown in Australia as urban turfs
156

have been derived and (2) a sterile triploid variety from South Africa (Loch et al. 2009).
If invasive populations are diploid, they are likely to have been derived recently from
cultivated, urban turfs (i.e. lawns), either as seed or from illegally-dumped garden
clippings. However, if triploid, they are likely to have been present for many decades
and derived from the sterile variety introduced to Australia from South Africa in the
middle of the 18th Century (Sauer 1972). Given that I found very few S.secundatum
propagules within the seed bank and that many extensively-invaded patches of forest
were embedded within non-urbanised landscapes, I predict that invasive populations are
derived from the infertile variety. Understanding the factors that drive the spread of
S.secundatum will enable the identification of communities and landscape contexts most
at risk of future incursions.
More broadly, future research will be needed to determine the relative
importance of landscape context and native plant functional identity for native
community responses to invasion. It is likely that landscape context mediates invader
impacts for many other invasive plants. Likewise, further research will be needed to test
whether differential native plant functional responses to invasion depend in turn on the
functional attributes of the invader itself. This has been examined for growth forms only
(Mason et al. 2009), but should be extended in to other attributes, including
reproductive and dispersal strategies. This will enable generalisations of invasive plant
impacts to be formed at a global scale (Pyšek et al. 2012)
6.5. Conclusion
My thesis has clearly shown that alien plant invasion significantly threatens the
diversity and composition of native plant communities. My research suggests that
populations of most native plants are disrupted by post-settlement recruitment
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limitation. Importantly, I demonstrated that invader impacts are independent of
landscape context and associated anthropogenic disturbances, such as nutrient
enrichment. I found, rather, that community responses to invasion depend upon the
functional identity of the resident native plant species. Functional attributes of recipient
communities should therefore be integrated into future predictive frameworks for
invasive plant impacts. Likewise, land managers must consider differential functional
responses amongst native plants when designing restoration strategies. Assisted
reintroductions by land managers to invaded sites may be required for some functional
groups to gain representation in restored communities.
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APPENDICES
Appendix 1. Determining the contribution of Stenotaphrum secundatum to leaf
litter biomass in invaded swamp forest
The primary vegetation surveys revealed that sites invaded by S. secundatum
had about twice the volume of litter than native reference sites. It remained unclear,
however, whether this increase in the volume of space occupied by litter was due to an
increase in the mass of litter or, rather, changes to the architecture of the litter layer (i.e.
had the mass of litter remained constant, but had the litter layer become less dense?).
Furthermore, if indeed invasion was associated with an increase in the litter mass, it was
unknown whether this extra litter was derived from S. secundatum or an increase in the
supply of native litter.
We asked:
1. Do S. secundatum-invaded sites have a greater biomass (kg.m-2) of leaf litter
than native reference sites?
2. If so, is this extra litter derived from S. secundatum or additional native litter?
We sampled leaf litter from four extensively invaded swamp forest locations, where
the size of S. secundatum patches exceeded 1 ha and the foliage cover of S. secundatum
within each patch was ≥ 80% (Puckeys: 34°24'25.10"S, 150°53'50.90"E; Kioloa:
35°32'46.50"S, 150°22'56.50"E; Nangudga: 36°14'48.21"S, 150° 8'15.45"E and
Wallaga Lake: 36°21'56.10"S, 150° 4'7.80"E). Litter was defined as dead leaf and stem
(diameter ≤ 20 mm) material that is detached from living vegetation. Litter was sampled
from within six 1 m × 1 m plots at each location – three plots within S. secundatum
infestations and three plots within adjacent non-invaded vegetation. Invaded plots were
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located in the centre of infestations (at least 5 m from the edge of each S. secundatum
patch), native plots were located at least 10 m from the edge of infestations, and all
plots were separated by at least 20 m. Litter was separated into litter derived from native
vegetation (the bulk of which was derived from the dominant canopy tree Casuarina
glauca) and S. secundatum, oven dried at 60 °C for one week and then weighed (± 0.01
g). Biomass was expressed as kg.m-2.
We used two-way analyses of variance (ANOVAs) to detect the variation in (1)
native litter biomass and (2) total (native + S. secundatum) litter biomass between native
and invaded plots (fixed factor) and amongst the four locations (random factor).
The biomass of native litter varied significantly amongst locations, but not between
invaded and native plots (Table A1). The total biomass of litter (i.e. native and S.
secundatum litter combined) was significantly greater in invaded than native plots, and
also varied amongst locations. However, the effects of invasion on total litter biomass
did not vary across locations (as indicated by the non-significant interaction term in the
model).
Invasion by S. secundatum is associated with increased accumulation of leaf litter.
Since the mass of native litter remained constant between invaded and native plots, I
conclude that the additional litter was derived from S. secundatum. Thus, S. secundatum
invasion modifies litter regimes of the swamp forest by directly increasing rates of litter
accumulation.
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Table A1. Results of two-way ANOVA for native and total (native + S. secundatum) litter biomass
(kg.m-2) in response to S. secundatum invasion (fixed factor) and location (random factor).

Model source
Predictor variable
Native litter
Model
Invasion
Location
Invasion*Location
Error
Total litter
Model
Invasion
Location

DF

SS

F

P*

r2

7
1
3

0.0686
0.0128
0.0468

2.9308
4.2398
4.6666

0.0355
0.1316
0.0158

0.4529

3
16

0.0090
0.0535

0.9000

0.4628

7
1
3

0.2743
0.0383
0.2041

11.2813
11.0197
3.5925

<0.0001
0.0043
0.0371

Invasion*Location
3
0.0320
3.0674
Error
16
* Values in bold indicate statistical significance

Direction of response

(Nangudga = Wallaga =
Puckeys) > Kioloa

0.8315
Invaded > Native
(Nangudga = Wallaga)
> (Puckeys = Kioloa)

0.0580
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Appendix 2. Details of data analysis (multicollinearity and construction of general
linear models).
The assessment of multicollinearity amongst predictor variables consisted of
three stages. First, prior to the construction of GLMs, multicollinearity amongst the
continuous predictor variables (not including invasion category) was assessed by
constructing a matrix of Pearson correlation coefficients. Second, t-tests were performed
to determine whether any of these continuous predictors varied significantly between
invaded and native sites. This was an important step in determining whether the effects
of S. secundatum invasion on the native community were confounded by any of the
environmental and disturbance characteristics of the swamp forest and surrounding
landscape. Third, variance inflation factors (VIFs) were calculated for those predictors
(both main effects and interaction terms) included in the reduced best-fit model.
Predictors with VIF values less than “10” were considered to provide strong and
independent estimates of the response variable, and were thus retained in the final
reduced model.
Normality of the data was assessed by inspecting plots of studentised residuals
and performing the Shapiro-Wilk test. Homogeneity of variance amongst means was
tested using Cochran’s C test. Data were square root or log (x + 1) transformed as
necessary to conform to these assumptions. Influential data points and outliers were
identified by calculating Cook’s distances and inspecting plots of studentised residuals,
respectively. Only one influential data point was detected: the number of dead trees and
shrubs in a native site located at the northern section of the study region (site code:
Bellambi #1), which generally had greater than 10 times the number of dead trees and
shrubs than other sites. Removal of this site from the model resulted in an improvement
of the fit, which was confirmed by an inspection of R2 and AIC values.
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Pearson correlation coefficients revealed that six variables (i.e. community
native richness, upper-canopy cover, density of living trees, matrix anthropogenic cover
and latitude) were strongly correlated with most other environmental and disturbance
covariates but, importantly, not amongst one another (Table A1). These six variables
were thus considered to provide independent estimates within the GLMs and good
surrogates for all other predictors in the models. Likewise, the other predictors were
considered to be redundant and not included in the models. A further three variables
(i.e. survey date, ground-layer cover and dead tree density) were included in the models
as these were uncorrelated with any other predictors. Furthermore, t-tests showed that
none of the predictors, with the exception of leaf litter volume and biomass, varied
significantly between invaded and native sites.
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Table A2. Correlation matrix of continuous predictor variables used to construct general linear models of alien and native species richness and abundance in coastal swamp
forest invaded by the alien turf grass, S. secundatum. Values are Pearson correlation coefficients (n = 63). Values in bold indicate significant correlations between pairs of
predictors.
Predictor variable
code

LIT

NC

AC

% GC

%S

% MC

% UC

# LT

# DT

F

% MV

% MU

% MAG

% MAN

# NAT_COMM

-0.36

# ALIEN_COMM

-0.14

0.18

% GROUND_COVER

0.21

-0.05

0.04

% SHRUB

0.04

0.30

-0.12

0.05

% MID_CANOPY

0.20

-0.10

-0.02

0.09

-0.02

% UPPER_CANOPY

-0.10

0.13

0.22

-0.10

-0.15

-0.39

# LIVE_TREE

-0.04

-0.21

-0.18

-0.02

-0.21

0.44

-0.23

# DEAD_TREE

-0.15

-0.20

-0.15

-0.21

-0.06

-0.07

-0.09

0.05

FIRE

-0.01

0.05

-0.20

-0.05

0.10

-0.23

0.00

-0.30

0.14

% MAT_VEG

-0.14

0.20

-0.46

-0.17

0.27

-0.09

-0.17

-0.11

-0.02

0.47

% MAT_URBAN

-0.06

-0.10

0.53

-0.06

-0.03

-0.21

0.16

-0.03

0.07

-0.29

-0.54

% MAT_AGRI

-0.17

-0.02

0.01

-0.05

-0.16

-0.30

0.17

-0.24

0.08

0.13

0.17

-0.35

% MAT_ANTHROP

-0.13

-0.12

0.57

-0.09

-0.11

-0.35

0.25

-0.13

0.12

-0.25

-0.49

0.90

0.08

LATITUDE

0.21

0.03

-0.43

0.04

-0.01

0.11

0.15

0.04

0.10

0.07

0.17

-0.53

0.15

-0.50

COLLECTION

0.20

0.01

-0.03

0.01

0.23

0.08

0.13

-0.10

-0.17

-0.08

-0.06

-0.07

-0.10

-0.14

LAT

0.07

LIT = LITTER_VOLUME; # NC = # NAT_COMM; # AC = # ALIEN_COMM; % GC = % GROUND_COVER; % S = % SHRUB; % MC = % MID_CANOPY; % UC = % UPPER_CANOPY;
# LT = # LIVE_TREE; # DT; = # DEAD_TREE; F = FIRE; % MV = % MAT_VEG; % MU = % MAT_URBAN; % MAG = % MAT_AGRI; % MAN = % MAT_ANTHROP; LAT = LATITUDE
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Appendix 3. List of native and alien vascular plant species recorded from
Stenotaphrum secundatum-invaded and non-invaded 2 m × 2 m survey plots.
Values are average foliage cover abundance (%) and percentage of sites occupied.
Species origin
Family
Species

Native sites
(n = 31)

Invaded sites
(n = 32)

Mean
cover
(%)

Sites
occupied
(%)

Mean
cover
(%)

Sites
occupied
(%)

0.10

9.38

0.22

9.38

0.00

0.00

0.07

3.13

1.03

21.88

0.80

18.75

0.11

12.50

0.63

12.50

0.01
0.01

6.25
3.13

0.00
0.01

0.00
3.13

0.11

3.13

0.00

0.00

0.07
0.04
0.00

6.25
3.13
0.00

0.00
0.00
0.23

0.00
0.00
6.25

0.00

0.00

1.12

15.63

0.12

3.13

0.04

6.25

0.01

3.13

0.00

0.00

Crassula sarmentosa var. sarmentosa Harv.
Iridaceae
Watsonia meriana (L.) Mill.
Juncaceae

0.07

3.13

0.03

3.13

0.00

0.00

0.01

3.13

Juncus acutus L.
Myrsinaceae
Anagallis arvensis L.
Poaceae
Ehrharta erecta Lam.

0.11

3.13

0.04

3.13

0.00

3.13

0.00

0.00

0.42

12.50

0.09

9.38

Pennisetum clandestinum Hochst. ex Chiov.
Setaria pumila (Poir.) Roem. & Schult.
Rosaceae
Rubus fruticosus L. species aggregate
Rubiaceae

0.16
0.02

6.25
3.13

0.17
0.00

6.25
0.00

0.00

0.00

0.08

3.13

0.03

3.13

Alien
Apiaceae
Hydrocotyle bonariensis Lam.
Apocynaceae
Araujia sericifera Brot.
Asparagaceae
Asparagus aethiopicus L.
Asparagus asparagoides (L.) Druce
Asteraceae
Aster subulatus Michx.
Bidens pilosa L.
Chrysanthemoides monilifera subsp. rotundata
(DC.) Norl.
Cirsium vulgare (Savi) Ten.
Conyza bonariensis (L.) Cronquist
Delairea odorata Lem.
Commelinaceae
Tradescantia fluminensis Vell.
Convolvulaceae
Ipomoea indica (Burm.f.) Merr.
Crassulaceae
Crassula multicava Lem.

Coprosma repens A.Rich.

0.00
0.00
Continued over page…

202

Species origin
Family
Species

Native sites
(n = 31)

Invaded sites
(n = 32)

Mean
cover
(%)

Sites
occupied
(%)

Mean
cover
(%)

Sites
occupied
(%)

0.00
0.04

6.25
3.13

0.00
0.00

0.00
0.00

0.03

6.25

0.02

3.13

0.00

3.13

0.00

0.00

0.24

15.63

0.16

6.25

2.28
0.05

18.75
3.13

0.04
0.00

3.13
3.13

0.11
0.00

9.38
3.13

0.00
0.00

0.00
0.00

0.08
1.78

3.13
40.63

0.00
1.00

0.00
12.50

Tylophora barbata R.Br.
Asteraceae
Centipeda minima subsp. minima (L.) A.Braun
& Asch.
Lagenophora gracilis Steetz

0.00

0.00

0.00

3.13

0.05

3.13

0.00

0.00

0.02

9.38

0.00

0.00

Leptinella longipes Hook.f.
Senecio linearifolius A.Rich.
Senecio spp.
Brassicaceae
Cardamine microthrix I.Thomps.

0.29
0.01
0.02

6.25
3.13
3.13

0.00
0.00
0.00

0.00
0.00
0.00

0.01

3.13

0.00

0.00

0.01

6.25

0.00

0.00

0.31

18.75

0.07

6.25

Enchylaena tomentosa R.Br.
Rhagodia candolleana subsp. candolleana Moq.
Sarcocornia quinqueflora subsp. quinqueflora
(Bunge ex Ung.-Sternb.) A.J.Scott
Commelinaceae

0.00
1.66

3.13
3.13

0.00
0.00

0.00
0.00

0.46

6.25

0.00

0.00

Commelina cyanea R.Br.
Convolvulaceae
Calystegia marginata R.Br.

0.13

15.63

0.06

15.63

0.22

6.25

Solanaceae
Solanum nigrum L.
Solanum pseudocapsicum L.
Verbenaceae
Lantana camara L.
Native
Acanthaceae
Pseuderanthemum variabile (R.Br.) Radlk.
Aizoaceae
Tetragonia tetragonioides (Pall.) Kuntze
Apiaceae
Apium prostratum Labill. ex Vent.
Centella asiatica (L.) Urb.
Hydrocotyle peduncularis R.Br. ex A.Rich.
Trachymene incisa Rudge
Apocynaceae
Marsdenia rostrata R.Br.
Parsonsia straminea var. glabrata Pichon

Caryophyllaceae
Stellaria flaccida Hook.
Casuarinaceae
Casuarina glauca Sieber ex Spreng.
Chenopodiaceae

0.00
0.00
Continued over page…
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Species origin
Family
Species

Native sites
(n = 31)

Invaded sites
(n = 32)

Mean
cover
(%)
1.52

Sites
occupied
(%)
21.88

Mean
cover
(%)
0.00

Sites
occupied
(%)
0.00

21.05
0.96

37.50
12.50

2.22
0.00

12.50
0.00

Carex longebrachiata Boeck.
Ficinia nodosa (Rottb.) Goetgh. et al.
Gahnia clarkei Benl
Gahnia melanocarpa R.Br.

1.49
0.03
1.18
0.27

6.25
3.13
9.38
3.13

0.00
0.00
0.00
0.00

0.00
0.00
0.00
0.00

Isolepis inundata R.Br.
Lepidosperma laterale R.Br.
Schoenoplectus validus (Vahl) A.Löve &
D.Löve
Dennstaedtiaceae
Hypolepis muelleri N.A.Wakef.

0.00
0.10

3.13
3.13

0.00
0.00

0.00
0.00

0.07

3.13

0.00

0.00

2.45

9.38

0.00

0.00

0.32

6.25

0.00

0.00

0.02

3.13

0.00

0.00

0.01

3.13

0.00

0.00

0.03

3.13

0.00

0.00

0.09

9.38

0.00

0.00

Desmodium varians (Labill.) G.Don
Glycine clandestina J.C.Wendl.
Glycine microphylla (Benth.) Tindale
Geraniaceae

0.03
0.01
0.09

3.13
3.13
3.13

0.00
0.00
0.00

0.00
0.00
0.00

Geranium homeanum Turcz.
Goodeniaceae
Goodenia ovata Sm.
Selliera radicans Cav.
Haloragaceae

0.04

6.25

0.00

0.00

0.23
10.34

3.13
28.13

0.00
0.88

0.00
9.38

0.04

3.13

0.00

0.00

Dichondra repens J.R.Forst. & G.Forst.
Cyperaceae
Baumea juncea (R.Br.) Palla
Carex appressa R.Br.

Dennstaedtiaceae
Pteridium esculentum (G.Forst.) Cockayne
Dilleniaceae
Hibbertia scandens (Willd.) Gilg
Euphorbiaceae
Chamaesyce dallachyana (Baill.) D.C.Hassall
Fabaceae
Acacia longifolia subsp. sophorae (Labill.)
Court
Desmodium gunnii Benth. ex Hook.f.

Gonocarpus teucrioides DC.
Juncaceae
Juncus kraussii subsp. australiensis (Buchenau)
Snogerup
Juncus usitatus L.A.S.Johnson

4.59

25.00

1.94

28.13

0.26

3.13

0.00

0.00

Juncaginaceae
Triglochin microtuberosa Aston
Triglochin procera R.Br.

0.05
0.01

3.13
3.13

0.00
0.00
0.00
0.00
Continued over page…
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Species origin
Family
Species

Native sites
(n = 31)

Invaded sites
(n = 32)

Mean
cover
(%)
3.02

Sites
occupied
(%)
12.50

Mean
cover
(%)
0.00

Sites
occupied
(%)
0.00

0.01
0.00

3.13
0.00

0.00
0.00

0.00
3.13

0.02

3.13

0.00

0.00

0.11

9.38

0.00

0.00

0.13

21.88

0.00

0.00

1.13

9.38

0.00

0.00

0.04

3.13

0.00

0.00

0.19

3.13

0.00

0.00

0.06

6.25

0.00

0.00

0.02
0.05

3.13
6.25

0.00
0.00

0.00
0.00

0.03

3.13

0.00

0.00

0.01
0.01

3.13
6.25

0.00
0.00

0.00
0.00

0.01

3.13

0.00

0.00

0.02

6.25

0.00

0.00

12.58
0.01

53.13
3.13

0.32
0.00

18.75
0.00

Entolasia marginata (R.Br.) Hughes
Entolasia stricta (R.Br.) Hughes
Imperata cylindrica P.Beauv.
Microlaena stipoides (Labill.) R.Br.
Oplismenus aemulus (R.Br.) Roem. & Schult.

0.37
0.16
0.01
1.89
1.48

15.63
6.25
6.25
25.00
28.13

0.00
0.00
0.00
0.00
0.01

0.00
0.00
0.00
0.00
3.13

Oplismenus imbecillis (R.Br.) Roem. & Schult.
Phragmites australis (Cav.) Trin. ex Steud.
Poa labillardierei Steud.

0.53
0.73
0.38

15.63
18.75
3.13

Triglochin striata Ruiz & Pav.
Lamiaceae
Clerodendrum tomentosum R.Br.
Plectranthus parviflorus Willd.
Lauraceae
Cassytha pubescens R.Br.
Lobeliaceae
Lobelia anceps L.f.
Pratia purpurascens (R.Br.) E.Wimm.
Lomandraceae
Lomandra longifolia Labill.
Luzuriagaceae
Eustrephus latifolius R.Br. ex Ker Gawl.
Geitonoplesium cymosum (R.Br.) A.Cunn. ex
Hook.
Menispermaceae
Stephania japonica var. discolor (Blume)
Forman
Myrtaceae
Eucalyptus robusta Sm.
Melaleuca ericifolia Sm.
Oleaceae
Notelaea longifolia Vent.
Oxalidaceae
Oxalis perennans Haw.
Oxalis rubens Haw.
Phyllanthaceae
Breynia oblongifolia Muell.Arg.
Pittosporaceae
Pittosporum undulatum Vent.
Poaceae
Cynodon dactylon (L.) Pers.
Echinopogon ovatus (G.Forst.) P.Beauv.

0.00
0.00
0.30
25.00
0.00
0.00
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Species origin
Family
Species

Native sites
(n = 31)

Invaded sites
(n = 32)

Mean
cover
(%)

Sites
occupied
(%)

Mean
cover
(%)

Sites
occupied
(%)

0.50

3.13

0.00

0.00

0.12

6.25

0.00

0.00

Ranunculus plebeius R.Br. ex DC.
Rosaceae
Rubus parvifolius L.
Rubiaceae

0.01

3.13

0.00

0.00

0.08

9.38

0.00

0.00

Galium propinquum A.Cunn.
Morinda jasminoides A.Cunn.
Solanaceae
Solanum prinophyllum Dunal
Solanum stelligerum Sm.

0.04
0.04

9.38
6.25

0.00
0.00

0.00
0.00

0.01
0.08

3.13
6.25

0.00
0.00

0.00
0.00

1.09

28.13

0.14

9.38

4.88

34.38

0.00

0.00

Pteridaceae
Adiantum aethiopicum L.
Ranunculaceae
Clematis aristata Ker Gawl.

Theophrastaceae
Samolus repens (J.R.Forst. & G.Forst.) Pers.
Violaceae
Viola hederacea Labill.
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Appendix 4. Native and alien plant species detected in surveys of Stenotaphrum secundatum-invaded and non-invaded coastal swamp
forest seed banks and standing vegetation along the south coast of NSW, Australia.
Dispersal strategies are assigned to native species detected within the seed bank only, whilst growth forms are assigned to both native and
alien species detected within both the seed bank and standing vegetation. Values for the seed bank are total number of germinants per species
summed across either invaded or native sites, as well as percentage of sites within which each species was detected. Values for the standing
vegetation are percentage of sites within which each species was detected and n = 26 (we do not present information on the abundance of each
species within the standing vegetation).
Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

0

0

0

0

0

4

Native
Acanthaceae
Pseuderanthemum variabile (R.Br.) Radlk.
Aizoaceae
Tetragonia tetragonioides (Pall.) Kuntze
Amaranthaceae
Alternanthera denticulata R.Br.

H
H

Wa

20

19

11

22

12

19

H

V (exo)

3

8

20

11

0

0
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

231
6
22
2
0

8
8
12
8
0

107
98
16
113
0

30
33
11
11
0

8
8
0
0
0

15
0
7
0*
4

C
C

0
0

0
0

0
0

0
0

19
8

37
0

H
H

Wa
Wa

0
0
2
3
0

0
0
4
4
0

2
1
0
3
2

4
4
0
7
4

0
0
0
0
0

0
0
0
0
0*

H
H
H
H
W

N
Wi
Wi
Wi

1
1
0
12
2

4
4
0
8
8

0
0
0
41
1

0
0
0
11
4

0
0
0
0
0

0
0
11
4
0

H

Wi

0

0

1

4

0

0

Apiaceae
Apium prostratum Labill. ex Vent.
Centella asiatica (L.) Urb.
Hydrocotyle peduncularis R.Br. ex A.Rich.
Hydrocotyle tripartita R.Br. ex A.Rich.
Trachymene incisa Rudge
Apocynaceae
Parsonsia straminea var. glabrata Pichon
Tylophora barbata R.Br.
Asteraceae
Asteraceae sp. 1
Asteraceae sp. 2
Asteraceae sp. 3
Centipeda minima (L.) A.Braun & Asch.
Eclipta platyglossa F.Muell.
Epaltes australis Less.
Euchiton gymnocephalus (DC.) Holub
Lagenophora gracilis Steetz
Leptinella longipes Hook.f.
Ozothamnus diosmifolius (Vent.) DC.
Pseudognaphalium luteoalbum (L.) Hilliard &
B.L.Burtt

H
H
H
H
H

Wa
N
Wa
Wa
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

Senecio diaschides D.G.Drury

H

Wi

No.
germinants
0

Senecio pinnatifolius A.Rich.
Senecio linearifolius A.Rich.
Brassicaceae
Cardamine microthrix I.Thomps.
Campanulaceae

W
W

Wi
Wi

2
3

8
8

1
4

4
15

0
0

0
0

0

0

0

0

0

4

Wahlenbergia gracilis (G.Forst.) A.DC.
Caryophyllaceae
Stellaria flaccida Hook.
Casuarinaceae

H

Wi

0

0

5

7

0

0

H

N

1

4

0

0

0

7

Casuarina glauca Sieber ex Spreng.
Chenopodiaceae
Atriplex australasica Moq.
Chenopodiaceae sp. 1
Chenopodium glaucum L.

W

Wi

150

88

200

89

8

11

H

Wa

H

V (endo)

23
1
112

4
4
15

0
16
64

0
11
30

0
0
0

0
0
0

Einadia trigonos (Schult.) Paul G.Wilson
Enchylaena tomentosa R.Br.
Rhagodia candolleana subsp. candolleana
Moq.
Sarcocornia quinqueflora (Bunge ex Ung.Sternb.) A.J.Scott
Commelinaceae
Commelina cyanea R.Br.

H
W

Wi

27
0

8
0

3
0

4
0

0
0

0*
4

0

0

0

0

0

4
7

H

W

% sites
occupied
0

No.
germinants
6

% sites
occupied
7

% sites
occupied
0

% sites
occupied
0

H

Wa

0

0

73

7

0

H

N

14

15

4

11

23

15
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

0
0

0
12

0
19

0
0

7
22

Convolvulaceae
Calystegia marginata R.Br.
Dichondra repens J.R.Forst. & G.Forst.
Cyperaceae
Baumea juncea (R.Br.) Palla
Bolboschoenus sp.

C
H

N

0
0

G
G

V (endo)
Wa

29
6

15
8

80
0

41
0

12
0

26
0*

Carex appressa R.Br.
Carex longebrachiata Boeck.
Carex sp.
Cyperus laevigatus L.

G
G
G
G

Wa
Wa
Wa
Wa

2
0
3
0

8
0
4
0

48
3
0
2

15
4
0
4

0
0
0
0*

11
7
0
0*

Cyperus lhotskyanus Boeck.
Cyperus polystachyos Rottb.
Cyperus sanguinolentus Vahl
Cyperus sp. 1
Cyperus sp. 2

G
G
G
G
G

Wa
N
Wa
Wa
Wa

2
372
5
1
9

8
27
4
4
4

0
477
91
0
0

0
26
4
0
0

0
0*
0
0
0

0
0*
0
0
0

Ficinia nodosa (Rottb.) Goetgh. et al.
Gahnia clarkei Benl
Gahnia melanocarpa R.Br.
Isolepis habra (Edgar) Sojak
Isolepis hookeriana Boeck.

G
G
G
G
G

Wi
N
Wa
Wa

0
37
0
27
0

0
15
0
23
0

3
2
0
640
14

4
4
0
26
19

0
0
0
0*
0

4
7
4
0
0

Isolepis inundata R.Br.
Isolepis platycarpa (S.T.Blake) Sojak

G
G

Wa
Wa

0
3

0
12

20
22

19
15

0
0

0
0
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Functional groupa

Species origin
Family
Species

Isolepis prolifera (Rottb.) R.Br.

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants
80

% sites
occupied
8

No.
germinants
15

% sites
occupied
4

% sites
occupied
0

% sites
occupied
0

0
0
4
0

31
0
3
38

7
0
4
4

0
0
0
0

0
4
0
0

G

Wa

Isolepis sp.
Lepidosperma laterale R.Br.
Schoenoplectus pungens (Vahl) Palla
Schoenoplectus sp.
Schoenoplectus validus (Vahl) A.Löve &
D.Löve
Schoenus apogon Roem. & Schult.
Schoenus maschalinus Roem. & Schult.
Euphorbiaceae
Chamaesyce dallachyana (Baill.) D.C.Hassall

G
G
G
G

Wa
V (endo)
V (endo)

0
0
1
0

G

V (endo)

23

4

88

11

0

4

G
G

Wa
Wa

1
18

4
8

21
0

7
0

0
0

0
0

H

A

2

8

1

4

0

4

Chamaesyce drummondii (Boiss.) D.C.Hassall
Fabaceae
Acacia binervata DC.
Acacia longifolia subsp. sophorae (Labill.)
Court
Desmodium gunnii Benth. ex Hook.f.
Desmodium varians (Labill.) G.Don
Glycine clandestina J.C.Wendl.
Glycine microphylla (Benth.) Tindale
Glycine tabacina (Labill.) Benth.

H

A

2

4

0

0

0

0

W

A

0

0

2

4

0

0

W

A

0

0

1

4

0

0

C
C
C
C
C

N
N

0
0
0
0
0

0
0
0
0
0

0
0
0
8
4

0
0
0
4
4

0
0
0
0
0

7
4
4
4
0

C

A

0

0

1

4

0

0

Kennedia rubicunda Vent.
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

Geraniaceae
Geranium homeanum Turcz.
Goodeniaceae
Goodenia ovata Sm.
Scaevola albida (Sm.) Druce
Selliera radicans Cav.
Haloragaceae
Gonocarpus teucrioides DC.
Haloragis sp.
Juncaceae
Juncus gregiflorus L.A.S.Johnson
Juncus kraussii subsp. australiensis
(Buchenau) Snogerup
Juncus planifolius R.Br.
Juncus prismatocarpus R.Br.
Juncus sp.

H

N

1

4

7

7

0

7

W
H
H

A
V (endo)
V (exo)

10
0
13

4
0
8

0
4
28

0
4
15

0
0
12

0*
0
19

H
W

N
N

0
0

0
0

3
3

4
4

0
0

4
0

G

Wa

0

0

12

4

0

0

G

Wa

221

58

787

52

27

22

G
G
G

Wa
Wa
Wa

2
5
0

4
4
0

1
34
8

4
7
4

0
0
0

0
0
0

G
G

Wa
V (exo)

380
0

42
0

656
1

48
4

0
0

4
0

0
0

0
0

0
0

0
0

0
0

4
4

8

12

24

4

0

Juncus usitatus L.A.S.Johnson
Luzula sp.
Juncaginaceae
Triglochin microtuberosa Aston
Triglochin procera R.Br.

G
G

Triglochin striata Ruiz & Pav.

G

Wa

7
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

0
0
4

0
4
0

0
4
0

0
0
8

4
0*
0

Lamiaceae
Clerodendrum tomentosum R.Br.
Mentha laxiflora Benth.
Plectranthus parviflorus Willd.
Lobeliaceae
Lobelia anceps L.f.
Pratia purpurascens (R.Br.) E.Wimm.
Lomandraceae
Lomandra longifolia Labill.
Luzuriagaceae
Eustrephus latifolius R.Br. ex Ker Gawl.
Geitonoplesium cymosum (R.Br.) A.Cunn. ex
Hook.
Menispermaceae
Stephania japonica var. discolor (Blume)
Forman
Moraceae
Ficus coronata Spin
Myoporaceae
Myoporum acuminatum R.Br.
Myrtaceae
Melaleuca ericifolia Sm.

W
H
H

N
V (endo)

0
0
2

H

V (endo)

339

46

573

59

0

7

0

0

0

0

0

22

0

0

4

11

0

11

C

0

0

0

0

0

4

C

0

0

0

0

0

4

G

A

C

V (endo)

0

0

1

4

0

4

W

V (endo)

0

0

1

4

0

0

2

4

2

4

0

0

1

4

0

0

0

7

W
W

Wi
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

0

0

0

0

0

4

Oleaceae
Notelaea longifolia Vent.
Oxalidaceae
Oxalis exilis A.Cunn.
Oxalis perennans Haw.
Oxalis rubens Haw.

W
H
H
H

B
B
B

38
158
16

12
65
12

22
248
1

19
70
4

0
0
0

0
4
7

Oxalis sp.
Phyllanthaceae
Breynia oblongifolia Muell.Arg.
Pittosporaceae

H

B

42

8

60

48

0

0

0

0

0

0

0

4

Pittosporum undulatum Vent.
Plantaginaceae
Veronica plebeia R.Br.
Poaceae
Cynodon dactylon (L.) Pers.
Digitaria aequiglumis (Hack. & Arechav.)
Parodi
Echinopogon ovatus (G.Forst.) P.Beauv.
Entolasia marginata (R.Br.) Hughes
Entolasia stricta (R.Br.) Hughes
Eragrostis sp.

W

Vert (end)

2

4

0

0

0

4

H

V (exo)

0

0

5

7

0

0

G

Wa

6

4

18

7

23

52

G

Wi

3

4

0

0

0

0

N
N
N

0
17
0
0

0
4
0
0

0
18
1
11

0
19
4
4

0
0
0
0

4
19
4
0

0

0

0

0

0

Imperata cylindrica P.Beauv.

W

G
G
G
G
G

4
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants
0

% sites
occupied
0

No.
germinants
9

% sites
occupied
7

% sites
occupied
0

% sites
occupied
0

Lachnagrostis filiformis (G.Forst.) Trin.

G

V (exo)

Microlaena stipoides (Labill.) R.Br.
Oplismenus aemulus (R.Br.) Roem. & Schult.
Oplismenus imbecillis (R.Br.) Roem. & Schult.
Paspalidium distans (Trin.) Hughes
Phragmites australis (Cav.) Trin. ex Steud.

G
G
G
G
G

N
V (exo)
V (exo)
N

0
17
1
0
0

0
15
4
0
0

3
67
0
3
0

11
41
0
4
0

0
8
0
0
27

22
30
15
0
15

Poa labillardierei Steud.
Poaceae sp.
Sporobolus virginicus (L.) Kunth
Polygonaceae

G
G
G

Wa
Wa
Wa

1
23
0

4
15
0

7
3
4

22
11
7

0
0
0

4
0
0

Rumex brownii Campd.
Ranunculaceae
Clematis aristata Ker Gawl.
Ranunculus plebeius R.Br. ex DC.
Rhamnaceae

H

Wa

3

4

0

0

0

0

C
H

N

0
0

0
0

0
2

0
4

0
0

7
4

W

V (endo)

0

0

6

4

0

0

0

0

0

0

0

7

Alphitonia excelsa (A.Cunn. ex Fenzl) Benth.
Rosaceae
Rubus parvifolius L.
Rubiaceae
Galium pripinquum A. Cunn.
Morinda jasminoides A.Cunn.

W
H
C

V (exo)

0

0

1

4

0

11

0

0

0

0

0

4
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

Scrophulariaceae
Bacopa monnieri (L.) Pennell
Mimulus repens R.Br.
Solanaceae
Solanum americanum Mill.
Solanum prinophyllum Dunal

H
H

V (endo)
Wa

24
15

15
12

45
17

19
30

0
0

0
0

H
H

V (endo)
V (endo)

1
0

4
0

0
1

0
4

0
0

0
4

Solanum stelligerum Sm.
Theophrastaceae
Samolus repens (J.R.Forst. & G.Forst.) Pers.
Typhaceae

H

0

0

0

0

0

7

H

Wa

37

19

104

30

15

22

Typha orientalis C.Presl
Ulmaceae
Trema tomentosa var. aspera (Brongn.)
Hewson
Violaceae
Viola hederacea Labill.

G

Wa/Wi

11

27

27

22

0

0*

W

V (endo)

4

8

3

7

0

0

H

A

9

12

12

22

0

33

H
C

2
0

4
0

0
0

0
0

23
15

26
15

H

0

0

0

0

0

Alien
Asparagaceae
Asparagus aethiopicus L.
Asparagus asparagoides (L.) Druce
Crassulaceae
Crassula multicava Lem.

4
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Functional groupa

Species origin
Family
Species

Crassula sarmentosa var. sarmentosa Harv.
Apiaceae
Cyclospermum leptophyllum (Pers.) Sprague
Hydrocotyle bonariensis Lam.
Asteraceae
Ageratina adenophora (Spreng.) R.M.King &
H.Rob.
Aster subulatus Michx.
Baccharis halimifolia L.
Bidens pilosa L.
Cirsium vulgare (Savi) Ten.
Conyza bonariensis (L.) Cronquist
Delairea odorata Lem.
Gamochaeta purpurea (L.) Cabrera
Senecio madagascariensis Poir.
Sonchus asper (L.) Hill
Sonchus oleraceus L.
Taraxacum officinale Weber
Commelinaceae
Tradescantia fluminensis Vell.
Convolvulaceae
Ipomoea indica (Burm.f.) Merr.

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

H

No.
germinants
0

% sites
occupied
0

No.
germinants
0

% sites
occupied
0

% sites
occupied
4

% sites
occupied
4

H
H

0
20

0
19

2
12

7
7

0
12

0
7

H/W

20

8

11

11

0

0

H/W
W
H
H

10
0
0
11

15
0
0
15

4
1
1
6

7
4
4
19

0
0
4
0

4
0
4
7

H
C
H
H
H

41
0
14
17
0

58
0
23
35
0

33
0
13
13
1

63
0
15
33
4

0
8
0
0
0

0
0
0
0
0

H
H

15
2

15
4

8
0

30
0

0
0

0
0

H

0

0

0

0

19

0

C

0

0

0

0

8

4
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

G
G
G

5
2
0

4
4
0

10
21
5

11
7
4

0
0
0

0
0
0

H

1

4

0

0

0

0

H
H

29
0

8
0

1
1

4
4

0
0

0
0

H

16

15

7

15

0

0

H

0

0

0

0

4

0

G

459

15

6

7

4

4

G
G

0
1

0
4

34
75

11
4

0
0

0
0

H

5

12

51

26

0

4

H

2

8

1

4

0

0

Cyperaceae
Cyperus brevifolius (Rottb.) Hassk.
Cyperus eragrostis Lam.
Isolepis marginata (Thunb.) A.Dietr.
Euphorbiaceae
Euphorbia peplus L.
Fabaceae
Medicago lupulina L.
Medicago polymorpha L.
Gentianaceae
Centaurium erythraea Rafn
Iridaceae
Watsonia meriana (L.) Mill.
Juncaceae
Juncus acutus L.
Juncus bulbosus L.
Juncus capillaceus Lam.
Myrsinaceae
Anagallis arvensis L.
Phytolaccaceae
Phytolacca octandra L.
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Functional groupa

Species origin
Family
Species

Growth
formb

Dispersalc

Seed bank

Standing vegetation

Invaded sites

Native sites

Invaded sites

Native sites

No.
germinants

% sites
occupied

No.
germinants

% sites
occupied

% sites
occupied

% sites
occupied

Plantaginaceae
Plantago major L.
Poaceae
Axonopus sp.
Bromus catharticus Vahl
Ehrharta erecta Lam.

H

2

8

5

7

0

0

G
G
G

3
0
82

4
0
15

2
1
14

4
4
15

0
0
12

0
0
15

Paspalum sp.
Pennisetum clandestinum Hochst. ex Chiov.
Stenotaphrum secundatum (Walter) Kuntze
Polygalaceae

G
G
G

5
0
24

12
0
31

1
4
0

4
4
0

0
8
n/a

0
7
n/a

Polygala myrtifolia L.
Rosaceae
Rubus fruticosus L. aggregate
Rubiaceae
Coprosma repens A.Rich.

W

4

4

0

0

0

0

W

1

4

4

7

4

0

W

0

0

0

0

0

4

H

1

4

0

0

0

0

H
H/W

1
2

4
8

0
11

0
7

0
0

0
0

H/W

59

69

34

37

0

7

Scrophulariaceae
Verbascum virgatum Stokes
Solanaceae
Physalis peruviana L.
Solanum chenopodioides Lam.
Solanum nigrum L.

Continued over page…

219

Species origin
Family
Species

Functional groupa
Growth
formb

Dispersalc

Seed bank
Invaded sites
No.
germinants

% sites
occupied

Standing vegetation
Native sites

No.
germinants

% sites
occupied

Invaded sites

Native sites

% sites
occupied

% sites
occupied

Verbenaceae
Lantana camara L.
W
0
0
0
0
4
4
Verbena bonariensis L.
H/W
9
8
2
7
0
0
a
Functional group information is provided only for native species present in the seed bank.
b
Growth form: C = Climber, G = Graminoid, H = Herb, W = Woody species.
c
Dispersal mechanism; Short distance: A = Ant, B = Ballistic, N = None; Long distance: V (endo) = Vertebrate endochory, V (exo) = Vertebrate exochory, Wa = Water, Wi =
Wind.
* Species unique to seed bank during initial site surveys but which emerged in the standing vegetation during subsequent site inspections.
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Appendix 5. Effects of Stenotaphrum secundatum invasion on soil nutrient (nitrate,
ammonia and phosphorous) concentrations.
I compared concentrations (mg. kg soil-1) of available Nitrogen (nitrate: NO3-;
ammonia: NH4+) and total Phosphorous between three S. secundatum-invaded and three
non-invaded 1 m × 1 m plots at each of five swamp oak floodplain forest patches on the
south coast of New South Wales (Puckeys Estate: 34° 24'25.20"S, 150° 53'46.60"E;
Commerong Island: 34° 51'56.70"S, 150° 44'46.10"E; Kioloa: 35° 32’50.70”S, 150°
22’53.38” E; Nangudga: 36°14'48.21"S, 150° 8'15.45"E; Wallaga Lake: 36°21'56.10"S,
150° 4'7.80"E). In total, samples were taken from 15 invaded and 15 non-invaded plots.
I randomly sampled five soil cores (diameter: 63 mm, depth: 100 mm) from each 1 m ×
1 m plot. Soil cores were bulked within each plot on site and thoroughly mixed. A
subsample (~ 100 g) of this homogenized soil was oven dried at 60°C for 7 days, then
sent for analysis to the Environmental and Analytical Laboratories at Charles Sturt
University, NSW, Australia. Available N and total P were determined using the KCl
extraction and the Colwell bicarbonate extraction tests, respectively.
I ran general linear mixed models to detect variation in soil nutrient concentrations for
each of the three nutrient types between invaded and non-invaded plots (fixed factor)
across sites (random factor). There was no significant difference in the concentration of
NO3- (F1,20 = 4.199, P = 0.110), NH4+ (F1,20 = 1.670, P = 0.266) or P (F1,20 = 0.148, P =
0.720) between invaded and non-invaded plots (Fig. A5). There was, however, a
significant and substantial variation in nutrient concentration amongst sites. The
concentration of NO3- ranged from
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Figure A5. Mean (± SE) available NH4+, NO3- and P (mg. kg soil-1) in plots invaded and not invaded by
Stenotaphrum secundatum.

Table A5. Mean (± SD) available N and total P concentrations (mg. kg soil-1) across five patches of
swamp oak floodplain forest of the south coast of NSW.
Sitea

Nutrient concentration (mg. kg soil-1)
NH4+

NO3-

Total P

259.50 (± 30.87)

12.63 (± 7.68)

31.73 (± 3.88)

40.33 (± 5.19)

2.00 (± 1.09)

17.10 (± 2.76)

Kioloa

475.67 (±55.83)

53.93 (± 24.38)

48.02 (± 4.09)

Nangudga

235.83 (± 27.38)

6.97 (±5.11)

24.47 (± 4.44)

Wallaga Lake

113.50 (± 39.31)

16.67 (± 10.69)

30.08 (± 10.79)

Puckeys
Commerong Island

a

Puckeys Estate, 34°24'25.20"S; 150°53'46.60"E; Commerong Island, 34°51'56.70"S;
150°44'46.10"E; Kioloa, 35°32'46.50"S; 150°22'56.50"E; Nangudga, 36°14'48.21"S;
150° 8'15.45"E and Wallaga Lake, 36°21'56.10"S; 150° 4'7.80"E)
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Appendix 6. Determination of nutrient enrichment concentrations within
mesocosm soil.
We first determined the concentration (mg. kg soil-1) of available Nitrogen
(NO3- and NH4+) and total Phosphorous within four non-invaded patches of swamp oak
floodplain forest on the south coast of New South Wales (Table A6.1). At each site I
sampled soil from five cores (diameter: 63 mm, depth: 100 mm) distributed randomly
within three 1 m × 1 m quadrats (total number of cores per forest patch = 15). Soil cores
were bulked within each quadrat on site and thoroughly mixed. A subsample (~ 100 g)
of this homogenized soil was oven dried at 60°C for 7 days, then sent for analysis to the
Environmental and Analytical Laboratories at Charles Sturt University, NSW,
Australia. Available N and total P were determined using the KCl extraction and the
Colwell bicarbonate extraction tests, respectively. I ran the same tests on soil extracted
from mesocosms prior to the introduction of the plant community, to determine the
amount of N and P that I needed to add to the soil in order to replicate field conditions.
The average (± SE) amount of available N (NH4+ and NO3- combined) and total
P within field soil were 151.70 (± 28.68) and 25.18 (± 3.25) mg. kg soil-1, respectively.
On average, soil from mesocosms contained approximately 90% less available N (i.e.
17.25 ± 2.59) and 75% less P (6.18 ± 1.18) than field soil.
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Table A6.1. Available N and total P concentrations (mg. kg soil-1) across four patches of swamp oak
floodplain forest of the south coast of NSW.
Locationa
Puckeys Estate

Commerong Island

Nangudga

Nutrient concentration (mg. kg soil-1)
Plot No.

NH4+

NO3-

Total P

1
2
3
1

209
228
170
36

0.49
0.60
0.69
0.53

33.5
49.3
22.3
22.9

2
3
1
2

62
37
130
316

7
3
7
0.12

27.6
12.4
15
11.7

3
1
2
3

207
0.98
39.4
Wallaga Lake
34
4
19.6
74
7
28.9
282
4
19.6
Mean
148.75
2.95
25.18
(± SE)
(± 29.04)
(± 0.81)
(± 3.25)
a
Puckeys Estate, 34°24'25.20"S; 150°53'46.60"E; Commerong Island,
34°51'56.70"S; 150°44'46.10"E; Nangudga, 36°14'48.21"S; 150° 8'15.45"E
and Wallaga Lake, 36°21'56.10"S; 150° 4'7.80"E).

Nutrients were added to mesocosm soil using a native slow-release fertiliser
(Scotts Osmocote Plus Trace Elements®). Based on the differences in nutrient
concentrations between the mesocosm and field soil, and the concentrations of N and P
within the fertilizer (N = 21.8% and P = 1.3%), I calculated the amount of fertilizer to
add to each mesocosm plot before plant communities were constructed, as well as at
each stage of nutrient enrichment (Table A6.2). Nutrient-enriched plots had twice the
concentration of fertiliser as nutrient-control plots (Table A6.2).
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Table A6.2. Concentrations of available N and total P applied to each mesocosm in nutrient-enriched and
nutrient-control treatments.
Fertiliser
Pb
Na
Activity
Date
®
(g Osmocote
(g. plot-1)
(g. plot-1)
. tank-1)
Simulation of field soil nutrient levels
(all plots).
First pulse of additional nutrient
(16 treatment plots).
Maintenance of field soil nutrient levels
(all plots).
Second pulse of additional nutrients
(16 treatment plots).

March 2012

496.14

108.16

1.86

June 2012

496.14

108.16

1.86

December 2012

248.07

54.08

0.93

December 2012

248.07

54.08

0.93

a

Total application of N for duration of experiment: nutrient-enriched = 93.73 g. m-2. plot-1, nutrientcontrol = 46.86 g. m-2. plot-1.

b

Total application of P for duration of experiment: nutrient-enriched = 5.59 g. m-2. plot-1, nutrientcontrol = 2.79 g. m-2. plot-1.

225

Appendix 7. Depth distribution of below-ground root biomass
We did a pilot study to determine the depth distribution of below-ground root
biomass within mesocosm tanks.
We randomly sampled root biomass from two rectangular cores (10 cm breadth
× 20 cm length × 60 cm depth) positioned randomly within each of seven mesocosm
tanks (total number of cores = 14). Soil was excavated to the base of each mesocosm
tank where woody plants were dominant to detect whether roots were present at a depth
greater than 60 cm; only very fine roots were detected, and only rarely. Each core was
divided into six 10 cm intervals (0-9, 10-19, 20-29, 30-39, 40-49 and 50-60 cm soil
depth). Roots were extracted from each depth interval by thoroughly rinsing them with
water through a 3 × 3 mm sieve to remove sand and soil, and then dried to constant
weight for 5 days at 60oC (mass recorded to ± 0.001 g). Differences in mean root
biomass across the different depth intervals were determined using analysis of variance.
Post-hoc differences amongst means were determined using the Tukey HSD test.
Root biomass varied significantly across the depth gradient, declining
exponentially with increasing depth (F5,72 = 17.318, P < 0.0001; Fig. A7). More than
two-thirds of the root biomass was contained within the first 9 cm of soil and over 80%
of root biomass occurred within the top 20 cm. Regression analysis showed that the root
biomass within the top 20 cm of soil significantly predicted both the root biomass
within the soil below 20 cm (F1,11 = 5.86, r2 = 0.35, P = 0.03) as well as the total root
biomass per core (F1,11 = 12.94, r2 = 0.54, P < 0.01).
We concluded that sampling of soil from within the top 20 cm of soil would
provide a robust estimate of the total root biomass within each mesocosm plot.
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Figure A7. Variation in mean (± SE) below-ground root biomass with increasing soil depth
(maximum depth 60 cm) in mesocosms (n = 14 per depth interval). Letters denote significantly
different means based on the post-hoc Tukey HSD test.
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Appendix 8. Photographs depicting the reproductive structures of the six focal
species examined in the mesocosm experiment.

Reproductive units were defined as (a) number of spikelet clusters (each
functionally separated by a subtending glumaceous bract) across all inflorescences per
plot for Themeda australis; (b-d) number of inflorescences per plot (each borne singly
upon a slender culm) for Carex appressa, Poa labillardieri and Cynodon dactylon; (e-f)
number of individual flowers per plot for Viola hederacea and Dichondra repens. Photo
credits: (a, d) B. Gooden; (b, f) http://johnwamsley.com; (c) D. Eddy,
www.dpi.nsw.gov.au/agriculture/pastures; (e) CSIRO, http://keys.trin.org.au/keyserver/data.
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Appendix 9. Estimation of Dichondra repens shoot biomass from percentage foliage
cover
Dichondra repens is a prostrate, stoloniferous herb whose leaves grow flat
against the soil surface, making it thus difficult to rapidly harvest shoot biomass without
disturbing the soil and root zone. I did a pilot study to determine whether Dichondra
foliage cover is a strong predictor and thus surrogate for shoot biomass.
Dichondra shoot cover was estimated using a point-intercept method: 20 × 20
cm quadrats, which were divided into a 1 cm grid of 400 intersecting points, were
randomly positioned 26 times across 15 mesocosm tanks (between 1 and 2 quadrats per
tank). The percentage of points under which Dichondra shoots occurred was then
calculated. Dichondra shoot biomass was harvested from each quadrat and dried to
constant mass at 60ºC for 72 hours. Regression analysis was then used to determine
whether biomass was related to the percentage shoot cover per quadrat.
There was a significant and very strong positive relationship between the
biomass and percentage shoot cover of Dichondra (F1,24 = 431.25, r2 = 0.95, P <
0.0001). As such, I concluded that percentage cover would be a sufficient surrogate for
biomass upon harvesting communities from the mesocosm plots.
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